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Abstract
Restoring wetlands will reduce nitrogen contamination from excess fertilization but estimates of the efficacy of the strategy vary widely. 
The intervention is often described as effective for reducing nitrogen export from watersheds to mediate bottom-level hypoxia 
threatening marine ecosystems. Other research points to the necessity of applying a suite of interventions, including wetland 
restoration to mitigate meaningful quantities of nitrogen export. Here, we use process-based physical modeling to evaluate the effects 
of two hypothetical, but plausible large-scale wetland restoration programs intended to reduce nutrient export to the Gulf of Mexico. 
We show that full adoption of the two programs currently in place can meet as little as 10% to as much as 60% of nutrient reduction 
targets to reduce the Gulf of Mexico dead zone. These reductions are lower than prior estimates for three reasons. First, net storage of 
leachate in the subsurface precludes interception and thereby dampens the percent decline in nitrogen export caused by the policy. 
Unlike previous studies, we first constrained riverine fluxes to match observed fluxes throughout the basin. Second, the locations of 
many restorable lands are geographically disconnected from heavily fertilized croplands, limiting interception of runoff. Third, daily 
resolution of the model simulations captured the seasonal and stormflow dynamics that inhibit wetland nutrient removal because 
peak wetland effectiveness does not coincide with the timing of nutrient inputs. To improve the health of the Gulf of Mexico efforts to 
eliminate excess nutrient, loading should be implemented beyond the field-margin wetland strategies investigated here.
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Significance Statement

The range in the amount of nitrogen potentially reduced by restoring wetlands across the Mississippi River Basin is explained by con-
sidering more realistic constraints on restoration. By considering new estimates of the locations where wetland restoration could oc-
cur, estimates of flow to groundwater from croplands, and differences in the seasonal timing of nitrogen removal activity in wetlands 
we estimate that export to the coast could decline by 6 to 27% compared to the 45 to 60% needed to support the marine ecosystem. The 
moderate levels of nitrogen reduction provide a range of best-case scenarios suggesting that a collection of interventions is needed to 
adequately solve the crisis of nutrient loading to our coasts.
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Introduction
Increasing coastal hypoxia results largely from riverine export of 
excess nutrients used for fertilization of row crops (1–4) and has 
the potential to fundamentally change marine habitats over the 
next millennium (5). Multiple models and methods show that 
the nutrient content in runoff from agricultural lands in the 
Mississippi/Atchafalaya River Basin must decline by half to begin 
reducing hypoxia in the Gulf of Mexico (6, 7). While comprehen-
sive management studies weigh the benefits of nutrient mitiga-
tion using multiple strategies and targeting hot spots of excess 
fertilizer application or manure production (8, 9), numerous 

studies identify wetland restoration as important to achieving 
the needed nutrient reduction targets (10–15).

To mitigate coastal hypoxia, field-margin interventions that 
intercept nitrogen-laden water between crop fields and streams, 

including in situ bioreactors (16, 17), riparian infiltration (18), 

and constructed wetlands are often cited as effective nutrient re-

duction strategies (19–23) as they exhibit high nutrient removal 

capacity, require low-to-moderate operational labor, and have 

numerous synergistic benefits such as carbon sequestration (24) 

and habitat building (25). Recent studies at continental scales to 

predict restoration effects show divergent estimates of nitrate 
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reduction in riverine exports from the Mississippi ranging from 
1.6% (8) to 54% (19). Several factors may explain the differences 
among prior estimates of wetland removal. The position of wet-
lands in the landscape (22, 26) constrain the amount of leachate 
a wetland may intercept. The distribution of transport timescales 
(27–29) affects the efficiencies of these systems to remove nu-
trients through denitrification, which can create pulses of in-
creased nitrate flux from wetlands to receiving waters especially 
during high input storms (30, 31) and when water temperature 
is cool (29). Finally, nitrogen lost from soil takes numerous flow 
paths, including storage within long-term pools contributing to 
legacy nitrogen storage (32, 33), which may preclude access by re-
stored wetlands for denitrification. Properly evaluating the influ-
ence of these factors on projected nitrogen removal by wetlands 
requires a whole-system approach.

Engineering considerations further constrain how and where 
restoration can be most effective. Wetlands can be restored or 
constructed to intercept agricultural runoff from a variety of 
flow paths (23, 34). Engineering constraints such as catchment 
size and buffer width surrounding active wetlands protect the sys-
tems but limit how much runoff wetlands can process (21, 23). 
Wetlands affect hydrologic response in streams (35), with flood-
plain wetlands connected to rivers further downstream permit-
ting greater interception of nutrients maximizing denitrification 
potential (19, 22, 26). Subsurface drains (SSDs) are widely distrib-
uted throughout the mid-western United States (36, 37), and 
leachate from corn/soy rotations grown on SSD croplands re-
present the largest single source of excess nitrogen discharged 
to the Gulf of Mexico (3). Restoration of lands that neglect leachate 
from SSD may have modest effects on nitrate reduction at the 
watershed scale (38). Despite the above complexities denitrified 

mass fractions in individual wetlands often fall within a range 
of 40 to 50% removal of input nitrate, so many macroscale studies 
assume homogenous response to wetland restoration (8, 13, 20, 
21). But such approaches neglect dynamic hydrology and seasonal 
effects and often neglect wetland placement relative to sources.

Fully process-based models of coupled land–water ecosystems, 
like the ones used here, are required to scale estimates of wetland 
denitrification and consider the constraints on wetland restor-
ation imposed by climate, geography, operations, and existing 
policies facilitating adoption of this intervention. We evaluate 
the efficacy of plausible wetland restoration on identified restor-
able lands (39) across gradients of implementation. We used esti-
mates of potential wetland extent based on their relative 
topographic position and ignored constraints from soil properties 
which maximizes potential restoration area. The modeled scen-
arios follow restoration strategies that reflect two federal pro-
grams in the United States (the Farmable Wetlands Program (23) 
and the Wetlands Reserve Program (40), FWP and WRP, respect-
ively). In our model scenarios, the two programs differed based 
on upstream catchment area that is targeted for interception 
and subsurface drainage status of treated crops: FWP required 
large catchments of solely tile-drained crops (23); WRP included 
smaller catchments with no constraint on subsurface drainage 
status. Importantly, both programs assumed that catchments up-
stream of restored wetlands are completely cropped, which sim-
ultaneously maximizes delivery of nitrate runoff from crops to 
restored wetlands while minimizing crop retirement. In practice, 
it is unlikely that restored wetlands can be constructed to achieve 
complete interception of crop runoff, which biases estimated wet-
land efficacy toward greater removal for a given area restored and 
therefore represent an upper limit of each program’s potential. 

Fig. 1. Nitrate export from the MRB. a) present day accounting for interannual variability with established targets, b) following adoption of two wetland 
restoration programs attributable to reduced leaching as croplands are converted to wetlands, and denitrification within restored wetlands. Maximum 
area of restoration in the FWP and the Wetland Reserve Program are 6,000 and 70,000 km2, respectively. Prior studies of wetland restoration predict 
generally greater reductions in nitrate (numbers indicate study references). c) Sensitivity of additional export reduction in the WRP to a range of 
enhanced wetland denitrification rates encompassing values previously reported for natural or restored wetlands to illustrate the physical limit of 
wetland restoration to reduce nitrate export. Values of the uptake velocity vf at 1 mg NO3-N L−1 and 20 °C up to 400 m y−1 have been observed in nature.
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Our analysis used coupled models of agroecology (Agro-IBIS) (41– 
43) and hydrologic biogeochemistry (Water Balance Model, WBM) 
(44–46) (see Materials and methods). The models account for daily 
timescale dynamics of hydrologic flows and biologic nitrogen de-
mand associated with season and storms, viable locations for wet-
land restoration, subsurface flow paths bypassing wetland 
treatment, and constraints on wetland inundation depth and buf-
fer areas. Our results reflect inputs specified by policies or sup-
ported empirically, and model sensitivity testing reveals that 
our findings are robust across a broad range of conditions (see 
Materials and methods).

Results and discussion
We found that wetland restoration through existing federal pro-
grams incentivizing construction of field-margin wetlands could 
not reduce nitrate by the 45% (6) to 60% (7) needed to restore eco-
system health in the Gulf of Mexico (Fig. 1). At complete adoption 
restoration via the FWP and WRP could reduce nitrate export by 
6.2 and 27%, respectively. These reductions occurred by 

increasing denitrification by 85 and 430% above that denitrified 
by the 45,000 km2 of natural wetlands in the basin. Reduced ni-
trate leachate was responsible for approximately 29% (FWP) and 
33% (WRP) of the simulated decline in nitrate export as croplands 
were retired to make room for restored wetlands and their buffers 
(Fig. 1). The high proportion of export reduction due to denitrifica-
tion rather than crop retirement illustrates why wetland restor-
ation is an ideal intervention for mitigating nutrient pollution in 
highly agricultural basins. We find that plausible restoration pre-
scribed by the existing programs cannot achieve the needed ni-
trate reduction due to the geospatial separation of restorable 
wetlands with croplands, leaching to deeper flow paths that 
miss wetlands and reduced denitrification during storms and 
higher flows during colder temperature periods.

Geospatial separation constraints
Potentially restorable wetlands exist throughout the Mississippi 
River Basin (MRB); however, with the existing wetland restoration 
programs there remained sufficient geospatial separation be-
tween restorable areas and existing crops to limit the amount of 

Fig. 2. The spatial distribution of present and restorable wetlands explains the amount and distribution of wetland nitrate removal. Distribution of 
nitrate fate prior to entering the river network as density plots for all pixels binned by nitrate flux in surface runoff (proportion) for a) present-day 
baseline, b) full adoption of the FWP, and c) the Wetland Reserve Program. Present-day total distribution of surface runoff repeated in b and c; white area 
below dashed line represents reduction in runoff from retiring crops to support restoration. d–f) Crop area maps for present-day and restored conditions 
presented as color intensity with fraction of that area treated by wetlands represented by color. g–i) Nitrate in surface runoff maps for present-day and 
restored conditions presented as color intensity with fraction of that runoff denitrified represented by color.

Zuidema et al. | 3



nitrate in surface runoff intercepted and treated. Bypassing flow 
in both programs was primarily a consequence of insufficient re-
storable wetlands (39) in regions containing target crops (Fig. 2). 
Catchment and buffer sizes explain most of the limitation of wet-
land interventions. Both programs assumed that 78% of restored 
cropland was reserved as buffer area without nitrogen removal 
potential, the complement was restored as active wetlands. 
Wetlands restored via full implementation of the WRP occupied 
2.6% of their local catchments similar to natural wetlands (47), 
whereas FWP wetlands occupied 1% of their catchments (23).

The FWP program restored 6,000 km2 of wetlands and buffers 
that intercepted runoff from 121,000 km2 of crops. Of the 
0.77 Tg y−1 of nitrate runoff from agricultural lands to streams, 
FWP wetlands intercepted 0.24 Tg y−1 (31%), while 52% of nitrate 
runoff bypassed both natural and restored wetlands (Fig. 2), and 
16% was intercepted by natural wetlands. Nitrate flux in runoff 
from croplands and intercepted by restored wetlands via this pro-
gram averaged 19.9 kg NO3-N ha−1 y−1 (per crop area), and there-
fore, wetland denitrification exhibited denitrification rates of 313 
kg NO3-N ha−1 y−1 (per wetland area), consistent with observed 
values for treatment wetlands (48).

The WRP restored 70,000 km2 of croplands that intercepted 
runoff from 498,000 km2 of crops. WRP wetlands intercepted 
0.45 Tg y−1 (70%) of agricultural nitrate, while 18% of agricultural 
nitrate bypassed wetlands and 12% was intercepted by natural 
wetlands (Fig. 2). Nitrate flux in runoff from croplands and inter-
cepted by restored wetlands via this program was more modest 
than FWP, averaging 10.0 kg NO3-N ha−1 y−1 (per crop area), re-
sulting in wetland denitrification exhibiting lower areal denitrifi-
cation 124 kg NO3-N ha−1 y−1 (per wetland area). While WRP had 
lower areal denitrification rates than FWP wetlands, they denitri-
fied about 46% of the nitrate intercepted, compared to FWP wet-
lands that denitrified about 27% of intercepted nitrate (Fig. 2). 

Individual WRP wetlands removed a greater fraction of inter-
cepted nitrate than FWP wetlands because catchments draining 
to them were smaller, leading to lower flow rates and more con-
tact time with the wetland benthic surface, where most denitrifi-
cation occurs. Furthermore, intercepted leachate in WRP was 
derived from a greater proportion of croplands leaching nitrate 
at lower rates compared to FWP which targeted heavily cropped 
areas with SSDs. Because we assumed nitrogen processing was in-
versely related to concentration (49) (see Materials and methods), 
wetland catchments with lower leaching intensity (WRP) exhib-
ited higher proportional denitrification than those with higher 
leaching intensity (FWP). Nevertheless, restoration through the 
FWP removes more nitrate per area restored than WRP because 
greater denitrification will occur where more mass is treated. As 
the fraction of area that a wetland occupies inside its catchment 
increases the proportional removal of nitrogen increases, but 
the commensurate decrease in the mass treated necessarily ex-
ceeds any gains in efficiency of the denitrification reactions (see 
supplementary material).

Our analysis predicts greater nitrate removal by mass from 
wetland restoration than studies that limited restored areas by 
additional constraints than imposed here. Economic viability of 
restoration instruments from integrated assessment modeling 
predicted nitrogen reduction from field-margin wetland restor-
ation to <2% (8, 11). Biophysical modeling, that assumed wetland 
restoration occurs only on nontile-drained land, limited nitrogen 
reduction to 12% (38).

Subsurface storage
The above reductions in nitrate export refer to changes from a 
present-day baseline condition that represents the major com-
partments and fluxes of nitrate in the terrestrial landscape 

Fig. 3. Distribution of nitrate fluxes for present-day baseline, and complete adoption of the FWP, and Wetlands Reserve Program (WRP. Fluxes are 
separated by three stages of transport through the watershed and correspond to: A—denitrification within all wetlands, B—denitrification within shallow 
groundwater, C—storage or removal in other subsurface pools, D—flow out of wetlands to streams, E—flow bypassing wetlands to streams, F—baseflow 
nitrate from shallow groundwater to streams, G—other domestic inputs to streams from non-point source suburban development and waste water 
treatment plants, H—denitrification within streams, I—nitrate extraction from streams via water abstractions, and J—nitrate export to the Gulf of 
Mexico.
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(Fig. 3). As such, deep subsurface storage is an important sink 
under present-day conditions. While this sink mitigates mass en-
tering the subsurface, it also limits the absolute mass that re-
stored wetlands can treat. The coupled models were able to 
achieve good correspondence with observed nitrate flux in rivers 
with parameterizations that removed much of the cropland 
leachate before entering wetlands or rivers (Figs. S1 and S2). 
Nitrate entering the subsurface is assumed to either enter a shal-
low groundwater pool experiencing denitrification at fixed rates 
(50) during transport toward streams, or percolates deeper in 
the subsurface to be stored (on net), or denitrified and considered 
to be removed from the surface water network for the duration of 
the model period. The fraction of total leachate calculated by 
Agro-IBIS percolating from the soil and stored deep in the subsur-
face needed to match river observations is the dominant flux in 
the simulations, equaling between 2.0 and 2.1 Tg y−1 of the 3.3 
to 3.4 Tg y−1 leaching from the root zone (Fig. 3). Prior work iden-
tified the potential for net storage of this magnitude or greater 
in the root zone or below (3.5 Tg y−1 (32)), vadose zone or below 
(3.0 Tg y−1 (51)), or by increasing groundwater concentrations 
(2.6 Tg y−1 (52). A substantial fraction of such legacy storage in 
groundwater would be expected to discharge to rivers over long 
timescales, so the storage calibrated here is considered net stor-
age (33, 53).

Previous studies of the potential for wetland restoration (19, 54) 
have found greater percent removal than we did when higher 
fractions of nitrate runoff (e.g. 30–50%) are assumed to be inter-
cepted by wetlands. When we constrain the flux of agricultural 
runoff to deep groundwater stores using observed riverine nitrate 
flux, the highest fraction intercepted by restored wetlands was 
16% for full adoption of the WRP (Fig. 3).

Temporal dynamics
Seasonality and storm-scale dynamics pose an additional con-
straint on nitrate removal by restored wetlands. The seasonal 
peak in wetland denitrification occurs in summer due to warmer 
temperatures when 41 and 62% of intercepted nitrate is removed 
from FWP and WRP wetlands, respectively. However, most influx 
to wetlands occurs during colder temperature periods (Fig. 4). The 
peak of the basin-average flux to restored wetlands occurred in 
May (representing 16% of total annual inputs to wetlands), when 
denitrification removed only 26% (FWP) and 39% (WRP) of inter-
cepted nitrate due to colder temperatures. Storm bypass of nitrate 
due to flow depth exceeding specified maximums (55) was 6.9% 
(FWP) and 3.2% (WRP) of total annual nitrate runoff, mostly dur-
ing the late winter and spring when soils are wetter and evapo-
transpiration is low (Fig. 4). A scenario where denitrification was 
independent of temperature indicates that seasonally colder tem-
peratures reduce annual denitrification across the basin by 24% 
(Fig. 4d). Even if water does not bypass wetlands during storms, 
hydrological conditions are less favorable to denitrification. 
During periods of constant high runoff in spring, water depth 
was consistently higher within the wetlands, which increased hy-
draulic load and reduced contact between nitrate dissolved in the 
water column and the benthic surface thereby reducing denitrifi-
cation (Fig. S3).

Internal wetland efficiency
When denitrification uptake approaches the highest rates ob-
served in the literature, wetland removal efficiency increases suf-
ficiently to meet coastal hypoxia targets (Fig. 1c). Baseline 
denitrification rates in WBM are conservative estimates 

consistent with rivers (56) and typical natural wetlands (54, 57); 
however, both natural and treatment wetlands have exhibited 
much higher rates in field studies (49, 58). Export reduction was 
highly sensitive to the parameter describing baseline denitrifica-
tion rate (Figs.1c and S4). As denitrification rates approach an em-
pirical maximum of about 400 m yr−1, complete adoption of WRP 
was able to reduce nitrate export by 48%. However, assuming 
basin-scale average denitrification rates equal such high values 
is difficult to justify for the form of free-surface wetlands concep-
tualized in this analysis of the FWP or WRP.

Wetlands and groundwater
Characterizing the role of long-term storage and transformations 
of subsurface nitrogen, and to what degree it will be a long-term 
sink vs. source back to surface water, may be the single most im-
portant consideration defining the success of current nutrient re-
duction strategies (33, 59). Restored wetlands may be important in 

Fig. 4: Annual peak leachate flows precede seasonal wetland 
denitrification maximums. Monthly means of total basin fluxes for N 
runoff bypassing (not entering) wetlands, bypassing wetlands due to 
storms overwhelming wetland storage, entering wetlands but not 
denitrified (flowthrough) and denitrified in wetlands for a) present day 
with only unrestored wetlands, b) complete adoption of the FWP, c) 
complete adoption of the WRP, and d) complete adoption of the WRP 
assuming denitrification rates were unaffected by temperature. Sum of 
four fluxes represent total surface nitrate runoff from croplands. Storm 
bypass represents mass entering wetlands when water depth exceeded 
the maximum depth of 0.8 m and is modeled as entering rivers 
immediately.
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treating nitrate from groundwater under a range of conditions not 
considered here. Lag times imposed by storage and travel through 
groundwater flow paths would be expected to evenly distribute 
mass input to wetlands throughout the year such that a high pro-
portion could enter wetlands during summers when denitrifica-
tion processes are most reactive.

Conclusion
While our study finds that existing field-margin wetland restor-
ation programs can substantially contribute to N reduction to 
meet management goals, other management options, including 
other wetland restoration strategies, are necessary. Existing wet-
land policy programs investigated here assume direct connectivity 
to cropland runoff and can result in up to 60% of the required nu-
trient reduction needed to protect the Gulf of Mexico under ideal 
conditions. Restored fluvial wetlands, that exchange with river 
flows during downstream transport and potentially intercept 
groundwater and river flux from all upstream croplands, may be 
more effective at removing nitrogen than crop-margin wetlands 
at watershed scales (11). Policies should therefore include inter-
ventions that focus on fluvial wetlands (11) or floodplain restor-
ation (60), while maintaining dialogue with stakeholders to 
address how conservation measures benefit and impact local com-
munities and other ecosystem services provided by the watershed 
(61). As we consider the breadth of nature-based nutrient reduc-
tion strategies, we will need mechanistic evaluations of the role 
of temporal dynamics, position in the watershed, and future 
changes in both climate and cropping practices to ensure feasibil-
ity of these approaches. Field-margin wetlands are an important 
step toward mitigating Gulf of Mexico hypoxia because they 
have the capacity to reduce a meaningful fraction of nitrate and 
have existing conservation mechanisms in place to facilitate 
adoption.

Materials and methods
We coupled macroscale process models of agroecology (Agro-IBIS 
41–43) and hydro-biogeochemistry (WBM 44–46) and introduced 
new functionality to WBM that represented water flow and nitrate 
transport from local croplands through field-margin treatment 
wetlands. Briefly, our model of wetland denitrification assumes 
a well-mixed system with denitrification occurring in benthic 
sediments parameterized as a temperature-dependent process 
(Q10 = 2), with flow and nitrate mass bypassing wetland processing 
when wetland water storage exceeds a maximum depth. The 
overall WBM framework applied here represents nitrate through-
out the MRB considering remaining natural wetlands and scen-
arios of wetland restoration under the two national US 
programs that focus on highly optimized treatment wetlands on 
subsurface-drained crops (FWP (62)), and opportunistic restor-
ation of wetland systems, where ecologically feasible (Wetland 
Reserve Program) (40).

Description of Agro-IBIS
Agro-IBIS is a processed-based, rasterized model of agroecology 
that calculates a suite of agronomic and ecological variables with-
in the soil rooting zone (41–43). Agro-IBIS was run at a 5-arcminute 
resolution (66 ± 10 km2) across the conterminous United States. 
Spin-up was performed from 1650 to 1947 to generate equilibrium 
soil biogeochemistry assuming appropriate vegetation cover 
throughout the epoch and recycling climate inputs from 1948 to 
2007, then run from 1948 to 2007. Agro-IBIS calculates water 

and nutrient balance in the soil–plant–atmosphere system and 
calculates nitrate leaching below the root zone at 1.5 m (63). The 
model assumes all nitrate leaves the root zone via infiltration be-
low the soil with no direct surface runoff. Agro-IBIS outputs pixel 
specific fluxes for each of 8 land-cover classes over agricultural 
areas of the MRB: (i) irrigated maize, (ii) rainfed maize, (iii) irri-
gated soy, (iv) rainfed soy, (v) irrigated soy/maize rotation, (vi) 
rainfed soy/maize rotation, (vii) rainfed wheat, and (viii) natural 
vegetation. The model has been previously corroborated against 
measures of nitrogen in harvest and leaching below the root 
zone (42, 43, 64, 65), primarily in the MRB.

Crop area
Nitrate leachate from Agro-IBIS was input to WBM following ag-
gregation by crop area. Nitrate leachate flux at each pixel is that 
predicted for each crop type weighted by a representative area 
of each land cover. Crop cover fractions of each 5-arcminute pixel 
are aggregated and split between irrigated and rainfed crops using 
data representative of the year 2000 (66, 67). The total of irrigated 
and rainfed maize, soy, and wheat from these datasets represent 
94% of all agricultural croplands in the MRB. Therefore, to com-
plete our representation of row crop fluxes we define an “other 
crop” category, and associate other irrigated crops using nitrate 
fluxes calculated for irrigated maize, and other rainfed crops us-
ing an average of fluxes from rainfed maize and wheat.

To define the fraction of cropland undergoing annual maize/soy 
rotation, we calculate the fraction of 30-m pixels that transition 
from corn to soy or from soy to corn for each year of data (68) 
from 2008 to 2019, as well as those pixels that remain maize or re-
main soy for those years. We then aggregate to 5-arcminute reso-
lution, to capture the relative fraction of continuously planted 
maize, continuously planted soy, and annual maize/soy rotation 
and assume these averages are appropriate for the year 2000.

Description of WBM
The University of New Hampshire WBM is a raster-based model of 
macroscale hydrology and biogeochemistry (44–46, 69), where 
previous model evaluation efforts were summarized in Ref. (46). 
We introduced new functionality to WBM that represented water 
flow and nitrate transport from local croplands through field- 
margin treatment wetlands (70) as described below. WBM was 
run at a 5-arcminute resolution over a geographic domain cover-
ing from 113°55′W (west) to 77°50′W (east), and 28°55′N (south) to 
49°45′N (north). The evaluated domain covered the drainage basin 
of the Mississippi River defined by the MERIT 5-arcminute drain-
age network (71), and following postprocessing used to route 
drainage of small internally draining regions into the larger drain-
age network. WBM simulations were performed at a daily time-
step. To perform model spin-up, needed only to equilibrate 
reservoirs, WBM was forced with input data from 1996 to 1999 re-
peated 5 times, then run from 1992 to 1997; a total of 26 years of 
model spin-up. We analyzed output data from 1998 to 2007. 
Description of model parameters used in the study and sensitivity 
of key model parameters are provided in Table S1. The represen-
tation of subsurface drainage in the model is also described in the 
supplementary material.

Representing wetlands in WBM
Field-margin wetlands are represented using a new pool within 
WBM that receives flow from upland portions of each pixel. For 
parsimony, the model combines riparian marginal processing, 
natural wetlands (where they still exist), and restored treatment 
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wetlands in a single pool. We acknowledge that engineering con-
straints imposed on wetland functionality presented are locally 
inappropriate for riparian areas and natural wetlands. Our formu-
lation should conservatively estimate the amount of natural and 
riparian wetland denitrification that occurs because our assump-
tions of buffer area enforces an upper limit on the area that can be 
treated by present wetlands to smaller footprints than likely exist 
naturally (47). Furthermore, because we selected both moderate 
and highly probable potentially restorable wetlands, which re-
flected only topographic position constraints and not soil hydric 
potential constraints, we provide an upper limit on the estimate 
of restorable wetland areas feasible for at least the WRP scenarios. 
Parameter values controlling the wetland processes are described 
in the supplementary material.

The wetland pool occupies the lowest areas of each pixel along 
the riparian margin nearest streams such that it receives flow 
from surrounding uplands. This assumption maximizes the 
amount of crop runoff that can be treated and is consistent with 
the identification of potentially restorable wetlands (39). The 
water and nitrate mass balance of the wetland pool are governed 
by Eqs. 1 and 2, respectively:

dV
dt

= Iwl − Qwl (1) 

dMdin

dt
= ṁin − ṁden − ṁout (2) 

Flow through the wetland pool is defined by both a maximum run-
off defined by the area of upstream crop area draining into a wet-
land, and a maximum wetland depth (dmax [m]) which was 
selected as 0.8 m (55, 72). Time-varying flow from untreatable 
crops, and flow exceeding the maximum depth is routed immedi-
ately beyond the wetland to the stream (bypassing flow). Flow en-
tering the wetland experiences a detention time specified by the 
wetland flow time-constant (αwl [d−1]) consistent with observa-
tions (73–75). These assumptions approximate dynamics in wet-
lands constructed for specific retention times and with overflow 
structures. The daily water balance is solved in three steps where 
bypassing flow is estimated (Eq. 3A), outflow is calculated assum-
ing inflows from the midpoint of the timestep (Eq. 3B), and storage 
balance is updated (Eq. 3C):

Iwl = Qro

Vavail

Qrodt
Vavail

Qrodt
<
χupAwl

Acrop

χupAwl

Acrop

χupAwl

Acrop
<

Vavail

Qrodt

⎧
⎪⎪⎪⎨

⎪⎪⎪⎩

(3A) 

Qwl = (Vt
wl + Iwl dt )αwl (3B) 

Vt+1
wl = Vt

wl + Iwl dt − Qwl dt (3C) 

This solution for wetland water balance accommodates WBM’s 
source tracking functionality (46). The volume available (Vavail) 
within the wetland that results from flow depth below the speci-
fied maximum depth of flow (dmax) is calculated at each timestep 
(Eq. 4) and accounts for short-term storage over the duration of 
the timestep:

Vavail = (1 + αwl dt)A Awl dmax − Vwl (4) 

The first term defines the maximum volume in the wetland, in-
cluding volume released from the wetland during the timestep, 
and the second term represents the water volume existing in 
the waterbody at the beginning of the timestep.

Runoff from the upland portions of the pixel arrive to wetlands 
via quickflow in WBM to be consistent with design practice for 
treatment wetlands (55). Baseflow (flow from groundwater) is as-
sumed to bypass wetlands and drain directly to streams. Our for-
mulation for subsurface drainage routes through the quickflow 
flowpath in WBM (see supplementary material), which results in 
a majority of runoff from subsurface-drained agriculture entering 
wetlands where they are collocated in the same pixel. Although 
WBM assumes a single contiguous water surface and nitrate con-
centration for tractability, in practice multiple separate wetlands 
would be necessary to intercept leachate prior to loading to 
streams. Riparian marginal wetlands are included in our model 
to account for riparian uptake; a separate model treatment for 
such a process (76–78) was beyond the purpose of this study. 
The riparian marginal area (AwlR) is parameterized as a fraction 
of the pixel calculated from an assumed buffer width (wwlR) of 
150 cm from stream margins (Eq. 5) that intercepts runoff prior 
to entering streams:

AwlR =
2 Lstream wwlR

A
(5) 

The total wetland area is the sum of natural wetlands (AwlN), in-
troduced treatment wetlands (AwlT), and riparian marginal wet-
lands. Riparian marginal wetlands exist only in the absence of 
natural or restored wetlands (Eq. 6):

Awl = min(AwlR, AwlN + AwlT) (6) 

Awl represents the total wetland area, but a fraction (χbuffer) of this 
total represents a buffer area that protects the wetland system. 
The complement fraction is the active water-holding wetland 
area (AwlA) which holds water in storage and is where denitrifica-
tion occurs. The active portion of wetlands (AwlA) are assumed to 
have vertical banks (benthic area equals the active wetland area). 
The above assumptions lead to hydraulic loading in the active 
pool of simulated wetlands below 0.1 m d−1 where denitrification 
is most active (29).

Nitrate balance in wetlands is calculated with advective fluxes 
through the pool, and a denitrification flux within the pool. We as-
sume that denitrification occurs in benthic sediments so that the 
process is parameterized with an uptake velocity vf that is up-
dated daily based on wetland nitrate concentration and tempera-
ture according to an efficiency loss parameterization (49) (Eq. 7):

vf = exp (ln (bvf ) + avf ln (Cnitr))Q
(Twl−Tref )

10
10 (7) 

The relationship between vf and concentration is a log-linear rela-
tionship in both lotic (56, 69) and lentic (49) systems, and is ad-
justed according to Q10 = 2 temperature reactivity (79), where 
water temperature is specified by Agro-IBIS at a depth of 1.5 m.

Nitrate balance within the wetlands is updated after calculat-
ing flow and water storage. Nitrate concentration (Cnitr [mg L−1]) 
within the pool is updated at the midpoint of the timestep (Eq. 
8A). The fractional removal of nitrate (R) from denitrification is 
calculated using an integral solution (Eq. 8B) (80), the mass flux 
denitrified and outflow are estimated (Eqs. 8C and 8D), and then 
total mass balance is updated (Eq. 8E):

Cnitr = (Mt
nitr + 0.5ṁindt)/Vt

wl (8A) 

R = 1 − exp −
vf t
dwl

 

(8B) 

ṁden = R (Mt
nitr + 0.5 ṁin dt) (8C) 
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ṁout = CnitrQwl (8D) 

Mt+1
nitr = Mt

nitr + ṁindt − ṁden dt − ṁout dt (8E) 

Mass flux is then routed to the stream network within the pixel. 
Comparable nitrogen dynamics are formulated within the stream 
system (44, 45).

WBM and Agro-IBIS do not presently have coupled soil water 
pools, so daily differences in percolation volume would introduce 
numerical instability between water volume and nitrate leachate 
mass. WBM exhibited flashier hydraulic response and greater re-
tention of water within the soil pool between storm events. We in-
troduced a holding pool for Agro-IBIS soil leachate and introduced 
all accumulated mass of nitrate from this holding pool to the wet-
lands at each runoff event.

Nitrate in groundwater
Nitrate leachate that infiltrates below the rooting zone of crop-
lands is detained to account for travel through the vadose zone 
and shallow groundwater. WBM does not account for travel 
through the vadose zone, and only accounts for the hydrodynamic 
response of the shallow groundwater pool. This temporary deten-
tion pool delays transport to approximate the solute travel-time 
through subsurface flowpaths using an exponential decay weight-
ing function (81–83) given by Eq. 9, which effectively convolves the 
daily leachate from the soil through a filter of exponential decay:

ṁt
rech = [1 − exp (αsub dt)] ṁleach + exp (−αsub dt) ṁt−1

rech (9) 

We assume αsub equal to 0.00125 d−1 to capture transit time of sol-
utes through typical catchments (84, 85). DIN experiences denitri-
fication in the subsurface prior to discharge. A constant 
Dämkoholer number of 0.29 is assumed for the subsurface (86) 
equating to 25% denitrification of DIN in this pool during transit.

A fraction of all leachate percolating to groundwater (χlost) is re-
moved from the surface flow system to long-term detention. This 
accounts for the long-term net storage variable in the subsurface. 
Without this term, there was a high bias in watershed scale nitrate 
flux exported at USGS gages. The parameter was calibrated to 
minimize the bias to observed riverine nitrate flux.

Calibration and corroboration with observations
We corrected bias in riverine flux by calibrating a parameter that 
directed a portion of percolating nitrate to long-term storage 
(χlost), then corroborated the total flux to long-term storage against 
independent estimates. We compared discharge and nitrate flux 
at 14 USGS gaging stations throughout the MRB following their se-
lection described in the supplementary material. USGS data were 
collected through the National Water Inventory System (87), for 
44 gaging stations with greater than 200 nitrate samples collected 
since 1980 at colocated continuous discharge measurements. 
Monthly flux data are calculated using LOADEST (88) for each sta-
tion using automated search for the best regression model and lin-
ear approximations for the SE. We compared model performance 
to 14 representative stations where LOADEST succeeded and se-
lected to maintain even spatial sampling across the basin’s sub-
watersheds (see supplementary material). We compared the 
model with daily discharge and nitrate flux at each station, and 
summarized model behavior for quarterly and long-term mean 
values across the entire pool of stations using percent bias 
(PBIAS), model percent error, Nash–Sutcliffe Efficiency (89), and 
Kling–Gupta Efficiency (KGE) (90) (Fig. S1). Manual calibration of 

χlost on the maximized KGE across the basin resulted in a slight 
negative bias in simulated monthly nitrate flux (Fig. S1). 
Monthly simulation of nitrate flux on the Mississippi River at 
Baton Rouge (Fig. S2) for the unrestored scenario showed a small 
low-model bias but captured the seasonality of observed fluxes. 
Our calibrated fluxes of net storage in subsurface storage pools 
(the vadose zone or groundwater) are within estimates of in-
creased storage below the root zone (32, 51) and to change in 
groundwater storage owing to increased nitrate concentration 
(52). Variability in model performance in subcatchments of the 
basin was not correlated with key geographic inputs. 
Overestimates of riverine nitrate flux at stations in the western 
and southern portions of the watershed that were not included 
in the calibration set of stations suggest a higher fraction of nitrate 
is stored in deep groundwater in those areas than the model simu-
lated because we selected a parsimonious uniform parameteriza-
tion across the basin that captures mean basin response.

Datasets used and experimental design
Areas for wetland restoration were selected from existing crops 
using the Potentially Restorable Wetlands on Agricultural lands 
(PRW-Ag) dataset (39) selecting any areas identified as either mod-
erate or high potential for restoration. The maximum area for res-
toration via the Wetland Reserve Program (WRP) was limited to 
PRW-Ag areas with upstream rainfed crop area equal to 8.4 times 
the restored area; WRP wetlands (with buffers) were therefore as-
sumed to consist of 12% of their catchment area, consistent with 
mean wetland/catchment area ratios for natural wetlands in the 
basin (19, 47). The maximum area for restoration via the FWP 
was further limited to tile-drained PRW-Ag areas with upstream 
tile-drained rainfed crop area equal to 22 times the restored 
area; therefore, FWP wetlands (with buffers) were assumed to 
consist of 4.5% of their catchments (23). At subpixel scales, we as-
sume that tile-drained lands and rainfed crops are preferentially 
located on potentially restorable wetland areas. We assume that 
both wetland program restoration schemas would focus on 
rainfed crops, as we assume irrigated crop areas to be poorly 
suited to maintaining levels of inundation needed for wetland res-
toration. Furthermore, because the PRW-Ag data correlates with 
tile-drained lands at county and coarser scales (39), we assume 
the extrapolation of restorable wetlands to be located on tile- 
drained lands at subpixel scales is also appropriate. We created 
scenarios of adoption where each pixel was independently in-
creased between the unrestored baseline and its maximum po-
tential restored landcover at 0, 5, 20, 45, 70, and 100% adoption 
of each program.
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