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Abstract: Neonicotinoid insecticides cause adverse effects on nontarget organisms, but more information about their
occurrence in surface and groundwater is needed across a range of land uses. Sixty‐five sites in Minnesota, USA,
representing rivers, streams, lakes, groundwater, and treated wastewater, were monitored via collection of 157 water
samples to determine variability in spatiotemporal neonicotinoid concentrations. The data were used to assess relations to
land use, hydrogeologic condition, and potential effects on aquatic life. Total neonicotinoid concentrations were highest in
agricultural watersheds (median= 12 ng/L), followed by urban (2.9 ng/L) and undeveloped watersheds (1.9 ng/L). Clothianidin
was most frequently detected in agricultural areas (detection frequency= 100%) and imidacloprid most often in urban waters
(detection frequency= 97%). The seasonal trend of neonicotinoid concentrations in rivers, streams, and lakes showed that
their highest concentrations coincided with spring planting and elevated streamflow. Consistently low neonicotinoid
concentrations were found in shallow groundwater in agricultural regions (<1.2–16 ng/L, median= 1.4 ng/L). Treated
municipal wastewater had the highest concentrations across all hydrologic compartments (12–48 ng/L, median= 19 ng/L),
but neonicotinoid loads from rivers and streams (median= 4100mg/d) were greater than in treated wastewater (700mg/d).
No samples exceeded acute aquatic‐life benchmarks for individual neonicotinoids, whereas 10% of samples exceeded a
chronic benchmark for neonicotinoid mixtures. Although 62% of samples contained 2 or more neonicotinoids, the observed
concentrations suggest there were low acute and potential chronic risks to aquatic life. This the first study of its size in
Minnesota and is critical to better understanding the drivers of wide‐scale environmental contamination by neonicotinoids
where urban, agricultural, and undeveloped lands are present. Environ Toxicol Chem 2021;40:1017–1033. © 2020 The
Authors. Environmental Toxicology and Chemistry published by Wiley Periodicals LLC on behalf of SETAC.
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INTRODUCTION
Neonicotinoids are the most widely used class of in-

secticides worldwide and make up >25% of the global
insecticide market (Jeschke et al. 2011; Douglas and
Tooker 2015; Nowak 2015). Neonicotinoids were introduced in
the 1990s, and as of 2016, their use has grown to include >500
commercial and domestic products in the United States
(Jeschke et al. 2011; Simon‐Delso et al. 2015; Minnesota
Department of Agriculture 2016; Sheets et al. 2016; Buszewski

et al. 2019). Neonicotinoids are effective because they share a
common mode of action toward many agricultural, urban, and
household pests (e.g., aphids, coleopterans, whiteflies, mites;
Matsuda et al. 2001) and were originally thought to be safer to
wildlife and humans (Tomizawa and Casida 2005). Because
neonicotinoids act nonselectively against most insects, there is
a risk that nontarget organisms that consume plants or contact
surfaces treated with neonicotinoids will be adversely affected
(Bonmatin et al. 2015).

Neonicotinoids are water‐soluble and exhibit slow dis-
sipation rates (half‐life= 0.5–0.7 yr; Schaafsma et al. 2016) in
the environment (Goulson 2013; Hladik et al. 2014, 2017;
Bonmatin et al. 2015; Todey et al. 2018; University of
Hertfordshire 2020). Thus, they are relatively persistent, mobile,
and readily transported from their point of application
via surface and groundwater (Bonmatin et al. 2015).
Neonicotinoids are also mobilized in the atmosphere by dust
particles released from neonicotinoid‐treated areas during
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planting (Bonmatin et al. 2015). This has caused neonicotinoid
concentrations in air of >10 000 ng/m3 during planting
(Tapparo et al. 2012), with concentrations of approximately
100 ng/m3 remaining at the field boundaries (Marzaro
et al. 2011). Current research to investigate the spatiotemporal
drivers of neonicotinoid occurrence have reported year‐round
detections in numerous surface and groundwaters in addition
to water‐treatment facilities in both agricultural and urban
watersheds (Jeschke et al. 2011; Goulson 2013; Simon‐Delso
et al. 2015; Minnesota Department of Agriculture 2016; Sheets
et al. 2016; Buszewski et al. 2019). In one study, Hladik et al.
(2017) detected neonicotinoids in soil and water at corn and
soybean fields more than 3 yr after neonicotinoid treatments
had ended. Neonicotinoid concentrations in the environment
are influenced by hydrogeology, land use, rates of trans-
formation, and use patterns (Jeschke et al. 2011; Hladik and
Kolpin 2015; Morrissey et al. 2015).

Most commercial neonicotinoid products (>99%) are com-
posed of imidacloprid, clothianidin, acetamiprid, and thiame-
thoxam either individually or in mixtures (Hladik et al. 2014;
Main et al. 2014; Sánchez‐Bayo and Hyne 2014; Minnesota
Department of Agriculture 2016). Neonicotinoids also undergo
biotic and abiotic processes that produce transformation
products which can be more toxic than the parent compounds
(Lee Chao and Casida 1997; Goulson 2013; Simon‐Delso
et al. 2015; Aregahegn et al. 2017). Interactive effects between
co‐occurring pesticides or their transformation products in turn
cause either synergistic or antagonistic effects depending
on the compound and affected organism (Warne and
Hawker 1995; Deneer 2000). It is therefore important to un-
derstand the distribution of neonicotinoids and their trans-
formation products in aquatic systems.

The use of neonicotinoids in agricultural (seed coating,
foliar spray, soil injection) and urbanized (home and garden
sprays, nurseries, flea and tick medications, tree injections,
bedbug treatments) areas has led to the contamination of
nontarget ecosystems (Schulz 2004; Beketov and Liess 2008;
Schäfer et al. 2012; Simon‐Delso et al. 2015). Adverse effects
against many nontarget pollinators (e.g., honeybees,
Lepidoptera), insects (e.g., Ephemeroptera, Trichoptera), and
plankton (e.g., copepods, Daphnia) have been reported with
median lethal concentrations (LC50s) for acute exposure be-
tween 1 and 100 000 μg/L in a water body (US Environmental
Protection Agency 2020a). Neonicotinoids also cause (sub)
lethal effects on freshwater vertebrates and macrophytes but
at much higher concentrations (acute LC50s ≥100 000 μg/L;
Gibbons et al. 2015).

The state of Minnesota is an important location to study the
potential for environmental contamination by neonicotinoids
because it contains almost 20 000 km2 of surface freshwater
(8% by area; US Census Bureau 2010) and uses large amounts
of neonicotinoid insecticides in both urban and agricultural
settings. From 2006 to 2016, the estimated average use of
imidacloprid, thiamethoxam, clothianidin, and acetamiprid in
Minnesota was 86 000, 91 000, 14 000, and 1200 kg, re-
spectively (US Department of Agriculture 2014; Wieben 2019).
The purpose of the present study was to understand the

occurrence of neonicotinoids in water bodies within various
land‐use (urban, agricultural, undeveloped) and hydrogeologic
settings. Five neonicotinoids (imidacloprid, clothianidin,
thiamethoxam, thiacloprid, acetamiprid) and 5 neonicotinoid
transformation products (imidacloprid‐olefin, imidacloprid‐
urea, desnitro‐imidacloprid, thiacloprid‐amide, acetamiprid‐N‐
desmethyl) were studied in 11 rivers and streams, 11 lakes,
35 groundwater wells, and 8 wastewater‐treatment plant (WWTP)
effluents in Minnesota during the 2019 growing season. These
data create a better understanding of the effects of watershed
characteristics and seasonality on neonicotinoid concentrations.
New data that document the baseline occurrence of neon-
icotinoids in natural and engineered waters are essential to
determine their potential effects and to inform the development
of safe use guidelines. This is the first study of its scale to
assess the occurrence and effects of neonicotinoids across
spatiotemporal and hydrogeologic gradients in Minnesota.

MATERIALS AND METHODS
Chemicals and reagents

Optima™‐grade acetonitrile (99.9%), water, and formic acid
(99.0%) were used (Fisher Scientific). The Chemical Abstracts
Service number, manufacturer, and purity of all analytical
standards are provided in Supplemental Data, Section S1.
Stock solutions of each analyte were prepared in Optima‐grade
acetonitrile and stored at −20 °C.

Study area
A total of 157 samples were collected between April and

October 2019 from a total of 65 surface water, groundwater,
and WWTP sites in Minnesota, USA (Figure 1; Supplemental
Data, Tables S2–S5). Samples were collected from rivers and
streams (n= 11), lakes (n= 11), groundwater wells (n= 35), and
WWTP effluents (n= 8), which represented 31 (48% of total
watersheds) predominantly urban, 21 (32%) predominantly
agricultural, and 13 (20%) predominantly undeveloped water-
sheds. Drainage areas ranged from 0.1 to 10 000 km2. When
possible, sample collection was coordinated with a public or
private organization as part of an ongoing monitoring program.
Complete descriptions of sampling locations and site‐specific
information are provided in Supplemental Data, Section S2.

Sample collection
All samples were collected into cleaned 1‐L polycarbonate

bottles (see Supplemental Data, Section S1), which were then
placed on ice and immediately transported to the laboratory.
All samples were filtered through a prebaked glass fiber filter
(≤0.7 μm; MilliporeSigma; GF/F; 1 filter/sample). Samples were
stored at 4 °C until extraction.

Grab samples from rivers and streams were collected by
wading or from a nearby structure with a dipper pole, weighted
bucket, or Van Dorn sampler (Supplemental Data, Table S2).
Sample collection began in May 2019, and one sample was
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collected in May, July, and August (3 total samples). The Blue
Earth River (n= 15 total samples, predominately an agricultural
watershed; Supplemental Data, Figure S1) and Shingle Creek
(n= 14, predominately an urbanized watershed; Supplemental
Data, Figure S1) were selected as high‐frequency monitoring sites
and sampled every 1 to 2wk between April and October. When
possible, samples were taken at or near active US Geological
Survey gauging stations to provide streamflow information. The
sampling of rivers and streams was performed in conjunction
with the Minnesota Department of Agriculture, the Minnesota
Pollution Control Agency, the International Water Institute, and
the Vermillion Community College Watershed Science program.

All of the lakes are in moderate to highly urbanized portions
of Ramsey County, MN, USA (Figure 1; Supplemental Data,
Figures S1 and S2). Lakes were selected that were most likely to
experience algal bloom formation based on historical ob-
servations from each lake. One 2‐m‐deep integrated surface
water sample was collected from approximately the same
location within each lake during June, July, and September,
using a 2‐m polyvinyl chloride (PVC) tube with a check valve on
one end. This timing of sampling was designed to preclude,
co‐occur with, and follow the senescence of potentially harmful
algal blooms. Como Lake was sampled differently because of
its accessibility, urban landscape, and extensive monitoring

data record. At Como Lake, samples were collected at ap-
proximately 2‐wk intervals from June to October. The samples
were collected from the same location in the lake with a Van Dorn
sampler at the surface, 2m depth, and just above the bottom
(typically 4.2–4.9m). Additional samples were collected from
7 of the lakes to assess the community composition of several
planktonic taxa (details in Supplemental Data, Section S3).
Lake sampling was coordinated with the Ramsey County
Environmental Services, Lakes Management Division.

Groundwater samples were collected from wells in Cass
(n= 6; August–September 2018), Hennepin (n= 6; May–June
2019), Hubbard (n= 6; May 2019), Dodge (n= 6; August 2019),
and Olmstead (n= 11; September–October 2019) Counties
(Figure 1). One sample was collected from each well. Samples
were pumped from wells through a filter attached to the end of
a 1‐inch tube (PVC, Ultra Dynamic Products). The pump was
operated for at least 5 min before sample collection to ensure
stabilization of the groundwater chemistry. Well samples were
obtained as part of the Minnesota Department of Natural Re-
sources County Geologic Atlas program.

The WWTP effluents were sampled from the 8 WWTPs op-
erated by the Minnesota Metropolitan Council Environmental
Services. Samples were taken as a 24‐ to 48‐h composites
during 20 to 24 June 2019.

FIGURE 1: Sampling locations for 2019. Extent of locations (A) in the United States, (B) the state of Minnesota (shaded areas indicate counties
where groundwater samples were collected), and (C) the Minneapolis–St. Paul metropolitan area (mainly Hennepin and Ramsey Counties). The state
of Minnesota is represented by the shaded portion in the (A) US map. WWTP=wastewater‐treatment plant.
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Sample preparation and analysis
Extraction of water samples. Samples were concentrated
by solid‐phase extraction (SPE) following previously established
methods (Hladik and Calhoun 2012). Extractions were per-
formed using Oasis HLB SPE cartridges (500mg, 6 cc; Waters)
that were conditioned with 5mL dichloromethane, 5 mL
acetone, and 10mL water. Water samples were spiked with
10 ng of imidacloprid‐d4 and clothianidin‐d3 in acetonitrile as
the surrogate standards and loaded onto HLB cartridges under
vacuum flow at a rate of ≤10mL/min. The cartridges were then
dried completely under continued vacuum. The cartridges
were eluted with 10mL of a dichloromethane and acetone
solution (50:50, v/v), and the eluent was evaporated to dryness
under a gentle stream of nitrogen gas (99.99%; Matheson). The
sample extracts were reconstituted in 1mL of Optima‐grade
water and spiked with 50 ng of a 2.55mg/L solution of
caffeine‐13C3 in acetonitrile as the internal standard. Acetoni-
trile was used to ensure that the final sample matrix matched
the initial mobile phase during liquid chromatography (LC).

LC–tandem mass spectrometry. Neonicotinoids were
measured by LC with tandem mass spectrometry (LC‐MS/MS).
Separations were performed by reverse‐phase LC using a Dionex
UltiMate 3000 RSLCnano Ultra Performance Liquid Chromatog-
raphy system (Thermo Fisher Scientific) equipped with a Thermo
Scientific Hypersil GOLD C18 column (100× 2.1mm, 1.9 μm
particle size) maintained at 40 °C. A binary gradient of 0.1% formic
acid in water and acetonitrile was used at a constant flow rate of
15 μL/min. The sample injection volume was 5 μL. The initial mo-
bile phase was 10% acetonitrile and increased at a rate of 3% per
minute for 13min, followed by a ramp of 8% per minute for 5min
and then holding at 90% for 3min. At 24min, the mobile phase
was abruptly decreased to 10% acetonitrile and held for 5min
before the next injection (29min total analysis time). Detection
and quantification were performed using a Thermo Scientific TSQ
Vantage triple quadrupole MS in electrospray ionization–positive
mode with full scan acquisition (m/z= 50–400, resolution=
70 000). The 2 most abundant ion transitions were simultaneously
monitored via multiple reaction monitoring. The MS mass
transitions, collision energies, and LC retention times for all
compounds are provided in Supplemental Data, Section S4.

Quality assurance. The method detection limits (MDLs) were
determined according to the protocol established by the US
Environmental Protection Agency (2016). They are the min-
imum concentrations that can be reported with 99% con-
fidence as being distinguishable from the method blanks.
Seven replicate solutions containing 10 ng/L of each analyte
were processed through the entire analytical procedure
and analyzed by LC‐MS/MS. The analyte‐specific MDLs were
calculated from Equation 1,

= α( – – = )tMDL Si n i1,1 0.99 (1)

where t is the t value of a single‐tailed t test with (n – 1) degrees
of freedom at the 99% confidence level and S is the standard

deviation in neonicotinoid concentrations determined from the
replicate injections for a given neonicotinoid (i). Measurements
below the MDL were indicated by “<” followed by the corre-
sponding MDL. The lower reporting limit (LRL) was set at twice
the MDL. Neonicotinoid concentrations beyond the upper
calibration range or between the LRL and MDL were consid-
ered estimated detections (indicated by “<” or “>” followed
by the corresponding LRL) and included in the data analyses.
The detection frequency of each analyte was defined as
the proportion of calculated concentrations >MDL. For
samples in which no neonicotinoids were observed >MDL,
the entry was indicated with “<” and the corresponding MDL
(see Supplemental Data, Table S8).

Quality assurance measures were based on method blanks,
field blanks, equipment blanks, duplicate field samples, and
recovery spikes into Optima‐grade and field‐collected water.
Field blanks were obtained by exposing a bottle with Optima‐
grade water to the field atmosphere for at least 10min.
Equipment blanks were collected by processing Optima‐grade
water through the sampling equipment during sampling. A
summary of MDLs and LRLs is shown in Supplemental Data,
Table S8.

Mean relative recoveries of the surrogate standards were
94± 10% (imidacloprid‐d4) and 86± 17% (clothianidin‐d3);
thus, the measured neonicotinoid concentrations were not
recovery‐corrected. Relative percentage differences of dupli-
cate samples (n= 20 total samples) ranged from 1 to 57% with
a mean (±standard deviation [SD]) of 15± 13%. Of the samples
used for recovery spike experiments (n= 14 total samples),
percentage recoveries ranged from 19 to 128% with a mean
(±SD) of 75± 24% across all neonicotinoids. See Supplemental
Data, Section S5 for a description of the procedures and
calculations used for quality assurance.

Data analysis
Statistical comparisons. All data were analyzed using R,
Ver 3.6.1 (R Development Core Team 2019) in RStudio,
Ver 1.2.5033 (RStudio 2019). Data manipulations and descrip-
tive statistics were determined with the dplyr (Ver 0.8.5),
tidyr (Ver 1.0.2), psych (Ver 1.9.12.31), and stats (Ver 3.6.2)
packages. Geospatial analyses (e.g., geolocation, watershed
area calculations, land‐use distributions) were performed in
ArcGIS Desktop, Ver 10.6.1 (ESRI 2019) using data from the
Minnesota Geospatial Commons and the 2016 National Land
Cover Database (Yang et al. 2018).

Total neonicotinoid concentrations were defined as the sum
of all neonicotinoid concentrations above the MDL in each
sample. All measurements were included in the calculations.

Toxicity calculations. The pesticide toxicity index (PTI) for all
samples was calculated following the method of Nowell et al.
(2014). The PTI was calculated from the additive effects
of neonicotinoid concentrations and the taxon‐specific
acute toxicity thresholds (Equation 2 and Supplemental Data,
Section S6),
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where n is the number of detected neonicotinoids, E is the
concentration of neonicotinoid i, and TCi,t is the acute toxicity
concentration of neonicotinoid i to the taxonomic group t.
Values of TCi,t were obtained from the Ecotoxicology
Knowledgebase (ECOTOX; US Environmental Protection
Agency 2020a), the US Environmental Protection Agency's
Office of Pesticide Programs (US Environmental Protection
Agency 2020b), and the Pesticide Properties DataBase
(University of Hertfordshire 2020). To determine the toxicity
concentration, the average of all available acute LC50s, or
median effect concentrations when LC50s were not available,
specific to the mortality or immobility endpoints were

calculated with data from ECOTOX, the Office of Pesticide
Programs, and the Pesticide Properties DataBase. One toxicity
concentration was calculated for each combination of taxon
and neonicotinoid. A complete list of the TCi,t values used is
provided in Supplemental Data, Table S9. For reference, the
acute and chronic toxicity benchmarks for freshwater aquatic
invertebrates, algae, and plants are provided in Supplemental
Data, Table S10.

RESULTS
Overall detection frequencies

Measured neonicotinoid concentrations are summarized
in Table 1. At least one neonicotinoid or neonicotinoid

TABLE 1: Summary of measured neonicotinoid concentrations in each type of water bodya

Imidacloprid Clothianidin Acetamiprid Thiamethoxam Total neonicotinoids

n DF (%)b Median (ng/L) DF (%) Median (ng/L) DF (%) Median (ng/L) DF (%) Median (ng/L) Maximum (ng/L)

Rivers and streams
Battle Creek 3 100 2.3 67 0.46 33 <0.42 33 <0.12 8.4
Bassett Creek 3 100 5.0 100 0.81 33 <0.42 67 0.34 19
Fish Creek 3 100 11 100 2.2 33 <0.42 100 1.8 24
Minnesota River 3 100 1.6 100 10 33 <0.42 100 0.97 39
Kawishiwi River 4 25 <0.23 25 <0.42 25 <0.42 0 <0.12 2.0
Minnehaha Creek 4 75 2.5 75 1.5 50 0.74 75 0.45 8.1
Blue Earth River 14 100 1.3 100 17 14 <0.42 100 3.8 43
Shingle Creek 15 100 2.2 47 <0.42 27 <0.42 33 <0.12 21
Sauk River 4 100 1.5 75 4.6 75 1.5 100 1.3 13
Snake River 4 100 4.8 100 6.9 25 <0.42 75 2.1 32
Zumbro River 4 100 3.3 100 38 25 <0.42 100 8.0 140

Lakes
Como 23 74 1.7 39 <0.42 4 <0.42 0 <0.12 13
Crosby 3 67 0.61 67 1.6 0 <0.42 33 <0.12 4.2
Gervais 3 100 3.5 33 <0.42 0 <0.42 33 <0.12 5.8
Island 3 33 <0.23 0 <0.42 0 <0.42 0 <0.12 0.65
Johanna 3 67 0.85 33 <0.42 0 <0.42 0 <0.12 2.6
Josephine 3 67 0.82 0 <0.42 33 <0.42 0 <0.12 4.3
Long 3 100 3.6 67 0.77 0 <0.42 0 <0.12 5.1
Owasso 3 67 0.88 67 0.73 33 <0.42 0 <0.12 4.6
Silver E. 3 67 0.45 0 <0.42 0 <0.42 33 <0.12 1.6
Silver W. 3 67 1.2 0 <0.42 0 <0.42 0 <0.12 1.7
Snail 3 67 0.65 67 0.48 0 <0.42 67 1.4 12

Wells
Cass 6 50 <0.23 50 <0.42 17 <0.42 17 <0.12 3.4
Dodge 6 0 <0.23 0 <0.42 0 <0.42 0 <0.12 <0.12
Hennepin 6 83 0.27 83 1.2 67 1.1 83 0.20 15
Hubbard 6 83 0.25 100 1.2 100 1.4 100 0.22 3.1
Olmstead 11 9 <0.23 9 <0.42 55 0.44 64 0.38 15

Imidacloprid Clothianidin Acetamiprid Thiamethoxam Acetamiprid‐N‐Desmethyl

WWTPsc Concentration (ng/L) Concentration (ng/L) Concentration (ng/L) Concentration (ng/L) Concentration (ng/L)

Blue Lake 48 11 <0.42 <0.12 1.7
Eagles Point 24 2.9 0.48 <0.12 1.0
East Bethel 22 0.67 <0.42 <0.12 <0.48
Empire 13 <0.42 4.7 <0.12 1.5
Hastings 13 <0.42 0.64 0.44 1.0
Metropolitan 16 32 1.9 1.4 1.4
Seneca 29 5.2 <0.42 <0.12 1.8
St. Croix Valley 12 <0.42 0.43 <0.12 0.80

aMedians were calculated with all measurements from each sampling location.
bDetection frequencies are defined as the percentage of measurements greater than the method detection limit.
cEach entry is a single‐effluent sample.
DF= detection frequency.
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transformation product (hereafter referred to as “neon-
icotinoids”) was detected in 86% of all samples (n= 157); 62%
contained 2 or more, 40% contained 3 or more, and 4 or more
were detected in 18%. The maximum number of neon-
icotinoids in any sample was 5 (n= 2; Metropolitan WWTP and
Blue Earth River, May); the median number of compounds
detected per sample was 3. The most frequently detected
compounds were imidacloprid (75%), clothianidin (55%), thia-
methoxam (43%), and acetamiprid (27%). A significant, positive
Spearman's rank correlation (defined as p< 0.05) was observed
between the occurrence of thiamethoxam and clothianidin
(ρ= 0.870, p< 0.001; Supplemental Data, Figure S3).

The median and maximum total neonicotinoid concen-
trations across all samples were 3.0 and 140 ng/L (Zumbro
River, May), respectively. Individual neonicotinoid concen-
trations ranged from <MDL to 92 ng/L. There were no de-
tections of thiacloprid or any imidacloprid transformation
products (Table 2). Thiacloprid amide, a transformation product
of thiacloprid, was measured >MDL (2.9 ng/L; Table 2) in only
one sample.

Rivers and streams
Sixty‐one samples were analyzed from 11 rivers and streams

(Figures 2 and 3 and Table 1). Ninety‐seven percent of all
samples contained at least one neonicotinoid; the median
number of co‐occurring neonicotinoids was 2. Neonicotinoid
concentrations were typically highest during May and de-
creased thereafter. Total neonicotinoid concentrations ranged
from <0.12 to 140 ng/L (median= 9.3 ng/L). The watershed
drainage areas were between 30 and 30 000 km2 (Supple-
mental Data, Table S2) and included a mixture of predom-
inantly urban (n= 6, including Shingle Creek) and agricultural
(n= 4, including Blue Earth River) land use, with one predom-
inantly undeveloped watershed of mixed‐use forest (Kawishiwi
River). The percentage of land dedicated to cultivated crops in
agricultural watersheds ranged from 51% (Blue Earth River) to
95% (Snake River).

Clothianidin was the most frequently detected neon-
icotinoid at both agricultural (100% detection, median con-
centration= 15 ng/L) and urban (100%, 0.71 ng/L) sampling
locations (Table 1). The median concentrations of imidacloprid,
however, were greater than those of clothianidin in urban‐
affected watersheds (2.6 ng/L). In all streams, thiamethoxam

TABLE 2: Method detection limits, detection frequencies, and median
concentrations of neonicotinoids in all samples (n= 157)

Compound
MDL
(ng/L)

Detections
>MDL (%)

Detections
>LRL (%)

Median
(ng/L)a

Acetamiprid 0.42 27 19 <0.42
Acetamiprid‐N‐

desmethyl
0.48 5 4 <0.48

Clothianidin 0.42 55 40 0.52
Imidacloprid 0.23 75 62 1.3
Imidacloprid‐olefin 1.7 0 0 <1.7
Imidacloprid‐urea 1.5 0 0 <1.5
Desnitro‐

imidacloprid
0.71 0 0 <0.71

Thiacloprid 0.60 1 0 <0.60
Thiacloprid amide 0.65 1 1 <0.65
Thiamethoxam 0.12 43 9 <0.12
Total neonicotinoid

concentration
86 62 3.0

aAll measurements were included in the median calculations.
LRL= lower reporting limit; MDL=method detection limit.

FIGURE 2: Neonicotinoid concentrations in rivers and streams, excluding Shingle Creek and Blue Earth River (see Figure 3), during 2019. Colored
panels indicate the prevailing land use (red= urban, blue= agricultural, green= undeveloped) of the surrounding watershed. Each column rep-
resents one sample.
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(69%, 0.76 ng/L) and acetamiprid (30%, <0.42 ng/L) were
detected less frequently and at lower concentrations (Table 1).
The highest concentration of an individual neonicotinoid was
clothianidin (92 ng/L, Zumbro River). The median number of co‐
occurring neonicotinoids in all samples was 3. Only one sample
from rivers and streams in the present study contained a

neonicotinoid transformation product (thiacloprid amide,
2.9 ng/L)>MDL (Blue Earth River, asterisk in Figure 3A). Be-
cause it was not detected in any quality assurance and control
samples, the result was likely not caused by sample con-
tamination or an erroneous detection.

Instantaneous neonicotinoid yields (Supplemental Data,
Figure S4) were calculated for each of the rivers and
streams where continuous streamflow measurements were
available (calculations in Supplemental Data, Section S7).
Clothianidin had the highest median yield (20 mg/km2/d)
at agricultural locations, and all other neonicotinoids
were <4.0 mg/km2/d. In urban watersheds, clothianidin
(4.2 mg/km2/d) and imidacloprid (3.4 mg/km2/d) had the
largest median yields, whereas all other compounds were
≤1.1 mg/km2/d.

The increased frequency and total number of sampling
events at Blue Earth River (Figure 3A) and Shingle Creek
(Figure 3B) were used to investigate the temporal variation in
neonicotinoids and mitigate potential bias caused by in-
frequent sampling (Stehle et al. 2013; Stehle and Schulz 2015;
Spycher et al. 2018; Wolfram et al. 2019). The characteristic
decrease in total neonicotinoid concentration (see Figure 2)
was observed throughout the season. The increased temporal
resolution revealed one or more additional neonicotinoid
spikes at each sampling location during July and October
(Figure 3). A review of stream gauge data (US Geological
Survey 2020) and weather records (National Oceanic and
Atmospheric Administration 2020) showed that these spikes
corresponded with precipitation‐induced pulses in streamflow
(Figure 3, solid line), which could have increased the
neonicotinoid load. The relative paucity of concentration
measurements in relation to streamflow, however, made it

FIGURE 3: Neonicotinoid concentration (left axis, columns) and
instantaneous streamflow (right axis, solid line) in (A) Blue Earth River
(agricultural watershed) and (B) Shingle Creek (urban watershed).
*Sample in which thiacloprid amide was detected (2.9 ng/L).

FIGURE 4: Distribution of neonicotinoid concentrations at 10 lakes in Ramsey County, Minnesota, USA, during 2019. Water samples were
integrated over the top 2m of each lake. (Inset) Total neonicotinoid concentrations in Como Lake at 3 depths over time. Total concentrations were
mainly composed of imidacloprid. *No neonicotinoids detected. #The acetamiprid transformation product acetamiprid‐N‐desmethyl was detected
in one bottom water sample at a concentration of 13 ng/L (Oct 2019) in Como Lake (inset). Because this is the only such detection in all lake samples
and owing to its high concentration relative to acetamiprid (<0.42 ng/L), it is not included in the summed concentration.
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difficult to confidently conclude that a significant correlation
does exist between concentration and streamflow.

Lakes
Eleven small, shallow lakes (≤1.5 km2 surface area, 39–100%

littoral) with small drainage areas (0.5–53 km2; Supplemental
Data, Table S3) were sampled from urbanized portions
(44–91% urban land use) of Ramsey County, MN, USA (Figure 4
and Table 1). Imidacloprid was the most frequently detected
neonicotinoid (72% detection, median= 1.64 ng/L) in all lakes.
The other neonicotinoids were detected less frequently (≤36%)
and at lower concentrations (Table 1). Almost all samples (98%)
contained one or more neonicotinoid; the median number of
co‐occurring neonicotinoids was 3.

Almost all of the lakes had higher concentrations of neon-
icotinoids in the early part of the year (May–July) than in the
later months (September and October; Figure 4). Five of the
lakes had no observable neonicotinoid concentrations >MDL in
September. Como Lake was sampled on 8 separate dates
(n= 23 total samples; Figure 4, inset) and showed a similar
trend in which the highest total neonicotinoid concentrations
were in mid‐June and decreased thereafter. No significant
correlations of concentrations with sampling depth at Como
Lake (determined by Spearman rank analysis) were found
(Supplemental Data, Figures S5 and S6). Como Lake is a
shallow lake with a prominent flow‐through nature, which
maintains regular mixing throughout the entire lake.

Ten zooplankton and 38 phytoplankton taxa (Supplemental
Data, Table S6) in 7 of the lakes were analyzed to determine
whether the presence of neonicotinoids affected their taxo-
nomic distributions. Many of these species constitute the
foundation of important aquatic food webs and can be an
indicator of overall aquatic health (Hladik et al. 2018b). The

most abundant phytoplankton taxa were Cryptomonas
(73% detection, median 269 cells/mL), Oscillatoria (61%,
3700 cells/mL), and Anabaena (58%, 430 cells/mL). The most
common zooplankton were nauplii (100%, 13 counts/L) and
cyclopoids (98%, 10 counts/L). There were no observable linear
relationships or significant Spearman's rank correlations be-
tween total neonicotinoid concentrations with phytoplankton
(Supplemental Data, Figure S7) or zooplankton (Supplemental
Data, Figure S8) populations over the entire sampling period
(April–November).

Groundwater
The median and maximum total neonicotinoid concen-

trations in groundwater wells were 1.4 and 16 ng/L, re-
spectively (Figure 5). At least one neonicotinoid was
detected in 74% of wells, 2 or more were detected in 49%,
and 2 were detected in 26%. The median number of
co‐occurring neonicotinoids was 2. By county, the median
total neonicotinoid concentrations were 3.2 ng/L (Hennepin),
<0.12 ng/L (Dodge), 1.3 ng/L (Olmstead), 3.0 ng/L (Hubbard),
and 1.3 ng/L (Cass; Table 1). No thiacloprid or any of the
neonicotinoid transformation products were detected in any
of the groundwater samples.

The predominant type of land use surrounding each
sampling location is indicated by the background color in
Figure 5. Except for Hennepin County, all wells in each county
represented the same type of land use: agricultural (Olmstead
and Dodge) or undeveloped (Cass and Hubbard). Because
drainage areas are not easily determined for groundwater, land
use was estimated in the 1‐km radius zone surrounding each
well. The wells in Hennepin County included both predom-
inantly urban (n= 2) and agricultural (n= 4) watersheds.
The depth of wells ranged from 11 to 195m below ground

FIGURE 5: Distribution of neonicotinoid concentrations in groundwater wells. Bottom‐axis labels show the unique well ID used in the Minnesota
Well Index. Upper‐column labels indicate the depth of each well in meters. *No neonicotinoids detected.
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level, as shown by the labels above the columns in Figure 5
(see Supplemental Data, Table S4).

Hennepin County had the highest concentrations of
clothianidin (83% detection, median= 1.2 ng/L; Table 1) and
acetamiprid (100%, median= 1.1 ng/L). Imidacloprid and thia-
methoxam were also frequently detected (83 and 67%,
respectively).

No neonicotinoids were detected >MDL in any of the
samples from Dodge County (86–95% agricultural land use).
Olmstead County (49–88% agricultural land use) is directly
adjacent to Dodge County and had low neonicotinoid concen-
trations (median total neonicotinoid concentration 0.88 ng/L;
Table 1).

In predominately undeveloped Hubbard County (all wells
were 79–95% undeveloped land use), clothianidin, thiame-
thoxam, and acetamiprid were detected >MDL in every sample
and imidacloprid was detected in 83% of samples (Table 1). No
neonicotinoids were detected in the quality assurance and
control samples from Hubbard County, which indicated that
the measurements were not attributable to experimental error.
Cass County is also largely undeveloped (70–96% un-
developed land use). In the Cass County wells, imidacloprid
(50% detection, median 0.22 ng/L) and clothianidin (50%,
0.36 ng/L) were frequently detected. No thiacloprid or any of
the neonicotinoid transformation products were detected in
any of the groundwater samples.

WWTPs
Sewersheds (i.e., collection areas) for the sampled WWTPs

range from 45 km2 (St. Croix Valley) to 1900 km2 (Metropolitan),
with a median area of 230 km2 (Supplemental Data, Table S5).
Five of the sewersheds have predominately urban land use

(45–73%), 2 have predominately agricultural land use (59–64%),
and 1 has mostly undeveloped land use (52%). Two or more
neonicotinoids were detected in every sample; 7 of the sam-
ples contained 3 neonicotinoids, and 1 sample contained 5
(Table 1 and Figure 6).

Imidacloprid was detected in 100% of samples at concen-
trations of 12 to 48 ng/L (median 19 ng/L; Figure 6A and
Table 1). The acetamiprid transformation product acetamiprid‐
N‐desmethyl was also frequently detected (88% detection,
median 1.4 ng/L). Clothianidin was the next most abundant
neonicotinoid (63% detection, median 1.8 ng/L), followed
by acetamiprid (63%, 0.45 ng/L) and thiamethoxam (25%,
<0.12 ng/L). Total neonicotinoid concentrations (median=
26 ng/L, maximum= 61 ng/L) at WWTPs were higher than those
in rivers, lakes, or groundwater (Table 1).

Instantaneous neonicotinoid loads were calculated from
the total neonicotinoid concentration and mean discharge at
each WWTP (Figure 6B, left axis; see Supplemental Data,
Equation S3). Loads were highest at the Metropolitan (34 g/d),
Blue Lake (6.2 g/d), and Seneca (3.0 g/d) WWTPs and lowest at
the East Bethel (0.04 g/d) and Hastings (0.10 g/d) WWTPs.
Positive Spearman rank‐order correlations were determined for
neonicotinoid loads with sewershed area (ρ= 0.905, p= 0.002;
Supplemental Data, Figure S9A) and the population served
(ρ= 0.995, p< 0.001; Supplemental Data, Figure S9B). The
calculated loads were normalized to the population served by
each WWTP to calculate the mean per capita neonicotinoid load
to each plant (Supplemental Data, Equation S5). The values
ranged from 3.4 μg/person/d (East Bethel) to 21 μg/person/d
(Blue Lake) as total neonicotinoid concentration (Figure 6B, right
axis). Per capita loads were positively correlated with the sew-
ershed area of each WWTP (ρ= 0.714, p= 0.05; Supplemental
Data, Figure S9C).

FIGURE 6: Occurrence of neonicotinoids in wastewater‐treatment plant (WWTP) effluents. (A) Neonicotinoid concentrations (y‐axis, columns) and
sewershed area (top‐column labels) of each WWTP. (B) Instantaneous (left y‐axis, columns) and per capita (right y‐axis, triangles) neonicotinoid
loads. Upper‐column labels indicate the population served by each WWTP. The data in both panels are arranged by decreasing sewershed area,
from left to right.
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PTIs
For all samples, PTIs were determined based on the ob-

served neonicotinoid concentrations and the taxon‐specific
toxicity concentration for a variety of aquatic life (Equation 2).
The indexes are derived from LC50s, which ranged from
0.123 μg/L (imidacloprid, mayfly; Roessink et al. 2013) to
>90 000 μg/L (thiamethoxam, Lemna gibba; University of
Hertfordshire 2020) for the individual neonicotinoids detected
in the present study. Values of PTIs were between 10−9 and
10−5. The median taxon‐specific PTIs across all samples were
10–5.9 (Daphnia), 10−6.0 (crustaceans), 10−6.2 (mollusks), 10−7.9

(fishes), and 10–8.8 (macrophytes). A summary of the PTI values
is provided in Supplemental Data, Table S9. For reference, the
acute and chronic toxicity benchmarks for neonicotinoids to
freshwater invertebrates, fish, and aquatic plants are shown in
Supplemental Data, Table S10.

DISCUSSION
Effects of land use and watershed characteristics

In lakes and streams, the neonicotinoid concentrations and
detection frequencies were related to the type of land use
within each watershed (Figure 7 and Table 3), the drainage
area (Supplemental Data, Section S2), and flow conditions
(Supplemental Data, Section S9).

Most neonicotinoid products currently registered for non-
agricultural uses (pet products, lawn and garden sprays, tree
injections) contain imidacloprid; most agricultural products
(seed coatings, foliar sprays) consist primarily of clothianidin
or thiamethoxam (Jeschke et al. 2011; Minnesota Department
of Agriculture 2016). Imidacloprid (73% detection, median
concentration= 1.6 ng/L) and clothianidin (62%, 15 ng/L) were the
most frequently detected neonicotinoids in rivers and streams
draining agricultural watersheds. The relationships between imi-
dacloprid with urban land use and clothianidin with agricultural
land use are presented in Supplemental Data, Figure S10A
to D. Clothianidin is also formed from the transformation of
thiamethoxam in the environment (Nauen et al. 2003). The
national use of thiamethoxam during the last decade has
exceeded imidacloprid (US Department of Agriculture 2014;
Wieben 2019); thus, its lower detection frequency in the present
study could be due to its degradation to clothianidin.

A similar study by Hladik and Kolpin (2015) determined a
significant relationship between clothianidin and agricultural
land use (ρ= 0.465, p= 0.003) with measurements from
agricultural streams (n= 38) in Iowa, USA.

The wide use of neonicotinoids in seed coatings (>90% of
corn and 44–50% of soybeans in the United States [Douglas
and Tooker 2015; Simon‐Delso et al. 2015]) and their poor
incorporation into the targeted crop (2–20% of coating is ab-
sorbed by the crop [Nuyttens et al. 2013; Sánchez‐Bayo 2014])
contribute to their frequent observation in agricultural streams.
Neonicotinoids are also deposited on pesticide‐coated dust
particles that are emitted during seed drilling, which can be
transported short distances in the atmosphere to nearby off‐
field sites (Nuyttens et al. 2013; Bonmatin et al. 2015). The

median total neonicotinoid concentration and the median
number of neonicotinoids detected in each sample were higher
in agricultural compared to urban or undeveloped watersheds
(Table 3). There was a generally positive relationship between
total neonicotinoid concentrations and agricultural land use
(Supplemental Data, Figure S10B). In 2016, it was estimated
that neonicotinoids were applied to >98% of the total area of
insecticide‐treated cropland in North America (540 000 km2),
and in Minnesota alone, the combined agricultural sales of
neonicotinoids exceeded 45 000 kg (Minnesota Department of
Agriculture 2016).

The predominant land uses surrounding the East Bethel
WWTP (52% undeveloped, 31% agricultural, 17% urban) and
well 792454 (42% undeveloped, 37% agricultural, and 21%
urban) indicate that the classification of “predominantly un-
developed” does not preclude the possibility that much of the
surrounding landscape is agriculturally or urban‐impacted. The
highest total neonicotinoid concentrations at undeveloped
locations occurred at the East Bethel WWTP (23 ng/L) and in
Hennepin County well 792454 (4.3 ng/L). Moreover, at least
one neonicotinoid >MDL was detected in 15 of 17 samples
from undeveloped areas. These observations emphasize that
the broader watershed should be considered, in addition to the
immediate surrounding landscape, when performing landscape
analyses.

In the present study, stronger relationships between
drainage area and neonicotinoid concentrations were observed
for WWTPs, rivers, and streams than for lakes. The drainage
area for WWTPs was defined as the land area served by each
plant, whereas the drainage area for rivers, streams, and lakes
was the total land area that drains to each sampling location.
Significant, positive correlations occurred between drainage
areas and total neonicotinoid concentrations (ρ= 0.444,
p< 0.001; Supplemental Data, Figure S10E) and the number of
neonicotinoids detected (ρ= 0.428, p= 0.002; Supplemental
Data, Figure S10F).

Surface runoff following storm events increases streamflow
and can increase the movement of neonicotinoids to the re-
ceiving water bodies, especially after the planting of crops in
agricultural areas (Krupke et al. 2012; Hladik et al. 2014; Hladik
and Kolpin 2015). The relationships between individual and
total neonicotinoid concentrations with streamflow measure-
ments of the present study revealed significant correlations
between total neonicotinoid concentrations and streamflow
from rivers and streams (Supplemental Data, Figure S11), dis-
charge from WWTPs (Supplemental Data, Figure S9D), and
drainage from Como Lake (Supplemental Data, Figure S5).

Como Lake is a heavily engineered system, controlled by
several stormwater inlets and one common outlet. Previous
data (B. Belden, Capitol Region Watershed District, St. Paul,
MN, USA, personal communication) have shown that the in-
tensive management of Como Lake, in combination with its
small size, creates short hydraulic residence times and allows
for it to be considered as a continuously flowing system. For
example, the 0.2‐m3/s spikes in discharge from Como Lake
create an estimated residence time of <20 h following large
rain events (Supplemental Data, Figure S5). This causes an
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exchange of approximately all of the total lake volume over a
24‐h period. The rapid turnover prohibits well‐developed
stratification, which is observed in the relatively consistent
neonicotinoid concentrations at the 3 depths (Figure 4, inset).

All lakes in the present study are located in Ramsey County,
Minnesota, USA (area= 440 km2, <44% urban; Figure 1;
Supplemental Data, Figure S1); thus, it was difficult to
determine the effects of watershed characteristics on

neonicotinoid occurrence. Nevertheless, many of the important
factors influencing neonicotinoid occurrence in surface and
groundwater (e.g., discharge, land use, drainage area) de-
scribed in the present study and elsewhere (Hladik et al. 2014;
Hladik and Kolpin 2015) were also true for lakes. Imidacloprid
was detected most frequently and at higher concentrations
than the other compounds (72% detection, median= 1.2 ng/L).
These results are still significant because as of 2016 no

FIGURE 7: Neonicotinoid concentrations as a function of land use and seasonality. Measurements were made during the (A) early (May), (B) middle
(July), and (C) late (August–September) 2019 growing season. Triangle vertices correspond to a 100% agricultural (top), undeveloped (bottom left),
or urban (bottom right) land use. The color scale indicates the total neonicotinoid concentration in each sample. The type of water body is
represented by the symbol shape. Wastewater‐treatment plants are shown only for (B) because all samples were taken during the mid‐growing
season (20–24 June 2019). WWTP=wastewater‐treatment plant.

TABLE 3: Summary statistics of neonicotinoid concentrations by predominant land use for the 65 river, stream, lake, and WWTP sites and for each
hydrologic compartment

n

Median number
of neonicotinoids

detected
Median total

concentration (ng/L)
Maximum total

concentration (ng/L; site)

Maximum individual
concentration

(ng/L; compound)

Land use
Agricultural 48 3 12 140; Zumbro River 92; Clothianidina

Urban 92 2 2.9 61; Blue Lake WWTP 48; Imidaclopridb

Undeveloped 17 2 1.9 3.5; Kawishiwi River 1.8; Clothianidinc

Compartment
Rivers and streams 61 3 11 140; Zumbro River 92; Clothianidina

Lakes 53 1 2.4 12; Snail Lake 9.6; Clothianidind

Wells 35 1 2.2 15; Well ID 140190 15; Clothianidinc

WWTPs 8 3 26 61; Blue Lake WWTP 48; Imidaclopridb

aZumbro River (May).
bBlue Lake WWTP.
cCass County Well ID 497142.
dSnail Lake (July).
WWTP=wastewater‐treatment plant.
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neonicotinoids had been detected in any of Minnesota's lakes
(Minnesota Department of Agriculture 2016).

Median neonicotinoid concentrations in groundwater
(Figure 5 and Table 3) were less than the other hydrologic
compartments (Figures 2–4 and 6 and Table 3). Hydrogeologic
variables, such as groundwater recharge rates, water flow
paths, and groundwater age, especially in southeastern
Minnesota (Barry et al. 2020), influence the movement and
occurrence of neonicotinoids. For example, despite the abun-
dance of agriculture in Dodge and Olmstead Counties, much
of the shallow subsurface in the region contains highly de-
graded karst features, including sinkholes, and allows rapid
infiltration to groundwater (Steenberg 2019). Water, and ac-
companying neonicotinoids can therefore quickly exchange
with the shallow system. A hydrogeologic survey of the region
conducted by Barry et al. (2020) showed many highly fractured
aquifer materials with groundwater flow rates of 1.6 to 4.8 km/d.
The well with the highest total neonicotinoid concentration
(817784; Figure 3) was located in this shallow subsurface (depth
to bedrock 2.1m; Supplemental Data, Table S4). The water in
deeper wells, which were completed below a confining layer,
had much lower or no neonicotinoids present. The depths of
each well and of the confining bedrock layer are provided in
Supplemental Data, Table S4. The wells in Cass, Hubbard, and
Hennepin Counties are completed in glacial till aquifers.
These wells have relatively consistent, low levels of multiple
neonicotinoids present. It is not known why one well in
Hennepin County had a substantially higher total neonicotinoid
concentration (140190; Figure 3), but it is possibly due to a
combination of locally high use, sandy soils, and poor well
construction.

Because the wells in the present study were groundwater‐
monitoring wells and not drinking‐water wells, the measured
concentrations likely do not pose a significant human health
risk. Neonicotinoids have been detected, however, in private
wells used for potable water (Huseth and Groves 2014;
Bradford et al. 2018) and in finished drinking water sourced
from surface water (Klarich et al. 2017; Klarich Wong
et al. 2019). The present study does not rule out the possibility
that neonicotinoids in groundwater can pose a health risk,
especially in regions which rely heavily on groundwater for
irrigation and potable water use.

Temporal patterns in neonicotinoid
concentrations

The temporal analysis of neonicotinoids in rivers and
streams showed that the occurrence of neonicotinoids is in-
fluenced by their period of use before and during the growing
season (Figures 2 and 3). The elevated early‐season (May)
concentrations, at most sites, both urban and agricultural, were
attributed to runoff from spring storms following their appli-
cation, which could have mobilized both the current year's
neonicotinoids and those remaining from previous seasons
(Thurman et al. 2002; Hladik et al. 2014, 2018a). In agricultural
watersheds, the subsequent decreases in concentrations reflect

the fact that most neonicotinoids are administered as seed
coatings and applied during planting. Some fraction of com-
pounds not incorporated into the target crop are removed
from the surrounding landscape. In urban environments, ne-
onicotinoids are more often applied toward the middle of
summer when domestic and commercial uses increase (e.g.,
home pest control, foliar garden sprays, pet medications).

The exception to these seasonal trends in rivers and streams
was at the Minnesota River near Judson, which had a lower
total neonicotinoid concentration in May (3.9 ng/L), followed by
a higher concentration in July (39 ng/L). The low concentration
was likely caused by delayed planting in response to an ab-
normally wet spring in southwestern Minnesota during 2019
(National Oceanic and Atmospheric Administration 2020). In
addition, the sample collection in July was preceded by a rain
event (~2 cm), which caused increased streamflow (National
Oceanic and Atmospheric Administration 2020). Rain events
are directly linked to elevated runoff and streamflow, which
promotes neonicotinoid mobilization. In the present study,
positive relationships between stream streamflow and median
total neonicotinoid concentrations were observed in rivers and
streams (ρ= 0.444, p< 0.001; Supplemental Data, Figure S11).

The number of neonicotinoids detected in each sample did
not change (by Spearman rank correlations; Supplemental
Data, Figure S12) throughout the season. There were also no
substantial changes in the relative ratios of individual neon-
icotinoids. For example, the ratio of imidacloprid to clothia-
nidin in agricultural and urban watersheds over the entire
growing season were (mean± SD) 0.35± 0.54 and 4.1± 4.9,
respectively.

As observed in rivers and streams (Figures 2 and 3), neon-
icotinoid concentrations in lakes generally decreased
throughout the season (Figure 4) but to a lesser extent. This
was attributed to the typical application timeline of pesticides
in different watersheds. For example, the larger decrease of
neonicotinoid concentrations in rivers and streams indicates
the influence of agriculture, in which neonicotinoids are pri-
marily applied as seed coatings only during planting. The more
consistent neonicotinoid concentrations in lakes, which were all
in urbanized watersheds, likely occurred from use on lawns,
gardens, and trees applied throughout the growing season. As
a result, urban watersheds are more likely to experience low‐
level chronic neonicotinoid exposure throughout the growing
season, whereas agricultural watersheds are more likely to ex-
perience higher concentration spikes at the start of the growing
season, followed by steady declines.

Potential toxicity and ecosystem impacts
The aquatic‐life benchmarks for neonicotinoid exposure

to freshwater invertebrates (e.g., midges, scuds, daphnids)
range from 10 to >20 000 000 ng/L (chronic) and from 385
to >114 500 000 ng/L (acute; US Environmental Protection
Agency 2020b). No neonicotinoids in the present study were
detected above their lowest acute benchmark, and only 10% of
all samples contained one or more compound that exceeded the
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minimum chronic benchmark (Supplemental Data, Table S10).
Surface water sampling conducted by the Minnesota
Department of Agriculture in 2014 found no measurements
that exceeded any benchmark value in any sample
(Minnesota Department of Agriculture 2016). Although these
data suggest that the neonicotinoid concentrations in the
present study will likely not cause acute toxicity to aquatic life,
previous research has shown that even if neonicotinoid concen-
trations do not exceed benchmark values, the health of aquatic
communities could still be negatively affected (e.g., paralysis,
impaired mobility, reduced fertility; Gibbons et al. 2015;
Schepker et al. 2020). This highlights the importance of the po-
tential sublethal chronic effects that contribute to aquatic health
metrics (Morrissey et al. 2015; Cavallaro et al. 2018).

The acute risks posed by (co)occurring neonicotinoids were
further evaluated by calculating the PTI (Nowell et al. 2014) of
all samples (Supplemental Data, Table S11). Currently available
aquatic‐life benchmarks (University of Hertfordshire 2020; US
Environmental Protection Agency 2020a, 2020b) indicate that
toxicity thresholds for neonicotinoids to most aquatic taxa are
exceeded when PTIs are greater than approximately 0.4
(Supplemental Data, Figure S13). Median PTIs in the present
study ranged from 10−9 to 10−5; individual taxon‐specific PTIs
decreased in the order of Daphnia (10−5.9), crustaceans (10−6.0),
mollusks (10−6.2), fishes (10−7.9), and macrophytes (10−8.8). This
suggests that there was a low acute risk to aquatic life from all
observed concentrations of neonicotinoid mixtures.

There was a strong influence of watershed characteristics
on PTIs in all types of water bodies (Supplemental Data,
Table S11). Significant positive correlations were found be-
tween agricultural land use and all taxon‐specific PTIs. Except
for crustaceans, positive correlations were observed for all PTIs
with drainage area (Supplemental Data, Table S12). Despite
lower concentrations in smaller watersheds, however, a meta‐
analysis of insecticide concentrations in US surface waters
(n= 4391; Wolfram et al. 2019) concluded that the risk posed to
aquatic organisms by insecticides was disproportionally greater
in small watersheds. This was true even when organisms in smaller
watersheds were exposed to equal or lesser concentrations than
in larger watersheds (Schulz 2004). Several zooplankton and
phytoplankton taxa were enumerated in 7 of the lakes from April
to November (Supplemental Data, Figures S7 and S8). These
data showed no observable linear relationships or significant
Spearman rank correlations between total neonicotinoid
concentrations and plankton concentrations.

To evaluate the combined environmental and biological
factors that influence plankton abundance, a multivariate stat-
istical analysis described by Pereira et al. (2018) was used to
more accurately determine the potential responses of plank-
tonic taxa to neonicotinoids beyond simple linear relationships.
Any meaningful interpretations of these data, however, could
not be made because of the limited spatiotemporal resolution
of the samples containing synchronous measurements of
plankton population sizes and neonicotinoid concentrations
(i.e., 3 discrete sampling events for 10 lakes in Ramsey County
during 1 yr). Therefore, the results of the present study were
limited to qualitative observations.

Only the parent neonicotinoids (imidacloprid, clothianidin,
acetamiprid, thiamethoxam, thiacloprid) were considered in
the calculations of PTI because toxicity benchmarks have not
been established for many of the transformation products, and
there was limited detection of transformation products. It is
possible that the transformation products were degraded
quickly relative to the parent compounds or that transformation
products were present that were not included in the LC‐MS/MS
analytical method. Additional research is needed to address the
knowledge gap in the concentrations and fate of neonicotinoid
transformation products (Pietrzak et al. 2020; Thompson
et al. 2020). The benchmarks that do exist for the transformation
products provide conflicting evidence for their relative toxicities.
Some studies (Suchail et al. 2004; Casida 2011) suggest that
neonicotinoid transformation products possess toxicities
equal to or greater than the parent compounds, whereas
others indicate that toxicities are several orders of magnitude
lower (Morrissey et al. 2015; US Environmental Protection
Agency 2020b).

Despite these uncertainties, the common mode of action for
all neonicotinoids (Matsuda et al. 2001) suggests that the
transformation products could cause harm to nontarget or-
ganisms. It is also unclear how co‐occurring neonicotinoids
impact aquatic organisms. For example, neonicotinoid mix-
tures have been shown to cause interactions, but the effects
have been both synergistic and antagonistic (Warne and
Hawker 1995; Deneer 2000; Maloney et al. 2017, 2018).
Because neonicotinoid‐based products often contain mixtures
of neonicotinoids or other pesticides (Hladik et al. 2014; Main
et al. 2014; Sánchez‐Bayo and Hyne 2014), future research
should address this gap in knowledge.

Sources to WWTPs
Because the primary source of water to the WWTPs in the

present study was through municipal wastewater‐collection
networks, it was expected that any surface and groundwater
contributions of neonicotinoids would be minimal. The WWTPs
had among the highest total (13–61 ng/L) and individual (e.g.,
imidacloprid= 12–48 ng/L) neonicotinoid concentrations. This
is consistent with reports of elevated neonicotinoid concen-
trations at other WWTPs. In a study of 13 US WWTPs,
year‐round detections of imidacloprid occurred at every facility,
with mean influent and effluent concentrations of 60.5
and 58.5 ng/L, respectively. This equates to an overall
approximately 3% removal of imidacloprid during the WWTP
treatment process (Sadaria et al. 2016). Poor removal has also
been observed at WWTPs in the United States, China, and
Europe (Heeb et al. 2012; Hope et al. 2012; Campo et al. 2013;
Masia et al. 2013; Qi et al. 2015). It is estimated that 1000 to
3400 kg of imidacloprid are released from WWTPs in the
United States each year (Sadaria et al. 2016). In the present
study, total neonicotinoid loads from rivers and streams
(median= 4.1 g/d) were greater than those from WWTPs
(0.70 g/d). This does indicate, however, that discharge from
WWTPs constitutes a significant portion of the neonicotinoid
load in rivers and streams.
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The type of treatment used at a WWTP can also influence
the transformation of neonicotinoids. The transformation
product acetamiprid‐N‐desmethyl was detected at all WWTPs
except East Bethel (Figure 6A). East Bethel is the only WWTP
that employs advanced membrane filtration coupled to ultra-
violet irradiation for disinfection before discharging the effluent
to an underlying aquifer. All of the other WWTPs disinfect by
chlorination/dechlorination or ultraviolet irradiation and dis-
charge the effluents to surface water. The stricter disinfection
process at East Bethel is used because of the different envi-
ronment receiving WWTP discharge. Because many homes rely
on aquifers for home water demand, more stringent effluent
regulations are required to ensure that contaminant limits are
met. Similar ranges of acetamiprid‐N‐desmethyl concentrations
in WWTP effluents to those in the present study have been
reported elsewhere (Sadaria et al. 2016). Because this com-
pound was not detected in the influent, the authors speculated
that it was formed during the treatment process.

Because imidacloprid is the main neonicotinoid used for
nonagricultural purposes (Jeschke and Nauen 2005), it was not
surprising that it was the most frequently detected in the
largely urban WWTP effluents (Figure 6; median= 19 ng/L,
maximum= 48 ng/L). It is more difficult to explain the
consistent occurrence of clothianidin (median= 1.8 ng/L,
maximum= 32 ng/L). The concentration of clothianidin strongly
correlates with the sewershed area (ρ= 0.960, p< 0.001;
Supplemental Data, Figure S9E). The larger the sewershed, the
more likely it is that the sewer system receives inputs from
agricultural land. For example, despite primarily urban land use
surrounding the Blue Lake WWTP, the sewershed still contains
approximately 30% agricultural land.

In the Minneapolis–St. Paul Metropolitan Area, the sewershed
areas are positively correlated with the population served by the
WWTP (ρ= 0.960, p< 0.001). The instantaneous neonicotinoid
loads and size of population served were used to determine per
capita neonicotinoid yields at each WWTP (Figure 6B). The
Metropolitan and East Bethel WWTPs had the largest and smallest
neonicotinoid loads and serve the largest and smallest pop-
ulations, respectively. There is a significant correlation between
neonicotinoid loads and population size (ρ= 0.995, p< 0.001;
Supplemental Data, Figure S9B). This is reflected in the per capita
yields (Figure 6B). There are currently no guidelines to regulate the
discharge of neonicotinoids from WWTPs, but the measured
concentrations were still substantially below the acute aquatic‐
life benchmarks for neonicotinoids (385–>114 500 000 ng/L;
University of Hertfordshire 2020; US Environmental Protection
Agency 2020a, 2020b). Chronic effects, however, could be pos-
sible when comparing the detected concentrations in wastewater
to the relevant benchmarks (Supplemental Data, Table S10),
especially in effluent‐dominated systems.

Several nonagricultural sources introduce neonicotinoids
to WWTPs including residues on foods and pets treated with
neonicotinoid‐containing medications (Chen et al. 2014; Lu
et al. 2018). In a survey of 2 US congressional cafeterias in
Washington, DC, neonicotinoid residues were detected on
100% of the fruit and vegetable samples and, in some
cases, exceeded safe consumption levels (Supplemental

Data, Table S13; Lu et al. 2018). A connected study of
Chinese markets detected at least one neonicotinoid in 91%
of all samples at similar concentrations to those found in the
United States (Lu et al. 2018). Tomatoes, apples, and melons
contained the highest neonicotinoid concentrations. For all
tested produce, total neonicotinoid concentrations ranged
from 0.01 to 100 μg/kg. Pets that have been administered
flea and tick–treatment products containing neonicotinoids
also release neonicotinoids to wastewater‐collection systems.
Craig et al. (2005) showed that when a commercial flea‐
control medication was given to dogs at the recommended
dose, neonicotinoids were detected on gloves worn by
individuals who came into contact with the dogs for up
to 1mo after application at residual concentrations near
100 μg/kg of glove.

CONCLUSIONS
The neonicotinoid concentrations observed in surface and

groundwater in Minnesota were similar to those measured in
other studies in the midwestern United States. Neonicotinoids
were detected the most frequently and at the highest concen-
trations at agricultural locations, followed by urban and un-
developed regions. Clothianidin was closely associated with
agricultural land cover, whereas imidacloprid was more closely
associated with urban land use. The type of water body is an
important driver of neonicotinoid occurrence. There were con-
sistently high concentrations in WWTP effluents and significantly
lower concentrations in the other hydrologic compartments. Low
neonicotinoid concentrations in wells in agricultural regions
suggest that their occurrence is likely influenced by one or many
hydrogeologic variables. Total neonicotinoid concentrations
were correlated to drainage area and streamflow. Neonicotinoid
concentrations were typically highest in the spring and early
summer following agricultural and urban use and during ele-
vated streamflow conditions following rain events. Because
sampling was conducted during only one growing season, these
data do not capture the annual variability in environmental
conditions such as changing weather patterns, pesticide regu-
lations, and application rates. Further research is needed to
improve the spatiotemporal resolution of these results. No
samples exceeded acute aquatic‐life benchmarks of mortality or
immobility, whereas 10% of samples exceeded a chronic
benchmark for neonicotinoid mixtures. This suggests that direct
toxic effects to nontarget organisms are not expected, but
chronic effects warrant further evaluation. Neonicotinoid occur-
rence in aquatic systems is expected to continue because of
their wide‐scale use and their relative persistence and high
mobility in the environment. Further research and monitoring of
neonicotinoid insecticides in water bodies in Minnesota and
beyond are therefore needed to better understand their fate
and transport in the environment and predict any potential ad-
verse effects of their continued use.

Supplemental Data—The Supplemental Data are available on
the Wiley Online Library at https://doi.org/10.1002/etc.4959.

1030 Environmental Toxicology and Chemistry, 2021;40:1017–1033—M.J. Berens et al.

© 2020 The Authors wileyonlinelibrary.com/ETC

https://doi.org/10.1002/etc.4959


Acknowledgment—The present study was funded by the
Minnesota Environmental and Natural Resources Trust Fund as
recommended by the Legislative and Citizen Commission on
Minnesota Resources. Thanks to J. Manske and Ramsey County
Public Works for lake sampling assistance and plankton enu-
meration, J. Barry of the Minnesota Department of Natural
Resources and the County Geologic Atlas program for the
collection and water chemistry measurements of groundwater
samples, and M. Langevin (International Water Institute),
O. Tedrow (Vermillion Community College), and A. Dingmann
(Minnesota Pollution Control Agency) in addition to the
Minnesota Department of Agriculture for assisting in the col-
lection of river and stream samples. M. Pillsbury of the
Analytical Biochemistry laboratory at the University of
Minnesota Masonic Cancer Center is thanked for assistance
with LC‐MS/MS analysis and data interpretation.

Author Contributions Statement—W. Arnold, P. Capel, and
M. Berens: experimental conception and design; M. Berens:
water sample coordination and collection; M. Berens: chemical
and statistical analyses; M. Berens: writing; P. Capel and W.
Arnold: technical and editorial assistance.

Conflict of Interest—The authors declare no competing interest.

This article has earned an Open Data/Materials
badge for making publicly available the digitally
shareable data necessary to reproduce the

reported results. The data are available at http://hdl.handle.net/
11299/214867. Learn more about the Open Practices badges
from the Center for Open Science (https://osf.io/tvyxz/wiki).

Data Availability Statement—Data pertaining to this article are
deposited in the Data Repository for the University of
Minnesota (http://hdl.handle.net/11299/214867).

REFERENCES
Aregahegn KZ, Shemesh D, Gerber RB, Finlayson‐Pitts BJ. 2017. Photo-

chemistry of thin solid films of the neonicotinoid imidacloprid on sur-
faces. Environ Sci Technol 52:2760–2767.

Barry J, Miller T, Steenberg J, Runkel A, Kuehner K, Alexander EC. 2020.
Combining high resolution spring monitoring, dye tracing, watershed
analysis, and outcrop and borehole observations to characterize the
Galena Karst, southeast Minnesota, USA. Scholar Commons, University
of South Florida Libraries. [cited 2020 June 1]. Available from: https://
scholarcommons.usf.edu/cgi/viewcontent.cgi?article=1012&context=
sinkhole_2020

Beketov M, Liess M. 2008. Acute and delayed effects of the neonicotinoid
thiacloprid on seven freshwater arthropods. Environ Toxicol Chem
27:461–470.

Bonmatin JM, Giorio C, Girolami V, Goulson D, Kreutzweiser DP, Krupke C,
Liess M, Long E, Marzaro M, Mitchell EA, Noome DA, Simon‐Delso N,
Tapparo A. 2015. Environmental fate and exposure; neonicotinoids and
fipronil. Environ Sci Pollut Res 22:35–67.

Bradford BZ, Huseth AS, Grovesi RL. 2018. Widespread detections of ne-
onicotinoid contaminants in central Wisconsin groundwater. PLoS One
13:e0201753.

Buszewski B, Bukowska M, Ligor M, Staneczko‐Baranowska I. 2019. A holistic
study of neonicotinoids neuroactive insecticides—Properties, applications,
occurrence, and analysis. Environ Sci Pollut Res 26:34723–34740.

Campo J, Masia A, Blasco C, Pico Y. 2013. Occurrence and removal
efficiency of pesticides in sewage treatment plants of four
Mediterranean River basins. J Hazard Mater 263:146–157.

Casida JE. 2011. Neonicotinoid metabolism: Compounds, substituents,
pathways, enzymes, organisms, and relevance. J Agric Food Chem
59:2923–2931.

Cavallaro MC, Liber K, Headley JV, Peru KM, Morrissey CA. 2018.
Community‐level and phenological responses of emerging aquatic
insects exposed to 3 neonicotinoid insecticides: An in situ wetland
limnocorral approach. Environ Toxicol Chem 37:2401–2412.

Chen M, Tao L, McLean J, Lu C. 2014. Quantitative analysis of neonicotinoid
insecticide residues in foods: Implication for dietary exposures. J Agric
Food Chem 62:6082–6090.

Craig MS, Gupta RC, Candery TD, Britton DA. 2005. Human exposure to
imidacloprid from dogs treated with Advantage®. Toxicol Mech
Methods 15:287–291.

Deneer JW. 2000. Toxicity of mixtures of pesticides in aquatic systems. Pest
Manag Sci 56:516–520.

Douglas MR, Tooker JF. 2015. Large‐scale deployment of seed treatments
has driven rapid increase in use of neonicotinoid insecticides and pre-
emptive pest management in U.S. Field crops. Environ Sci Technol
49:5088–5097.

ESRI. 2019. ArcGIS Desktop, Ver 10.6.1. Olympia, WA, USA.

Gibbons D, Morrissey C, Mineau P. 2015. A review of the direct and indirect
effects of neonicotinoids and fipronil on vertebrate wildlife. Environ Sci
Pollut Res Int 22:103–118.

Goulson D. 2013. An overview of the environmental risks posed by neon-
icotinoid insecticides. J Appl Ecol 50:977–987.

Heeb F, Singer H, Pernet‐Coudrier B, Qi W, Liu H, Longrée P, Müller B, Berg
M. 2012. Organic micropollutants in rivers downstream of the megacity
Beijing: Sources and mass fluxes in a large‐scale wastewater irrigation
system. Environ Sci Technol 46:8680–8688.

Hladik ML, Bradbury S, Schulte LA, Helmers M, Witte C, Kolpin DW, Garrett
JD, Harris M. 2017. Neonicotinoid insecticide removal by prairie strips in
row‐cropped watersheds with historical seed coating use. Agric Ecosyst
Environ 241:160–167.

Hladik ML, Calhoun D. 2012. Analysis of the herbicide diuron, three diuron
degradates, and six neonicotinoid insecticides in water—Method details
and application to two Georgia streams. US Geological Survey, Reston, VA.

Hladik ML, Corsi SR, Kolpin DW, Baldwin AK, Blackwell BR, Cavallin JE.
2018a. Year‐round presence of neonicotinoid insecticides in tributaries
to the Great Lakes, USA. Environ Pollut 235:1022–1029.

Hladik M, Kolpin D. 2015. First national‐scale reconnaissance of neon-
icotinoid insecticides in streams across the USA. Environ Chem
13:12–20.

Hladik ML, Kolpin DW, Kuivila KM. 2014. Widespread occurrence of
neonicotinoid insecticides in streams in a high corn and soybean
producing region, USA. Environ Pollut 193:189–196.

Hladik ML, Main AR, Goulson D. 2018b. Environmental risks and challenges
associated with neonicotinoid insecticides. Environ Sci Technol
52:3329–3335.

Hope BK, Pillsbury L, Boling B. 2012. A state‐wide survey in Oregon (USA) of
trace metals and organic chemicals in municipal effluent. Sci Total
Environ 417–418:263–272.

Huseth AS, Groves RL. 2014. Environmental fate of soil applied neon-
icotinoid insecticides in an irrigated potato agroecosystem. PLoS One
9:e97081.

Jeschke P, Nauen R. 2005. Neonicotinoid insecticides. In Comprehensive
Molecular Insect Science, Vol 5. Elsevier, Amsterdam, The Netherlands,
pp 53–105. [cited 2020 May 11]. Available from: https://linkinghub.
elsevier.com/retrieve/pii/B0444519246000697

Jeschke P, Nauen R, Schindler M, Elbert A. 2011. Overview of the status and
global strategy for neonicotinoids. J Agric Food Chem 59:2897–2908.

Klarich KL, Pflug NC, DeWald EM, Hladik ML, Kolpin DW, Cwiertny DM,
LeFevre GH. 2017. Occurrence of neonicotinoid insecticides in finished
drinking water and fate during drinking water treatment. Environ Sci
Technol Lett 4:168–173.

Klarich Wong KL, Webb DT, Nagorzanski MR, Kolpin DW, Hladik ML,
Cwiertny DM, LeFevre GH. 2019. Chlorinated byproducts of neon-
icotinoids and their metabolites: An unrecognized human exposure
potential? Environ Sci Technol Lett 6:98–105.

Neonicotinoids across land‐use gradients—Environmental Toxicology and Chemistry, 2021;40:1017–1033 1031

wileyonlinelibrary.com/ETC © 2020 The Authors

http://hdl.handle.net/11299/214867
http://hdl.handle.net/11299/214867
https://osf.io/tvyxz/wiki
http://hdl.handle.net/11299/214867
https://scholarcommons.usf.edu/cgi/viewcontent.cgi?article=1012&amp;context=sinkhole_2020
https://scholarcommons.usf.edu/cgi/viewcontent.cgi?article=1012&amp;context=sinkhole_2020
https://scholarcommons.usf.edu/cgi/viewcontent.cgi?article=1012&amp;context=sinkhole_2020
https://linkinghub.elsevier.com/retrieve/pii/B0444519246000697
https://linkinghub.elsevier.com/retrieve/pii/B0444519246000697


Krupke CH, Hunt GJ, Eitzer BD, Andino G, Given K. 2012. Multiple routes of
pesticide exposure for honey bees living near agricultural fields. PLoS
One 7:e29268.

Lee Chao S, Casida JE. 1997. Interaction of imidacloprid metabolites and
analogs with the nicotinic acetylcholine receptor of mouse brain in re-
lation to toxicity. Pestic Biochem Physiol 58:77–88.

Lu C, Chang C‐H, Palmer C, Zhao M, Zhang Q. 2018. Neonicotinoid resi-
dues in fruits and vegetables: An integrated dietary exposure assess-
ment approach. Environ Sci Technol 52:3175–3184.

Main AR, Headley JV, Peru KM, Michel NL, Cessna AJ, Morrissey CA. 2014.
Widespread use and frequent detection of neonicotinoid insecticides in
wetlands of Canada's prairie pothole region. PLoS One 9:e92821.

Maloney EM, Liber K, Headley JV, Peru KM, Morrissey CA. 2018. Neonicotinoid
insecticide mixtures: Evaluation of laboratory‐based toxicity predictions
under semi‐controlled field conditions. Environ Pollut 243:1727–1739.

Maloney EM, Morrissey CA, Headley JV, Peru KM, Liber K. 2017. Cumulative
toxicity of neonicotinoid insecticide mixtures to Chironomus dilutus under
acute exposure scenarios. Environ Toxicol Chem 36:3091–3101.

Marzaro M, Vivan L, Targa A, Mazzon L, Mori N, Greatti M, Toffolo EP, di
Bernardo A, Giorio C, Marton D, Tapparo A, Girolami V. 2011. Lethal
aerial powdering of honey bees with neonicotinoids from fragments of
maize seed coat. Bull Insectology 64:119–126.

Masia A, Campo J, Vazques‐Roig P, Blasco C, Pico Y. 2013. Screening
of currently used pesticides in water, sediments and biota of the
Guadalquivir River basin (Spain). J Hazard Mater 263:95–104.

Matsuda K, Buckingham SD, Kleier D, Rauh JJ, Grauso M, Sattelle DB,
Buckingham SD. 2001. Neonicotinoids: Insecticides acting on insect
nicotinic acetylcholine receptors. Trends Pharmacol Sci 22:573–580.

Minnesota Department of Agriculture. 2016. Review of neonicotinoid use,
registration, and insect pollinator impacts in Minnesota. St. Paul,
MN, USA.

Morrissey CA, Mineau P, Devries JH, Sanchez‐Bayo F, Liess M, Cavallaro
MC, Liber K. 2015. Neonicotinoid contamination of global surface
waters and associated risk to aquatic invertebrates: A review. Environ Int
74:291–303.

National Oceanic and Atmospheric Administration. 2020. NOWData—NOAA
online weather data. Washington, DC, USA. [cited 2020 January 6].
Available from: https://w2.weather.gov/climate/xmacis.php?wfo=mpx

Nauen R, Ebbinghaus‐Kintscher U, Salgado VL, Kaussmann M. 2003.
Thiamethoxam is a neonicotinoid precursor converted to clothianidin in
insects and plants. Pestic Biochem Physiol 76:55–69.

Nowak P. 2015. The value of neonicotinoids in North American agriculture:
Executive summary. AgInfomatics, Madison, WI.

Nowell LH, Norman JE, Moran PW, Martin JD, Stone WW. 2014. Pesticide
toxicity index—A tool for assessing potential toxicity of pesticide
mixtures to freshwater aquatic organisms. Sci Total Environ
476–477:144–157.

Nuyttens D, Devarrewaere W, Verboven P, Foqué D. 2013. Pesticide‐laden
dust emission and drift from treated seeds during seed drilling: A
review. Pest Manag Sci 69:564–575.

Pereira AS, Dâmaso‐Rodrigues ML, Amorim A, Daam MA, Cerejeira MJ.
2018. Aquatic community structure in Mediterranean edge‐of‐field
waterbodies as explained by environmental factors and the presence
of pesticide mixtures. Ecotoxicology 27:661–674.

Pietrzak D, Kania J, Kmiecik E, Malina G, Wa̧tor K. 2020. Fate of selected
neonicotinoid insecticides in soil–water systems: Current state of the art
and knowledge gaps. Chemosphere 255:126981.

Qi W, Singer H, Berg M, Müller B, Pernet‐Coudrier B, Liu H, Qu J. 2015.
Elimination of polar micropollutants and anthropogenic markers by
wastewater treatment in Beijing, China. Chemosphere 119:1054–1061.

R Development Core Team. 2019. R: A Language and Environment for
Statistical Computing, Ver 3.6.1. R Foundation for Statistical Computing,
Vienna, Austria.

Roessink I, Merga LB, Zweers HJ, Van den Brink PJ. 2013. The neonicotinoid
imidacloprid shows high chronic toxicity to mayfly nymphs. Environ
Toxicol Chem 32:1096–1100.

RStudio. 2019. RStudio, Ver 1.2.5033. Boston, MA, USA.

Sadaria AM, Supowit SD, Halden RU. 2016. Mass balance assessment for six
neonicotinoid insecticides during conventional wastewater and wetland
treatment: Nationwide reconnaissance in United States wastewater.
Environ Sci Technol 50:6199–6206.

Sánchez‐Bayo F. 2014. The trouble with neonicotinoids. Science 346:
806–807.

Sánchez‐Bayo F, Hyne RV. 2014. Detection and analysis of neonicotinoids in
river waters—Development of a passive sampler for three commonly
used insecticides. Chemosphere 99:143–151.

Schaafsma A, Limay‐Rios V, Xue Y, Smith J, Baute T. 2016. Field‐scale ex-
amination of neonicotinoid insecticide persistence in soil as a result of
seed treatment use in commercial maize (corn) fields in southwestern
Ontario. Environ Toxicol Chem 35:295–302.

Schäfer RB, von der Ohe PC, Rasmussen J, Kefford BJ, Beketov MA, Schulz
R, Liess M. 2012. Thresholds for the effects of pesticides on invertebrate
communities and leaf breakdown in stream ecosystems. Environ Sci
Technol 46:5134–5142.

Schepker TJ, Webb EB, Tillitt D, LaGrange T. 2020. Neonicotinoid
insecticide concentrations in agricultural wetlands and associations with
aquatic invertebrate communities. Agric Ecosyst Environ 287:106678.

Schulz R. 2004. Field studies on exposure, effects, and risk mitigation of
aquatic nonpoint‐source insecticide pollution: A review. J Environ Qual
33:419–448.

Sheets LP, Li AA, Minnema DJ, Collier RH, Creek MR, Peffer RC. 2016.
A critical review of neonicotinoid insecticides for developmental
neurotoxicity. Crit Rev Toxicol 46:153–190.

Simon‐Delso N, Amaral‐Rogers V, Belzunces LP, Bonmatin JM, Chagnon M,
Downs C, Furlan L, Gibbons DW, Giorio C, Girolami V, Goulson D,
Kreutzweiser DP, Krupke CH, Liess M, Long E, McField M, Mineau P,
Mitchell EAD, Morrissey CA, Noome DA, Pisa L, Settele J, Stark JD,
Tapparo A, Van Dyck H, Van Praagh J, Van der Sluijs JP, Whitehorn PR,
Wiemers M. 2015. Systemic insecticides (neonicotinoids and fipronil):
Trends, uses, mode of action and metabolites. Environ Sci Pollut Res
22:5–34.

Spycher S, Mangold S, Doppler T, Junghans M, Wittmer I, Stamm C, Singer
H. 2018. Pesticide risks in small streams—How to get as close as pos-
sible to the stress imposed on aquatic organisms. Environ Sci Technol
52:4526–4535.

Steenberg JR. 2019. C‐50, Geologic Atlas of Dodge County, Minnesota.
Minnesota Geological Survey, St. Paul, MN, USA.

Stehle S, Knäbel A, Schulz R. 2013. Probabilistic risk assessment of
insecticide concentrations in agricultural surface waters: A critical
appraisal. Environ Monit Assess 185:6295–6310.

Stehle S, Schulz R. 2015. Agricultural insecticides threaten surface waters at
the global scale. Proc Natl Acad Sci USA 112:5750–5755.

Suchail S, Debrauwer L, Belzunces LP. 2004. Metabolism of imidacloprid in
Apis mellifera. Pest Manag Sci 60:291–296.

Tapparo A, Marton D, Giorio C, Zanella A, Soldà L, Marzaro M, Vivan L,
Girolami V. 2012. Assessment of the environmental exposure of hon-
eybees to particulate matter containing neonicotinoid insecticides
coming from corn coated seeds. Environ Sci Technol 46:2592–2599.

Thompson DA, Lehmler H‐J, Kolpin D, Hladik ML, Vargo J, Schilling K, Le-
Fevre GH, Peeples T, Poch MC, LaDuca LE, Cwiertny DM, Field RW. 2020.
A critical review on the potential impacts of neonicotinoid insecticide use:
Current knowledge of environmental fate, toxicity and implications for
human health. Environ Sci Process Impacts 22:1315–1346.

Thurman EM, Goolsby DA, Meyer MT, Mills MS, Pomes ML, Kolpin DW.
2002. A reconnaissance study of herbicides and their metabolites in
surface water of the midwestern United States using immunoassay and
gas chromatography/mass spectrometry. Environ Sci Technol 26:
2440–2447.

Todey SA, Fallon AM, Arnold WA. 2018. Neonicotinoid insecticide hydrol-
ysis and photolysis: Rates and residual toxicity. Environ Toxicol Chem
37:2797–2809.

Tomizawa M, Casida JE. 2005. Neonicotinoid insecticide toxicology:
Mechanisms of selective action. Annu Rev Pharmacol Toxicol
45:247–268.

University of Hertfordshire. 2020. Pesticide properties database. Hatfield,
Hertfordshire, UK. [cited 2020 April 10]. Available from: https://sitem.
herts.ac.uk/aeru/ppdb/

US Census Bureau. 2010. State area measurements and internal point co-
ordinates. Suitland‐Silver Hill, MD. [cited 2020 November 3]. Available
from: https://www.census.gov/geographies/reference-files/2010/geo/
state-area.html

US Department of Agriculture. 2014. National Agricultural Statistics
Service report. Washington, DC. [cited 2020 December 3]. Available

1032 Environmental Toxicology and Chemistry, 2021;40:1017–1033—M.J. Berens et al.

© 2020 The Authors wileyonlinelibrary.com/ETC

https://w2.weather.gov/climate/xmacis.php?wfo=mpx
https://sitem.herts.ac.uk/aeru/ppdb/
https://sitem.herts.ac.uk/aeru/ppdb/
https://www.census.gov/geographies/reference-files/2010/geo/state-area.html
https://www.census.gov/geographies/reference-files/2010/geo/state-area.html


from: https://www.nass.usda.gov/Statistics_by_Subject/Environmental/
index.php

US Environmental Protection Agency. 2016. Definition and procedure for
the determination of the method detection limit, revision 2. Washington,
DC. [cited 2020 February 4]. Available from: https://www.epa.gov/cwa-
methods/procedures-detection-and-quantitation-documents

US Environmental Protection Agency. 2020a. ECOTOX knowledgebase, Ver
5. Washington, DC. [cited 2020 February 4]. Available from: https://
cfpub.epa.gov/ecotox/

US Environmental Protection Agency. 2020b. Pesticides. Washington,
DC. [cited 2020 January 5]. Available from: https://www.epa.gov/
pesticides

US Geological Survey. 2020. USGS current conditions for the nation: Build
time series. Reston, VA. [cited 2020 January 11]. Available from: https://
waterdata.usgs.gov/nwis/uv?

Warne MSJ, Hawker DW. 1995. The number of components in a
mixture determines whether synergistic and antagonistic or additive
toxicity predominate: The funnel hypothesis. Ecotoxicol Environ Saf
31:23–28.

Wieben CM. 2019. Estimated annual agricultural pesticide use for counties
of the conterminous United States, 2013–17. US Geological Survey,
Reston, VA.

Wolfram J, Stehle S, Bub S, Petschick LL, Schulz R. 2019. Insecticide risk in
US surface waters: Drivers and spatiotemporal modeling. Environ Sci
Technol 53:12071–12080.

Yang L, Jin S, Danielson P, Homer C, Gass L, Bender SM, Case A, Costello C,
Dewitz J, Fry J, Funk M, Granneman M, Liknes GC, Rigge M, Xian G. 2018.
A new generation of the United States National Land Cover Database:
Requirements, research priorities, design, and implementation strategies.
ISPRS J Photogramm Remote Sens 146:108–123.

Neonicotinoids across land‐use gradients—Environmental Toxicology and Chemistry, 2021;40:1017–1033 1033

wileyonlinelibrary.com/ETC © 2020 The Authors

https://www.nass.usda.gov/Statistics_by_Subject/Environmental/index.php
https://www.nass.usda.gov/Statistics_by_Subject/Environmental/index.php
https://www.epa.gov/cwa-methods/procedures-detection-and-quantitation-documents
https://www.epa.gov/cwa-methods/procedures-detection-and-quantitation-documents
https://cfpub.epa.gov/ecotox/
https://cfpub.epa.gov/ecotox/
https://www.epa.gov/pesticides
https://www.epa.gov/pesticides
https://waterdata.usgs.gov/nwis/uv
https://waterdata.usgs.gov/nwis/uv



