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Peatlands are vital for global carbon storage, but drainage significantly disrupts their natural carbon 
cycling. Drainage alters peatland soil environments in complex ways, affecting factors such as water 
table, soil temperature, organic carbon (SOC), pH, and microbial communities. However, how these 
factors interact to influence GHG emissions remains unclear. In this study, we compared water table, 
soil temperature, soil properties, microbial community structure, and GHG emissions across three 
zones of a peatland in Northeast China undergoing drainage: drained, transition, and natural areas. 
The average water table in the drained area was significantly lower than in the natural area (from 
11.45 cm to -13.47 cm), shifting from waterlogged to unsaturated conditions. Deep soil temperatures 
in the drained area decreased by 1 ~ 3 °C. The pH of the upper soil layer was higher in the drained 
area (5.05 ~ 5.29 vs. 4.64 ~ 4.71), while SOC was lower (197.31 ~ 374.75 g/kg vs. 437.05 ~ 512.71 g/kg). 
Aerobic bacteria (mainly Solibacter) were more abundant in the drained area, while methanogens 
(mainly hydrogenotrophic) declined significantly. Fungal diversity increased from the natural to 
drained area with increased negative interactions and enhanced network modularity. Drainage 
reduced CH4 emissions but increased CO2 and N2O emissions, resulting in a significant rise in net GHG 
emissions (8.86 ~ 10.65 vs. 22.27 ~ 24.26 t CO2-eq·ha⁻¹·season⁻¹), primarily driven by increased CO2. CO2 
emissions were positively correlated with soil temperature, aerobic bacteria, facultatively anaerobic 
bacteria and pH, but negatively correlated with water table, anaerobic bacteria, soil moisture and C/N 
ratio. CH4 flux was positively correlated with methanogens and water table, but negatively correlated 
with pH. The effects of drainage were more pronounced near drainage ditches, particularly for CO2 
emissions, highlighting the localized impacts of drainage on peatland GHG fluxes.
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Peatlands, though covering only about 3% of the Earth’s terrestrial surface, play a pivotal role in the global 
carbon cycles1,2. They store approximately 644 Gt C, constituting 21% of the global soil carbon pool, and reserve 
8 ~ 15 Gt N3–5, significantly contributing to climate change mitigation6,7. However, drained peatland can lead 
to the loss of this function and even shift from carbon sinks to carbon sources8. Currently, approximately 15% 
of the world’s peatlands are artificially drained for purposes such as agriculture, forestry, peat extraction, and 
bioenergy plantations9. Peatland drainage creates oxic conditions and accelerates the mineralization of organic 
matter and nitrogen, leading to soil environmental changes and, consequently, increased GHG emissions10. It 
has been estimated that the world’s drained peatlands cumulatively release 80.8 Gt C and 2.3 Gt N5. The impact 
of drainage on peatland soil environments (including water table, soil temperature, soil SOC, pH, and microbial 
community structure) and how these environmental changes influence GHG emissions, has attracted extensive 
scientific attention and promoted a series of studies on this topic.

The water level changes in peatlands caused by drainage are considered the primary reason for the decline 
in the climate regulation function of peatlands11. The biogeochemistry of peatlands is highly sensitive to 
hydrological regimes. Previous studies have found that, in most cases, higher water tables reduce CO2 emissions 
but increase CH4 emissions; while lower water tables accelerate carbon mineralization, leading to increased CO2 
release and decreased CH4 flux12. However, some studies have observed weak or even opposite relationships 
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between GHG emissions and the water table13–16. The inconsistent results may be attributed to the fact that 
changes in GHG emissions in drained peatlands are influenced not only by variations in the water table but also 
by factors such as soil temperature, physicochemical properties, and their interactions. Therefore, more research 
is needed to investigate the relationship between the drained peatland soil environment and changes in GHG 
emissions to clarify the underlying mechanisms.

Soil temperature, as a key factor influencing nearly all biochemical reactions, directly affects the rates of 
soil respiration, mineralization, and methanogenesis17. Temperature correlations with CO2 and CH4 emission 
fluxes have been observed across a wide range of wetland ecosystems, consistent with kinetic predictions18–21. 
Soil temperature and environmental changes have also been shown to significantly affect N2O emissions from 
peatlands. Yi et al. (2023) found that increased soil temperature stimulates enzyme activity and alters soil 
stoichiometry, thereby increasing N2O emissions, even turning peatlands into a significant source of N2O22. 
Moreover, soil temperature and its effects have been shown to be regulated by water table, with the water table 
influencing the temperature sensitivity of GHG emissions7,23,24. Changes in soil physicochemical properties and 
microbial communities are also important factors driving variations in GHG emissions from drained peatlands. 
The decline in water table can result in increased soil aeration, altering soil pH, SOC, and nutrient cycling 
processes25. These changes in soil properties can, in turn, influence microbial activity26 and the decomposition of 
organic matter, leading to shifts in GHG emissions27. Drainage alters the redox conditions in peatland soils, which 
further leads to changes in SOC content and bioavailability in the soils. SOC content and labile fractions in the 
soils determine the quality of peatland soils and provide carbon sources and electron donors for methanogenesis. 
It has been observed that poor soil quality, such as the prevalence of recalcitrant organic materials, is more likely 
to result in low CH4 emission rates in peatland28–30. Drainage also affects the abundance of aerobic and anaerobic 
bacteria, as well as methanogens, thereby influencing changes in CO2 and CH4 emission fluxes. It is generally 
recognized that undisturbed natural peatlands emit lower N2O due to nitrogen and phosphorus limitations22,31. 
However, under the background of climate change and human activities, changes in water table, soil temperature 
and soil properties in peatlands may significantly increase nitrous oxide emissions31–33.

Northeast China is one of the largest peatland area in China and holds a large carbon pool34,35 that accounts 
for 48% of the total area of wetlands in China36. At the same time, Northeast China has long been a key grain-
producing region, resulting in a significant number of peatlands being impacted by agricultural activities, 
especially drainage practices37–42. However, there is currently no clear consensus on how drainage in Northeast 
China’s peatlands affects soil environment including water table, soil temperature, soil properties, and microbial 
communities, and how these factors interact to ultimately influence GHG emissions from these peatlands. 
Studying the impact of peatland drainage on GHG emissions and the underlying mechanisms is crucial for 
advancing the scientific restoration and management of peatland drainage activities, reducing GHG emissions, 
and mitigating the impact on global climate change. The hypothesis of this study is that drainage alters soil 
environments and microbial communities in peatlands, thereby affecting GHG emissions. Specifically, the 
lowering of the water table resulting from drainage may alter soil temperature, and change the SOC content, pH, 
and microbial community structure, leading to an increase in CO2 emissions, a reduction in CH4 emissions, and 
changes in N2O emissions. The objectives of this study are: (1) evaluateing the impacts of drainage on the soil 
environment of peatlands in Northeast China, with a particular focus on the water table, soil temperature, soil 
properties, and microbial community structure; (2) to explore how these factors interact and influence GHG 
emissions; and (3) to compare the GHG emissions across drained, transition and natural areas in peatlands, 
revealing the localized impacts of drainage on peatland GHG fluxes.

Study site and experimental set-up
The study site, Jinchuan Peatland (42°20′56″ N, 126°22′51″ E) is located in Jinchuan Town, Huinan County, Jilin 
Province. It is part of the Longwan National Nature Reserve within the Changbai Mountain Range in Northeast 
China (Fig. 1a and b). Jinchuan Peatland covers a total area of approximately 100 hectares, with a peat layer 
thickness ranging from 3 to 9 m, experiences a temperate continental monsoon climate, with an annual average 
temperature of 4.1℃ and an average annual precipitation of 704.2  mm (Fig. S1). The dominated vegetation 
community types in the Jinchuan peatland are Sphagnum + Carex + Phragmites43–45. In the 1970s, to meet the 
growing demand for food, agricultural ditches were excavated around the periphery of Jinchuan Peatland, 
converting approximately 37 hectares of its edge area into reclaimed rice paddy peatland (Fig. 1c). As a result, 
the existing Jinchuan Peatland is now adjacent to the reclaimed peatland, separated by agricultural drainage 
ditches (Fig. 1e). The eastern region near the drainage ditch has been significantly affected by drainage, with 
a notable drop in water levels and considerable fluctuations, is classified as the drained area. In contrast, the 
central area of the peatland, where water levels typically fluctuate slightly near the peatland surface and are 
currently subject to relatively minor drainage impact, is classified as the transition area. Meanwhile, the western 
region, maintaining consistently high and stable water levels throughout the year, is classified as the undisturbed 
natural area (Fig. 1d).

In the Jinchuan Peatland, we established two monitoring sites in each of the undisturbed natural area (S1 
and S2), transition area (S3 and S4), and drained area (S5 and S6), totaling six long-term monitoring sites (S1-
S6). In each sites, we installed a monitoring well to measure water levels and soil temperature, along with soil 
collars for GHG measurements (Fig. 1d). Northern peatlands typically exhibit significant seasonal dynamics 
in GHG emission46. Although some studies have found that the non-growing season plays a role in the year-
round methane contribution47, nevertheless, in most cases, the GHG flux during the growing season is still 
dominant48,49. Previous studies by Kwon et al. (2017) found that drainage reduced CH4 fluxes by a factor of 
20 during the growing season, while this impact in the nongrowing season was negligible. This suggests that 
the effect of drainage on CH4 emissions is primarily observed during the growing season50. Existing studies 
on GHG emissions from the Jinchuan Peatland also indicate that GHG emissions are more active during the 
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growing season51–53. Therefore, we monitored GHG emissions from the Jinchuan Peatland during the growing 
season, as it scientifically reflects the contribution of GHG emissions on an annual scale. At each of these six 
sites, we installed automatic monitoring probes to measure water levels and soil temperature, recording data 
hourly from May to October 2019, as the growing season in this study area spans from early May to October. 

Fig. 1.  (a) and (b) Location of the study area, (c) aerial picture of the study area, (d) Schematic map showing 
three areas of drainage states and monitoring sites, (e) aerial view of the Jinchuan Peatland showing the 
adjacent reclaimed area and drainage ditch. Photograph provided by Dr. Liang Ma.
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Correspondingly, GHG fluxes were monitored biweekly from May 14 to October 15, covering the 2019 growing 
season.

Result
Water table and soil temperature
Throughout the experimental period, a total of 4200 water level and soil temperature measurements were 
recorded at each monitoring site (S1 ~ S6). The results of Tukey’s HSD test revealed significant differences in both 
water levels and soil temperatures across all monitoring sites (P < 0.05). The average water levels in the natural 
area (S1 and S2) were significantly higher, at 11.45 ± 9.16 cm and 10.59 ± 9.27 cm, respectively. In the transition 
area (S3 and S4), the average water levels were 4.73 ± 10.65 cm and 3.02 ± 7.08 cm, respectively. In the drained 
area (S5 and S6), the average water levels were − 3.10 ± 8.53 cm and − 13.47 ± 7.84 cm (Table 1). Soil temperatures 
generally increased from early May, peaked in mid-summer, and then gradually declined until October (Fig. 2). 
The average soil temperatures in the drained area were 9.06 ± 3.64 °C for S5 and 8.21 ± 4.39 °C for S6, which were 
lower than the temperatures in the natural and transition areas (S1 ~ S4), which ranged from 10.65 ± 4.83 °C to 
12.40 ± 3.11 °C. Drainage not only significantly lowered the water levels in the Jinchuan peatland (from 11.45 cm 

Fig. 2.  Water level and soil temperature of three areas of drainage states. The blue line represent for hourly 
recorded water level (cm); the red line represent for hourly recorded soil temperature (℃); the vertical yellow 
dashed lines indicate the timing of GHG sampling campaigns; the blue dashed transverse line indicating the 
0 cm water level.
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to -13.47  cm), shifting the area from a prolonged waterlogged state to an unsaturated condition, but it also 
resulted in a decrease in soil temperature at the depth of 1 m by 1 ~ 3 °C.

Soil properties
The SOC content in the 0 ~ 40  cm soil layer significantly decreased in the drained area, ranging from 
197.31 ~ 374.75 g/kg, compared to 416.40 ~ 459.81 g/kg in the transition area and 437.05 ~ 512.71 g/kg in the 
natural area. The upper layer SOC in the drained area decreased by 14.25–61.52% compared to the natural area. 
However, the differences in TN and DOC contents across different drainage state areas were not significant. The 
pH value in the surface soil (0 ~ 20 cm) was significantly higher in the drained area, ranging from 5.05 ~ 5.29, 
compared to 4.59 ~ 4.89 in the transition area and 4.64 ~ 4.71 in the natural area. The soil water content (SWC) at 
the 0–20 cm depth remained relatively high in the natural area, ranging from 531.18 to 540.59%. In the transition 
area, SWC showed a slight decline, ranging from 417.20 to 539.04%. In contrast, the drained area experienced a 
significant decrease, with values ranging from 212.73 to 343.27%. The C/N ratio in the 0 ~ 40 cm soil layer was 
significantly lower in the drained area, ranging from 11.88 ~ 28.48, compared to 30.37 ~ 37.26 in the transition 
area and 30.26 ~ 32.63 in the natural area (Table  2).

Soil microbial communities
Bacteria
The bacterial phylum composition in the natural and transition areas was relatively similar, however the 
drainage area showed notable differences (Fig.  3a). In particular, Proteobacteria and Acidobacteriota were 
more abundant in the drainage area, while Chloroflexi and Bacteroidota were less abundant compared to the 
natural and transition areas. In the natural and transition areas, Chloroflexi was the dominant phylum, but in 
the drainage area, the dominance shifted to Proteobacteria. The relative abundance of Chloroflexi declined from 
19.2%~23.1% in the natural and transition areas to 10.5%~16.0% in the drainage area, while Proteobacteria 
increased from 12.0%~15.3–21.6%~39.1%.

Solibacter was dominant aerobic bacteria in the Jinchuan peatland, exhibits a comparable abundance in the 
natural and transition areas (8.3%~11.9%) but increases significantly in the drained area (14.4%~21.3%). The 
total abundance of aerobic bacteria demonstrates a progressive increase along the gradient from S1 to S6, rising 
from 33.2% at S1 to 50.7% at S6 (Fig. 3b). This pattern corresponds to the proximity of the monitoring sites 
to the drainage ditches, with S1 located the farthest and S6 the closest. Conversely, anaerobic bacteria display 
an opposite trend, with their total abundance declining from 31.4% at S1 to 11.8% at S6 (Fig. 3c). Among the 
anaerobic genera, Smithella, BSV26, and Aminicenantales exhibit a marked reduction in abundance within the 
drained area. Facultatively anaerobic bacteria, which constitute a smaller proportion of the overall bacterial 

Natural area Transition area Drained area

S1 S2 S3 S4 S5 S6

Location 42°20’45"N
126°21’40"E

42°20’52"N
126°21’42"E 42°20’48"N 126°21’51"E 42°20’50"N 126°22’01"E 42°20’43"N 126°22’00"E 42°20’52"N 126°22’14"E

Monthly average water level (cm)

 May 3.00 ± 8.70 1.04 ± 10.32 -14.62 ± 11.48 1.60 ± 4.04 -6.73 ± 3.30 -23.67 ± 5.53

 June 7.15 ± 9.69 5.69 ± 7.92 1.74 ± 4.50 -1.75 ± 4.01 -9.45 ± 7.57 -17.35 ± 4.45

 July 7.77 ± 7.83 5.40 ± 6.83 2.04 ± 3.38 -3.56 ± 2.77 -6.79 ± 7.62 -17.73 ± 3.25

 August 13.01 ± 6.02 12.06 ± 4.66 5.19 ± 3.95 -0.10 ± 3.84 -1.92 ± 7.50 -14.37 ± 4.30

 September 21.69 ± 4.92 20.49 ± 4.44 13.53 ± 4.09 9.11 ± 4.32 -7.69 ± 5.82 -4.96 ± 4.44

 October 13.91 ± 4.04 16.39 ± 3.82 15.24 ± 3.73 12.48 ± 3.78 -2.27 ± 4.96 -5.29 ± 3.64

Average water level during the growing season (cm)

11.45 ± 9.16 a 10.59 ± 9.27 b 4.73 ± 10.65 c 3.02 ± 7.08 d -3.10 ± 8.53 e -13.47 ± 7.84 f

Monthly average soil temperature (℃)

 May 8.32 ± 2.85 3.75 ± 3.35 1.95 ± 2.39 1.61 ± 0.46 -2.33 ± 0.49 2.31 ± 1.64

 June 12.08 ± 1.16 11.04 ± 0.68 8.94 ± 1.55 7.77 ± 1.85 -6.04 ± 1.44 2.68 ± 0.62

 July 14.17 ± 0.78 12.39 ± 0.98 14.53 ± 3.14 13.44 ± 1.67 -9.29 ± 1.31 7.82 ± 2.12

 August 16.02 ± 0.39 15.17 ± 0.37 18.17 ± 1.39 16.21 ± 0.78 -12.90 ± 0.54 13.13 ± 0.54

 September 13.72 ± 1.43 13.59 ± 1.14 15.39 ± 1.84 13.75 ± 1.47 -12.59 ± 0.62 12.66 ± 0.79

 October 8.97 ± 1.71 9.74 ± 1.37 9.55 ± 2.01 8.57 ± 1.88 -9.35 ± 1.35 8.96 ± 1.46

Average soil temperature during the growing season (℃)

12.4 ± 3.11 a 11.30 ± 3.70 b 11.89 ± 5.46 c 10.65 ± 4.83 d 9.06 ± 3.64 e 8.21 ± 4.39 f

Table 1.  Average water level and soil temperature of three areas of drainage States. “average water level during 
the growing season”, and “average soil temperature during the growing season” refers to the mean value of 
hourly water level and soil temperature data collected from May to October, respectively.  Data are presented 
mean value ± standard error. Different lowercase letters indicate significant differences among the 6 sampling 
sites (Tukey’s HSD test, α = 0.05, n = 4200).
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community, are represented by Xanthobacteraceae, Pseudolabrys, and Bradyrhizobium. The abundance of these 
genera is significantly elevated in the drained area compared to the natural and transition areas (Fig. 3d).

Archaea
The dominant archaea genus in Jinchuan peatland soils are Bathyarchaeia and Methanobacterium. Notably, the 
relative abundance of Bathyarchaeia increased in the drained areas compared to the natural and transitional 
zones, ranging from 39.8%~58.2% in the drained areas, versus 39.5%~42.7% in the natural and transitional zones. 
In contrast, the abundance of Methanobacterium decreases in the transitional and drained zones compared to 
the natural zones, with relative abundances of 18.8%~21.0% in the transitional and drained zones, compared to 
19.2%~36.9% in the natural zones (Fig. 4a).

As for the methanogenic functionality, methanogens in the Jinchuan peatland soils were classified into four 
types: hydrogenotrophic methanogens, acetoclastic methanogens, methylotrophic methanogens, and multi-
substrate methanogens. Hydrogenotrophic methanogens exhibit the highest relative abundance across all 
drainage conditions but show a marked decline in the drained areas compared to the natural and transitional 
zones. Their relative abundance ranges from 20.7%~37.9% in the natural zones to 18.1%~23.2% in the 
transitional and drained zones. Overall, the total relative abundance of methanogens progressively decreases 
along the gradient from S1 to S6, dropping from 49.1% at S1 to 25.7% at S6 (Fig. 4b). This decline corresponds 
to the proximity of the sampling sites to drainage ditches, with S1 being the farthest from and S6 the closest to 
the drainage ditches.

Fungus
Ascomycota and Basidiomycota are the most abundant fungal phyla in the Jinchuan peatland, and they exhibit 
contrasting responses to drainage (Fig. 5a). Ascomycota is the most dominant in the natural area, accounting 
for 63.1%~70.9%, but its abundance decreases in the transition area (46.2%~54.6%) and reaches its lowest 
in the drained area (40.0%~49.8%). In contrast, Basidiomycota has the lowest abundance in the natural area 
(9.7%~10.3%), but its proportion increases in the transition area (16.5%~27.3%) and peaks in the drained area 
(27.4%~33.6%). The fungal alpha diversity indices (Ace and Sobs) show a gradual increase from the natural area 
to the drained area, with higher values in the transition and drained areas (Fig. 5b, c).

The fungal community composition network structures differ significantly across the three drainage states 
(Fig. 5d and Table S1). In the natural area, the fungal networks at S1 and S2 exhibited the highest modularity 
(M = 0.58 and M = 0.52, respectively) and a dominance of positive interactions, with positive link percentages 
of 98.5% at S1 and 90.1% at S2. In the transition area (S3 and S4), the modularity increased to 0.77 and 0.73, 
respectively, while positive interactions decreased to 80.0% at S3 and 86.3% at S4, indicating a shift towards 
more negative interactions (20.00% and 13.71%). In the drained area (S5 and S6), the fungal networks displayed 
high modularity (M = 0.75 and M = 0.69) but further decreases in positive interaction percentages (82.8% at S5 

Environment factors Soil depth (cm)

Natural area Transition area Drained area

S1 S2 S3 S4 S5 S6

SOC (g/kg)

0 ~ 20 437.05 (± 1.35) A/a 441.80 (± 18.67) A/a 416.40 (± 10.72) A/a 463.05 (± 30.58) A/a 340.03 (± 50.97) A/b 197.31 (± 4.82) A/c

20 ~ 40 512.71 (± 3.77) B/a 474.10 (± 5.24) A/b 453.95 (± 5.06) B/b 459.81 (± 14.05) A/b 374.75 (± 14.75) A/c 296.13 (± 4.49) B/d

40 ~ 60 524.05 (± 3.65) C/ab 545.66 (± 35.41) B/ab 561.35 (± 2.91) C/a 528.04 (± 10.34) B/ab 515.17 (± 4.51) B/b 526.64 (± 10.91) C/ab

TN (g/kg)

0 ~ 20 14.48 (± 0.87) A/abc 14.32 (± 1.04) A/abc 13.62 (± 1.10) A/bc 12.44 (± 0.76) A/c 16.06 (± 1.26) A/ab 16.65 (± 1.13) A/a

20 ~ 40 15.74 (± 0.78) A/a 15.12 (± 0.97) A/a 14.37 (± 0.83) A/a 15.23 (± 1.54) B/a 13.17 (± 0.61) B/a 14.17 (± 0.66) A/a

40 ~ 60 16.75 (± 1.76) A/a 15.49 (± 0.90) A/a 15.67 (± 1.30) A/a 15.76 (± 1.02) B/a 15.27 (± 1.43) AB/a 16.13 (± 1.88) A/a

DOC (g/kg)

0 ~ 20 0.55 (± 0.10) A/b 0.61 (± 0.03) A/ab 0.62 (± 0.08) AB/ab 0.83 (± 0.08) A/a 0.44 (± 0.12) A/b 0.47 (± 0.04) A/b

20 ~ 40 0.60 (± 0.06) A/b 0.63 (± 0.19) A/ab 0.71 (± 0.08) A/ab 0.92 (± 0.06) A/a 0.80 (± 0.12) B/ab 0.91 (± 0.14) B/ab

40 ~ 60 0.49 (± 0.06) A/ab 0.45 (± 0.10) A/b 0.51 (± 0.04) B/ab 0.58 (± 0.13) B/ab 0.71 (± 0.13) B/ab 0.73 (± 0.08) B/a

pH

0 ~ 20 4.71 (± 0.08) A/c 4.68 (± 0.06) A/c 4.73 (± 0.07) A/bc 4.89 (± 0.05) A/b 5.21 (± 0.06) A/a 5.29 (± 0.05) A/a

20 ~ 40 4.71 (± 0.04) A/a 4.64 (± 0.08) AB/a 4.59 (± 0.02) B/a 4.74 (± 0.13) AB/a 5.09 (± 0.07) AB/b 5.05 (± 0.09) B/b

40 ~ 60 4.62 (± 0.06) A/b 4.53 (± 0.02) B/b 4.57 (± 0.06) B/b 4.61 (± 0.08) B/b 4.89 (± 0.18) B/a 4.66 (± 0.08) C/ab

SWC (%)

0 ~ 20 540.59 (± 26.30) A/a 531.18 (± 15.42) A/a 539.04 (± 5.57) A/a 417.20 (± 17.53) A/b 343.27 (± 11.66) A/c 212.73 (± 11.04) A/d

20 ~ 40 603.23 (± 1.81) B/a 542.72 (± 18.92) A/bc 546.25 (± 4.74) A/b 500.98 (± 11.99) B/c 438.94 (± 20.52) B/d 305.89 (± 21.39) B/e

40 ~ 60 588.34 (± 3.87) B/a 545.99 (± 21.20) A/b 545.48 (± 8.81) A/b 550.01 (± 12.98) C/b 540.54 (± 8.83) C/b 492.03 (± 12.16) C/c

C/N

0 ~ 20 30.26 (± 1.73) A/a 30.96 (± 2.56) A/a 30.74 (± 3.16) A/a 37.26 (± 2.00) A/a 21.40 (± 4.83) A/b 11.88 (± 0.79) A/c

20 ~ 40 32.63 (± 1.80) A/a 31.45 (± 2.29) AB/a 31.66 (± 1.60) A/a 30.37 (± 2.85) B/a 28.48 (± 1.46) AB/a 20.94 (± 1.09) B/b

40 ~ 60 31.50 (± 3.08) A/a 35.23 (± 0.79) B/a 36.01 (± 3.16) A/a 33.61 (± 2.44) AB/a 33.92 (± 2.94) B/a 32.95 (± 3.93) C/a

Table 2.  Soil properties of three areas of drainage States. SOC, TN, DOC, SWC and C/N represent for soil 
organic carbon content, total nitrogen, dissolved organic carbon, soil water content, and carbon-nitrogen ratio 
respectively. Data are presented mean value ± standard error, n = 3. Different capital letters indicate significant 
differences among the 3 soil profiles, while different lowercase letters indicate significant differences among the 
6 sampling sites (Tukey’s HSD test, α = 0.05).
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and 80.1% at S6) and increased negative interactions (17.2% and 19.9%). Drainage disrupted fungal community 
interactions, increased negative interactions and altered network modularity.

GHG fluxes
Instantaneous GHG flux
CH4 fluxes exhibit significant spatial and temporal heterogeneity, with higher fluxes observed in July and August 
and greater fluxes in natural areas compared to drained areas (Fig. S2a). Eco_CH4 fluxes were generally greater than 
soil_CH4 fluxes, indicating that the plant community in the Jinchuan peatland (Sphagnum + Carex + Phragmites) 
contributes to increased CH4 emissions. The highest instantaneous CH4 flux was observed in the natural 
areas, reaching 8.75 ± 2.97 mg·m− 2·h− 1 in July. In the transition areas, CH4 fluxes were relatively lower, with 
the maximum CH4 flux recorded in August at 4.25 ± 1.11 mg·m− 2·h− 1. In the drained areas, CH4 fluxes were 

Fig. 3.  (a) Bacterial community composition on Phylum level, (b) aerobic function bacteria relative 
abundance, (c) anaerobic function bacteria relative abundance and (d) facultatively anaerobic function bacteria 
relative abundance.
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the lowest, with the highest CH4 flux detected in September at 1.53 ± 0.15 mg·m− 2·h− 1. N2O fluxes also exhibit 
higher fluxes in summer with Eco_N2O fluxes generally exceeding soil_N2O fluxes (Fig. S2b). In natural areas, 
N2O fluxes were minimal, ranging from − 0.01 ± 0.017 mg·m− 2·h− 1 in October to 0.09 ± 0.034 mg·m− 2·h− 1 in July. 
In transitional areas, N2O fluxes increased, ranging from − 0.01 ± 0.009 mg·m− 2·h− 1 in October to 0.22 ± 0.058 
mg·m− 2·h− 1 in July. In drained areas, N2O fluxes were higher than in both natural and transitional areas, reaching 

Fig. 5.  Fungal diversity and community composition (a) Relative abundance on Phylum level, (b) Ace index, 
(c) Sobs index, (d) Networks of three areas of drainage states, nodes of different colors represent different 
fungal phyla, green edges represent positive interactions between nodes, red edges represent negative 
interactions.

 

Fig. 4.  (a) Archaea community composition on Genus level, (b) relative abundance of archaea methanogens 
types.
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0.27 ± 0.076 mg·m− 2·h− 1 in July, and remaining relatively low at -0.02 ± 0.019 mg·m− 2·h− 1 in October. CO2 fluxes 
also exhibited a gradient across different drainage states (Fig. S2c). In natural areas, SR was relatively low, with 
the highest instantaneous SR flux measured in July at 318.52 ± 65.84 mg·m− 2·h− 1, and NEE was strongly negative 
during June to August, ranging from − 596.93 ± 101.26 to -896.54 ± 127.02 mg·m− 2·h− 1. In transitional areas, 
SR flux were higher than the natural areas, with the maximum flux also recorded in July at 657.32 ± 273.72 
mg·m− 2·h− 1, and NEE during June to August ranged from − 495.39 ± 67.90 to -870.98 ± 68.13 mg·m− 2·h− 1, 
reflecting weakened carbon sequestration compared to undisturbed natural areas. In drained areas, the highest 
SR levels were observed in all three drainage states areas, with the maximum flux reaching 1149.76 ± 310.47 
mg·m− 2·h− 1 in July at the S6 site. Meanwhile, the NEE ranged from − 275.94 ± 87.07 to 133.12 ± 41.04 mg·m− 2·h− 1, 
which was significantly higher than that in the natural and transition areas, or even turned positive, indicating 
increased carbon emissions and a compromised carbon sequestration capacity in the drained areas.

Interpolated cumulative GHG emission
We processed the instantaneous GHG flux from May to October using linear interpolation to calculate the 
cumulative emission flux for the entire growing season (May to October). In natural areas, the cumulative 
soil CH4 emissions were the highest, ranging from 81.49 ± 4.32 to 113.03 ± 5.08  kg·CH4·ha− 1·season− 1, 
which was 3.26 to 7.36 times higher than in drained areas, while CO2 and N2O emissions were the lowest, at 
approximately 5.63 ± 0.47 ~ 8.27 ± 0.57·t CO2·ha− 1·season− 1 and 0.23 ± 0.03 ~ 0.38 ± 0.01  kg·N2O·ha− 1·season− 1, 
respectively (Fig. 6a, b,c). With the degree of drainage increases, soil CO2 and N2O emissions rose significantly, 
reaching 11.29 ± 1.53 ~ 12.56 ± 0.74 t·CO2·ha− 1·season− 1 and 0.78 ± 0.21 ~ 0.81 ± 0.18  kg·N2O·ha− 1·season− 1 

Fig. 6.  Cumulative GHG fluxes of three areas of drainage states, (a) Soil_CO2 flux, (b) Soil_CH4 flux, (c) 
Soil_N2O flux, and (d) Net GHG emission in carbon dioxide equivalent (CO2-eq). Data are presented mean 
value ± SE, n = 3. Different lowercase letters indicate significant differences among monitoring sites (P < 0.05).
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in transitional areas and further increasing to 21.31 ± 1.93 ~ 23.16 ± 0.57 t·CO2·ha− 1·season− 1 and 
1.51 ± 0.27 ~ 1.98 ± 0.36  kg·N2O·ha− 1·season− 1 in drained areas.Meanwhile, on the contrary, CH4 emissions 
gradually decreased with drainage, dropping to 59.65 ± 5.63 ~ 61.96 ± 4.10 kg·CH4·ha− 1·season− 1 in transitional 
areas and further down to 15.35 ± 1.67 ~ 24.97 ± 1.58 kg·CH4·ha− 1·season− 1 in drained areas. In terms of the net 
GHG emissions in CO2 equivalent, natural areas had the lowest emissions (approximately 8.86 ± 0.44 ~ 10.65 ± 0.56 
t·CO2-eq·ha⁻¹·season⁻¹), transitional areas exhibited moderate emissions (about 13.18 ± 1.48 ~ 14.50 ± 0.79 
t·CO2-eq·ha⁻¹·season⁻¹), and drained areas recorded the highest emissions (22.27 ± 2.02 ~ 24.26 ± 0.56 t·CO2-
eq·ha⁻¹·season⁻¹) which was 2.09 ~ 2.74 times higher than in natural areas. Overall, drainage significantly 
reduced CH4 emissions but increased CO2 and N2O emissions, ultimately leading to a notable increase in net 
GHG emissions primarily driven by the substantial increase in CO2 emissions (Fig. 6d).

Relationship between soil environmental factors and GHG fluxes
Soil respiration and soil N2O fluxes are negatively correlated with the water table (Fig. 7a, e), while soil CH4 flux is 
positively correlated with the water table (Fig. 7c). Soil temperature is another critical factor, positively correlated 
with soil respiration (Fig. 7b) and CH4 fluxes (Fig. 7d). In addition to water level and soil temperature, soil pH 
is also a significant influencing factor. Soil pH is strongly linked to CO2, CH4 fluxes, and net GHG emissions 
(Fig. S3). SR is positively correlated with the abundance of aerobic bacteria and facultatively anaerobic bacteria, 
as well as soil pH, while it is negatively correlated with the abundance of anaerobic bacteria, soil moisture content, 
and soil C/N (Fig. S3a). CH4 emission flux is positively correlated with methanogens (mainly hydrogenotrophic 
methanogens) and water level, while it is negatively correlated with soil pH (Fig. S3b). Net GHG emissions 
in CO2 equivalent are positively correlated with the abundance of aerobic bacteria and facultatively anaerobic 
bacteria, as well as soil pH, while they are negatively correlated with water level, abundance of anaerobic bacteria, 
and abundance of methanogens (Fig. S3c).

The results of the multiple regression model show that the changes in environmental factors caused by 
peatland drainage have a significant interactive effect on GHG emissions (Table  3). The combination of soil 
temperature and inundation status significantly improves the predictive power of the SR and CH4 flux models 
(R2 values increase from 0.34 to 0.38 for SR and from 0.34 to 0.37 for CH4 flux when inundation status is 
included). Furthermore, drainage effects are more pronounced near drainage ditches, as shown in both the SR 
and CH4 flux models. The inclusion of ‘Proximity to the drainage ditch’ (Prox to DD, categorized as proximal or 
distal by dummy variable transformation) in Model 3 further improved R² values (e.g., 0.52 for SR and 0.43 for 
CH4 flux), indicating the localized impact of drainage. Seasonal variations also play a role, with higher emissions 
during warmer seasons, and as indicated in Table 3, where the inclusion of season improves model performance 
(R² increases from 0.52 to 0.55 for SR). The results of the multiple regression model highlight the complex and 
localized effects of drainage on peatland GHG fluxes, with seasonality and proximity to drainage ditches playing 
significant roles in the spatial and temporal variability of emissions.

Further structural equation modeling analysis results show that, for soil respiration and CH4 emissions, 
although water level and inundation status have significant effects, soil temperature exhibits the strongest direct 
effect, and season is the main factor regulating soil temperature (Fig. 8). This implies that if global climate change 
leads to seasonal temperature variations in northern regions, which in turn affect soil temperature in northern 
peatlands, it could ultimately have a significant impact on GHG emissions from peatlands. In addition, the 
structural equation modeling results show that proximity to drainage ditches has a significant direct effect on SR 
(0.60**, Fig. 8a). In comparison, CH4 emissions are primarily controlled by soil temperature, inundation status, 
and season, while proximity to drainage ditches indirectly affects CH4 emissions by influencing soil temperature 
and inundation status (Fig. 8b).

Discussion
Drainage significantly altered the peatland soil environment, primarily by lowering the water table, which 
shifted the peatland from a saturated to an unsaturated state. This reduction in water level further led to changes 
in the soil’s redox environment, enhancing aerobic microbial activity. As a result, soil pH increased, SOC content 
decreased, and the soil C/N ratio lowered. Our study found drainage enhancing aerobic microbial activity, 
particularly Solibacter. Mastny et al. (2021) identified Solibacter (Acidobacteria) as one of the key bacterial taxa 
with the potential to decompose complex organic carbon in peatlands54. Our study found that the SOC content 
in the 0 ~ 40  cm soil layer was significantly lower in the drained areas compared to the natural areas, along 
with a reduced C/N ratio. This result is consistent with the findings of Leifeld et al., (2020), who observed that 
drainage in peatlands for agriculture lead to significant losses of organic matter and a decrease in the C/N ratio55. 
Additionally, the study by Chen et al. (2024) investigated the effects of drainage on the soil physicochemical 
properties and organic carbon fractions of the Baijianghe peatland in Northeast China. They found that drainage 
resulted in a total soil carbon loss of 25%, and they found that over 80% of the total carbon loss after drainage was 
attributed to the loss of recalcitrant carbon fractions56. Based on our experimental results and those of previous 
studies, it can be inferred that drainage leads to an increase in Solibacter in the soil, which enhances the soil 
microbial community’s ability to decompose complex organic carbon, thereby resulting in a decrease in soil SOC 
and C/N ratio in drained peatlands.

Our study found that drainage significantly increased soil pH in the surface layer, with pH values in the 
drained areas ranging from 5.05 to 5.29, which were significantly higher than those in the natural (4.64 ~ 4.71) and 
transition areas (4.59 ~ 4.89). Zhang et al., (2024), who also observed that long-term drainage and afforestation 
in peatland soils on the Yunnan-Guizhou Plateau in China led to significant changes in soil physicochemical 
properties, including an increase in pH. They also pointed out that pH is one of the key driving factors for 
changes in soil bacterial community composition and diversity57. In contrast, Urbanova et al. (2016) observed 
that drainage caused a decrease in pH, and also resulted in reduced microbial activity. Similarly, Toberman 
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et al. (2010) reported that drainage led to soil acidification and suppressed phenol oxidase activity58,59. These 
findings contrast with the increase in pH observed in the drained areas in our study. The possible reason for 
this discrepancy is that in our study, the drained soils were exposed to higher oxygen concentrations, which, 
as evidenced by the significantly increased abundance of aerobic bacteria in the drained areas, likely promoted 
aerobic microbial decomposition and increased soil pH. In contrast, Urbanova et al. (2016) and Toberman et al. 
(2010) found that drainage suppressed microbial activity, which could be attributed to differences in peatland 
type, drainage history, and the intensity of drainage in their studies.

Fig. 7.  The correlation between GHG flux and environmental factors. (a) Water level vs. Soil_respiration; (b) 
Soil temperature vs. Soil_respiration; (c) Soil temperature vs. Soil_CH4 Flux; (d) Water Level vs. Soil_CH4 
Flux; (e) Water level vs. Soil_N2O Flux; (f) Soil temperature vs. Soil_N2O Flux.
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Our results indicated, the increase in aerobic bacterial populations played a key role in driving CO2 
emissions. Specifically, microbial communities in drained areas showed significant shifts, including a decrease 
in the relative abundance of Desulfobacteriota and an increase in Proteobacteria and Acidobacteriota. These 
microbial community changes likely contributed to the altered CO2 emissions observed in drained peatlands. 

Fig. 8.  Structural equation modeling analysis of environmental factors on (a) SR and (b) soil_CH4 flux. ** 
indicates very significant (P < 0.001), * indicates significant (P < 0.005), dashed lines indicate P > 0.005. Blue 
lines represent significant negative impacts. Red lines represent significant positive impacts. The pathways 
indicate the direction and strength of these relationships.

 

Model Predictor variables R2 RMSE

SR 1 Soil temp×Water level 0.341 239.489

2 Soil temp×Inundation status 0.384 231.607

3 Soil temp×Inundation status×Prox to DD 0.520 204.907

4 Soil temp×Water level×Prox to DD 0.523 204.276

5 Soil temp×Water level×Seasons×Prox to DD 0.554 198.058

6 Soil temp×Inundation status×Seasons×Prox to DD 0.556 197.525

Soil_CH4 flux 1 Soil temp×Water level 0.337 1.134

2 Soil temp×Inundation status 0.368 1.107

3 Soil temp×Prox to DD 0.428 1.054

4 Soil temp×Water level×Seasons 0.502 0.978

5 Soil temp×Prox to DD×Seasons 0.501 0.986

6 Soil temp×Inundation status×Seasons 0.526 0.961

Soil_N2O flux 1 Water level×Seasons 0.139 0.042

2 Inundation status×Seasons 0.147 0.041

3 Soil temp×Seasons×Prox to DD 0.231 0.039

Table 3.  Model performance and predictor variables of soil GHG flux. All models included significant effects. 
Soil temperature (Soil temp), season (spring, summer, or autumn), proximity to the drainage ditch (Prox to 
DD; categorized as proximal or distal), and inundation status (classified based on hourly water level data into 
continuous inundation, intermittent inundation, and continuous non-inundation) were considered.
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Munford et al. (2023) observed a shift in bacterial and archaeal community composition as the distance from 
the stressor increased. Specifically, they noted a decrease in the proportion of Acidobacteria, particularly the 
order Acidobacteriales, which suggests that Acidobacteria especially the order Acidobacteriales, are associated 
with environmental stress60. As environmental stress increases, the abundance of Acidobacteria decreases. In 
contrast, our study found an increase in Acidobacteriota, particularly Solibacter, in the drained areas, indicating 
that drainage reduced environmental stress on aerobic bacteria, leading to an increase in their abundance.
Furthermore, our results showed that facultatively anaerobic bacteria, which make up a smaller proportion 
of the overall bacterial community, are represented by genera such as Xanthobacteraceae, Pseudolabrys, and 
Bradyrhizobium. The abundance of these genera was significantly higher in the drained areas compared to the 
natural and transition zones. Recent research has highlighted that Xanthobacteraceae could play an important 
role in microbial community composition, particularly under conditions where different carbon sources are 
utilized61. This may suggest that the types of carbon sources in the drained areas are more diverse compared to 
natural areas. In drained zones, where water tables are lowered and oxygen availability increases, the microbial 
community may undergo a selection process favoring facultatively anaerobic bacteria that can thrive in such 
conditions. This, in turn, might indicate that the carbon sources available in the drained areas are more diverse 
and varied compared to natural areas, where anaerobic conditions tend to dominate. Facultatively anaerobic 
bacteria, such as those from Xanthobacteraceae, are known to utilize a variety of organic substrates, including 
complex compounds such as lignocellulose, which are abundant in peatlands. Additionally, studies by Kunarso 
et al. (2024) and Wang et al. (2023) have found that drainage not only reduces SOC but also alters the molecular 
composition of SOC62,63, which supported this standpoint.

In addition to bacteria, fungal community structure also shows a significant response and role in the drainage 
process of peatlands. Our study found that drainage significantly affected the fungal community composition 
in the Jinchuan peatland, with Ascomycota and Basidiomycota showing contrasting responses to drainage. 
Specifically, Ascomycota had the highest relative abundance in the natural area (63.1%~70.9%) but declined 
in the drained area (40.0%~49.8%), whereas Basidiomycota had the lowest relative abundance in the natural 
area (9.7%~10.3%) but increased in the drained area (27.4%~33.6%). Peltoniemi et al., (2009) also identified 
Ascomycota and Basidiomycota as the predominant fungal phyla in a boreal peatland in Finlan, and reported 
that Basidiomycota responds more significantly to hydrological changes than Ascomycota64. Additionally, our 
study observed an increasing trend in fungal alpha diversity indices (Ace and Sobs) across the drainage gradient, 
which is in agreement with the findings of Ali et al., (2018). They found that Ascomycota and Basidiomycota 
were the dominant fungal phyla across various peatland ecosystems and that fungal diversity increased following 
drainage65. Regarding fungal network structure, we found that fungal networks in the drained areas exhibited 
high modularity, with an increase in negative interactions and a decrease in positive interactions. Runnel et 
al., (2023) observed that in drained peatland forests in Estonia, water level restoration and natural conditions 
increased the relative abundance of saprotrophic fungi26. This results from our study and previous research 
together indicate that drainage not only alters the relative abundance of fungal phyla (mainly Ascomycota and 
Basidiomycota) in peatlands, but also impacts community interactions and diversity, which could have broader 
implications for carbon storage capacity and GHG emissions in peatland ecosystems. There are studies indicate 
that in most peatlands, bacteria contribute more to CO2 production than fungi66, and prokaryotes are the 
primary factor influencing greenhouse gas emissions from drained peatlands67. However, fungi play a crucial 
role in the carbon sequestration potential of northern peatlands, particularly in the decomposition of recalcitrant 
compounds such as cellulose and lignin. For instance, a study on intact peatland ecosystems in Canada found 
that climate warming and water table fluctuations led to structural changes in fungal communities, dominated 
by Ascomycota and Basidiomycota68.These changes favor decomposers of recalcitrant compounds, which in 
turn promote CO2 emissions.

CH4 emissions from the Jinchuan peatland decreased significantly after drainage, 
from 81.49 ± 4.32 ~ 113.03 ± 5.08  kg·CH4·ha− 1·season− 1 in the natural areas, to 
15.35 ± 1.67 ~ 24.97 ± 1.58 kg·CH4·ha− 1·season− 1 in the drained areas. This is consistent with previous studies, 
such as Ingle et al. (2023), who found that methane fluxes in natural areas were much higher than in drained 
areas. They observed CH4 fluxes of 2.25 and 3.80 g C·m− 2·year− 1 in natural areas, compared to 0.15 and 0.27 g 
C·m− 2·year− 1 in drained sites, indicating that methane emissions in natural areas were 8.3 to 25.3 times higher 
than in drained areas69. In our study, high water tables and anaerobic conditions in natural area promoted 
methanogenic activity, particularly hydrogenotrophic methanogens, which produced methane. In contract, in 
drained area as the soil environment shifted to a more aerobic state, the abundance of methanogenic archaea, 
especially Methanobacterium, decreased significantly. This decrease in methanogenic activity, reflected in the 
lower abundance of hydrogenotrophic methanogens, further supports the reduced methane emissions observed 
in the drained areas. Studies by Wang et al. (2024) on the soils of northern peatlands in Northeast China similarly 
indicated that Bathyarchaeia and Acidobacteriota play crucial roles in organic carbon and nitrogen cycling in 
peat soils. In terms of methane turnover, various methanogenic pathways—acetoclastic, hydrogenotrophic, 
and methylotrophic—are all likely involved in methane production70. Our results align with these findings, 
confirming that Bathyarchaeia are significantly impacted by drainage. Prasitwuttisak et al. (2022) also noted 
that Bathyarchaeia, with its extensive metabolic capabilities, is abundant in anoxic environments, particularly 
in subsurface peat soils, where it can constitute up to 96% of the archaeal community71. In addition, Wang et 
al. (2017) observed that the reduction in methane emissions was primarily attributed to a decrease in methane 
production potential, rather than an increase in methane oxidation72. Kwon et al. (2017) also found that drainage 
significantly reduced the abundance of methanogens, which may have led to a reduction in CH4 cycling50. Their 
study suggests that the decline in methanogenic communities due to drainage was the main reason for the 
reduced methane emissions. Further, Kwon et al. (2021) studied the microbial communities in Arctic floodplain 
soils after ten years of drainage, reporting an increase in fungal abundances and a substantial reduction in 
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methane emissions. They observed that key methanogens, such as Methanoregula, almost disappeared in the 
drained sites73. Keuschnig et al. (2022) found a similar decrease in methane emissions in Arctic peatlands, 
where 15 to 25 years of natural drainage led to a tenfold reduction in methane emissions, partly due to a loss of 
methanogens and increased methane oxidation in drier, aerated soils74. Studies on rewetting, such as by Weil 
et al. (2020) and Ma et al. (2011), have shown that rewetting sites exhibit higher abundances of anaerobic taxa 
compared to drained sites, with methanogens being more than ten times more abundant in rewetted sites75,76. 
This highlights the important role of soil moisture in shaping microbial communities and methane production. 
Based on our findings and previous studies, it can be concluded that, drainage significantly reduces methane 
emissions by decreasing the abundance of methanogenic archaea in peatlands. This substantial reduction in 
methane fluxes is consistent with findings from various studies on both temperate and Arctic peatlands.

In addition to the damage caused by water stress and oxygen during drainage, which significantly reduces 
the abundance of methanogens, the increased soil pH in drained areas is also a crucial factor in altering the 
composition of methanogenic communities and influencing methane emissions in peatlands. Our results 
show that the soil pH in the surface layers of drained areas was negatively correlated with CH4 flux, further 
supporting the idea that the increase in soil pH and the reduction in methanogen abundance are key factors 
in the suppression of CH4 emissions. Previous studies have shown that hydrogenotrophic methanogens are 
more acid-tolerant than acetoclastic methanogens77,78. Gorres et al. (2013) also found that the composition of 
archaeal communities was strongly linked to soil pH. At a fen site, where the soil pH ranged from 3.2 to 4.4, no 
methanogens were detected. In contrast, the methanogenic community in a bog (with a soil pH of 3.9 to 4.6) was 
dominated by hydrogenotrophs, while the second fen site (with a soil pH ranging from 5.0 to 5.3) contained both 
acetoclastic and hydrogenotrophic methanogens79. In addition to methanogens and soil pH, soil temperature 
may also important factors affecting CH4 emissions in drained peatlands. Our results show that soil temperature 
in the drained areas was lower compared to the natural areas (by 1 ~ 3 °C). Kwon et al. (2017) also found that 
soil temperatures in the drained areas were lower in deeper, anoxic soil layers (below 30 cm) but higher in the 
oxic topsoil layers (0 ~ 15 cm) compared to the control wet areas50. In our experiment, the temperature probes 
were placed 1 m below the surface of the peatland, which confirmed the reduced soil temperature in the deeper 
layers of drained peatlands. Although we were unable to monitor the temperature changes in the upper layers, 
the study by Kwon et al. (2017) indicated that drainage increased soil temperatures in the oxic surface layers, 
which may contributed to the increase of soil CO2 and decrease of CH4 emissions in our study. This pattern of 
soil temperature distribution may have reduced methanogenesis rates while enhancing CH4 oxidation, thereby 
lowering net CH4 fluxes.

As for the impact of drainage on N2O emissions from peatlands, our study shows that drainage significantly 
increased N2O emissions, especially during the summer. Specifically, N2O emissions in the drained areas reached 
0.27 ± 0.076 mg·m2·h− 1 in July, significantly higher than those in natural and transitional areas. This finding is 
consistent with previous research. For example, Lin et al. (2022) found that drainage stimulated N2O emissions 
in natural minerotrophic wetlands, while rewetting reduced N2O emissions in drained minerotrophic wetlands. 
They suggested that N2O emissions were driven by a simultaneous decline in groundwater levels and an increase 
in soil nitrogen availability80. Swails et al. (2024) also observed an increase in N2O emissions in drained peat 
swamp forests in Southeast Asia81, which is consistent with our results. Berendt and Wrage-Moennig (2023) 
found that drainage increased N2O fluxes in peatlands in northeastern Germany, with denitrification accounting 
for 80-90% of N2O production82. This finding aligns with our study, where we hypothesize that enhanced aerobic 
microbial activity in drained areas is the primary driver for increased N2O emissions. However, there are still 
some studies whose results differ from ours. For instance, Gudmundsson et al. (2024) suggested that lower 
drainage levels and nutrient availability could reduce N2O emissions. They proposed that the stable moisture 
content and limited soil phosphorus availability after drainage might hinder N2O production while promoting 
N2O consumption83. This contrasts with our findings, where drainage consistently increased N2O emissions. 
The difference may be due to variations in peatland types, water table fluctuations, or nutrient conditions. 
For instance, the specific moisture and nutrient conditions in Gudmundsson et al.‘s study might have favored 
N2O consumption, while in our study, the drainage conditions were more conducive to N2O production. 
In conclusion, our study confirms that drainage leads to an increase in N2O emissions from peatlands, with 
emissions in drained areas significantly higher than in natural and transitional areas. However, our research 
differs from previous studies in terms of emission levels and driving mechanisms. While denitrification is a 
common driver of N2O emissions, our study highlights the potential role of seasonal variation in N2O fluxes in 
drained areas. The differences between studies suggest that the effect of drainage on N2O emissions in peatlands 
is complex, influenced by a combination of hydrological conditions, soil properties and microbial processes.

From the perspective of spatial heterogeneity in greenhouse gas emissions, our results highlights the 
significant role of proximity to drainage ditches. We found that the effects of drainage were more pronounced 
near drainage ditches, particularly in terms of CO2 emissions. Silins (1997) reported that oxygen transport rates 
and oxygen concentrations were consistently higher in drained areas compared to undrained areas, with the 
aerated zone extending 10 to 40 cm deeper84. Specifically, the proximity to drainage ditch edges influenced both 
oxygen transport rates and the depth of the aerated zone, which aligns with our results indicating that proximity 
to drainage ditches intensifies drainage effects in localized areas. Additionally, Zhang et al. (2019) studied a 
degraded alpine fen on the Tibetan Plateau and found that CH4 emissions ranged from 0.2 to 63.3 kg C ha⁻¹ 
yr⁻¹, with a significant correlation to the distance from the drainage ditch across micro-sites47. This supports our 
observation that proximity to drainage ditches affects CH4 emissions. Drainage typically leads to lower water 
tables, which deepens the oxygenated zone in the soil and accelerates the oxidation of organic carbon, thereby 
increasing CO2 emissions. For CH4 emissions, drainage alters both soil pH and waterlogging conditions, which 
in turn affect methanogenesis and methane oxidation processes. The closer the proximity to drainage ditches, 
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the more pronounced this effect likely becomes. These findings underscore the importance of spatial variability 
in drainage effects and their influence on GHG fluxes in peatland ecosystems.

Last but not least, our study acknowledges certain limitations. Due to experimental constraints, we were 
unable to include an analysis of changes in plant community structure, which could potentially influence 
greenhouse gas emissions. A substantial number of literature indicates that water level alteration in peatlands 
significantly affect changes in plant community structure, which may, in turn, influence greenhouse gas 
emissions. Water level changes after drainage not only directly impact soil moisture, redox conditions, and 
microbial communities, thereby affecting soil carbon and nitrogen cycles, but also significantly alter plant 
community composition85,86. For example, Y.-H. Yang et al. (2020) studied the Baijianghe peatland in the 
Changbai Mountains and found that drainage not only alters the environmental and ecological processes of 
peatlands but also significantly impacts plant community structure, particularly the spore germinability of 
mosses87. Wang et al. (2024) conducted a study on a minerotrophic peatland in northern China and pointed 
out that the decrease in water level due to drainage exacerbates phosphorus limitation for both plants and 
microorganisms in peatlands88. Additionally, different combinations of water levels and plant communities 
have a significant impact on soil carbon components89, which may further alter greenhouse gas emissions. For 
instance, although sustained high water levels can reduce carbon dioxide emissions, Feng et al. (2017) found that 
continuous waterlogging may not be favorable for maintaining high germinability of Sphagnum spores90. While 
our study did not examine the response of plant communities in drained peatlands and their subsequent impact 
on greenhouse gas emissions, the alterations in plant community structure represent a significant influencing 
factor, as evidenced by existing literature. Consequently, future studies should integrate these changes to further 
elucidate their role in greenhouse gas flux dynamics.

Methods
Water table and soil temperature monitoring
CTD-Diver groundwater automatic measuring instruments (Eijkelkamp Ltd., Netherlands) were installed in the 
soil for continuous, real-time monitoring of the water table and soil temperature. The instruments recorded data 
at hourly intervals from May 1 to October 31, 2019. A perforated PVC pipe was installed in the peat soil to serve 
as a water table observation well, facilitating interaction between the interior of the pipe and the surrounding 
soil. Inside the pipe, a CTD-Diver sensor was placed 1 m below the ground surface to ensure it remained fully 
submerged in water (Fig. S4a and S4b). Additionally, a Baro-Diver pressure compensator was placed in a nearby 
safe, open-air location. The water table was determined by analyzing pressure readings from the CTD-Diver in 
combination with the barometer. Soil temperature was directly measured and automatically recorded every hour 
by the CTD-Diver sensor.

Measurements of soil properties
The sampling of soil properties were conducted on July 16, 2019. A soil sampler was used to collect soil cores 
from depths of 0 ~ 60 cm, dividing them into three layers: 0 ~ 20 cm, 20 ~ 40 cm, and 40 ~ 60 cm. At each research 
site, three random plots were selected for replication. In each plot, the five-point sampling method was applied 
to minimize random error (Fig. S5). SOC were determined by dichromate oxidation and titration with ferrous 
ammonium sulfate91. Soil total nitrogen (TN) was analyzed by the Kjeldahl method. Soil water content (SWC) 
was measured by weighing fresh and corresponding dry soil samples (70 ℃ for 72 h). Dissolved organic carbon 
(DOC) was measured by water extraction at a soil/water ratio of 1:10 (m/V) and analyzed by a total organic 
carbon analyzer (Shimadzu Corp., Kyoto, Japan). Soil pH was measured using a 1:5 solid-water suspension and 
detected with a pH meter (METTLER).

Soil microbial sampling and DNA sequencing
Soil microbial sampling was carried out on July 16, 2019. Samples from the 0 ~ 30 cm depth were collected using 
the five-point sampling method. Within each treatment group, three random sampling points were selected 
to serve as replicates.After sample collection, they are placed into sterile sampling tubes and stored in a dry 
ice cooler for transportation to the laboratory. Upon arrival, they are stored at -80  °C. Extracted DNA was 
detected by the 1% agarose gel electrophoresis, PCR amplification was carried out using a PCR Amplifier (ABI 
GeneAmp&reg, 9700 ). The gene primer pair used for bacterial, fungal and archaeal diversity sequencing are 
338F_806R (468  bp), ITS1F_ITS2R (300  bp) and 524F110extF_Arch958RmodR (434  bp) respectively. Gene 
sequencing was performed on the Nextera XT kit (Illumina) on an Illumina MiSeq at Majorbio Co., Ltd. 
(Shanghai, China). The classification of bacteria and archaea is based on the Silva database (Release 138, ​h​t​t​p​:​/​/​
w​w​w​.​a​r​b​-​s​i​l​v​a​.​d​e​​​​​)​, and the classification of fungi is based on the Unite fungal database (Release 8.0, ​h​t​t​p​:​/​/​u​n​i​t​
e​.​u​t​.​e​e​/​i​n​d​e​x​.​p​h​p​​​​​)​.​​

GHG flux measurement
Instantaneous GHG flux
For ecosystem GHG flux measurements, we used modular, height-adjustable transparent chambers to measure 
instantaneous NEE, Eco_CH4 flux, and Eco_N2O flux, ensuring that the plants remained intact within the 
chambers. For soil GHG flux measurements, we used opaque chambers to measure instantaneous soil respiration, 
Soil_CH4 flux, and Soil_N2O flux, with the above-ground vegetation removed. The transparent chamber is 
composed of three parts: the top box, middle box (height adjust module) and the base. The sampling box of the 
transparent chamber is made of high light transmittance plexiglass material (Fig. S4d). The specification of the 
top box is 50 × 50 × 50 cm, and the middle section (height extension box) is 50 × 50 × 100 cm. The opaque chamber 
is constructed from a transparent chamber modified with shading treatment (Fig. S4c). The base is made of PVC 
material, with dimensions of 50 cm × 50 cm × 30 cm. Holes are drilled at the bottom to allow plant roots to 
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maintain contact with the surrounding soil, minimizing the base’s impact on the soil environment. Additionally, 
there is a groove on the top for water injection during sampling to ensure a proper seal. The bases were placed on 
May 7, 2019, and inserted 15 cm into the soil. At the soil GHG monitoring sites, surface vegetation was clipped. 
Throughout the growing season, any newly grown vegetation within the bases was removed a few days before the 
GHG sampling campaign. Sampling was conducted on clear days between 10:00 and 13:00, represents the daily 
average of GHG fluxes92,93. The static chambers are equipped with small fans on the top, which is used to rotate 
and stir the gas in the box during the gas collecting. During the growing season, as the height of Phragmites 
australis typically exceeds 60 cm, a middle box (height adjustment module) is required. The top chamber is then 
inserted into the groove, and water is added to the groove to ensure a proper seal. A sampling pump is connected 
to the sampling port on the top chamber to collect gas samples. Sampling is conducted at 10-minute intervals, 
with four samples taken at 0 min, 10 min, 20 min, and 30 min, respectively, while simultaneously recording the 
temperature inside the chamber. After collecting the gas into an aluminum foil sampling bag (500 mL, Dalian 
Delin Gas Packaging Co., Ltd.), promptly take it back to the laboratory for analysis and testing.

GHG concentrations were analyzed using a gas chromatograph (Agilent 7890, Santa Clara, California, USA, 
Fig. S4e). CO2 and CH4 concentrations were determined with a Flame Ionization Detector (FID), while N2O 
concentration was determined using an Electron Capture Detector (ECD). N2 was employed as the carrier gas 
at a flow rate of 45 mL min⁻¹. For the ECD, a mixture of argon and methane (Ar-CH4, 95%/5%) was used as the 
make-up gas at a flow rate of 40 mL min⁻¹. The FID operated with a supply of 45 mL min⁻¹ H2, 450 mL min⁻¹ air, 
and 20 mL min⁻¹ N2. The injection port, column, ECD, and FID temperatures were set at 80 °C, 80 °C, 325 °C, 
and 200 °C, respectively. The GHG emission fluxes were calculated as the following Eq. 47:

	 F = ρ × h × dc/dt × 273.15/(273.15 + T).

Among them, F is the GHG flux (mg·m-2 h-1); ρ is the GHG density in the standard state (mg·m-3); h is the 
height from the airtight tank to the water surface (m); dc/dt is the GHG change rate of the concentration; T is 
the temperature in the chamber during the sampling process (°C).

Interpolation of cumulative GHG emission
Cumulative soil GHG emissions were calculated from the daily instantaneous GHG flux between every two 
consecutive measurements using linear interpolation, assuming the existence of linear changes in soil GHG 
emissions between two successive sampling dates94,95. The formula for calculating seasonal cumulative soil GHG 
emissions is as follows96,97:

	
Cumulative gas emission =

n−1∑
i=1

(Ri × Di)

where, Ri is the mean gas flux (mg m-2 d− 1) of the two sampling times, Di is the number of days in the sampling 
interval, and n is the number of sampling times. Interpolated daily gas fluxes were summed up to calculate the 
emissions for total growing seasonal emissions.

The net GHG emissions in carbon dioxide equivalent (CO2-eq) was estimated using the radiative forcing 
potentials relative to CO2, i.e. 298 and 25 for N2O and CH4, respectively98. The net GHG emissions was calculated 
using the following equation:

	 Net GHG emissions (CO2 - eq) = MCO2 + MCH4 × 25 + MN2O × 298

MCO2, MCH4, and MN2O are the cumulative emissions of carbon dioxide, methane, and nitrous oxide 
respectively, and 25 and 298 are the multiples of the GWP values of methane and nitrous oxide relative to carbon 
dioxide respectively99.

Statistical analysis
Analysis of Variance with Tukey’s HSD test (α = 0.05) was employed to evaluate differences in soil properties 
and cumulative GHG fluxes across sites S1 to S6. Pearson correlation analysis was performed to investigate the 
relationships between water table levels, soil temperature, and GHG fluxes. Multiple linear regression analysis 
was used to examine the impact of water table levels, soil temperature, season (spring, summer or autumn), 
proximity to drainage ditch (proximal or distal), and inundation status (categorized from hourly water level 
data into continuous inundation, intermittent inundation and continuous non-inundation) on GHG emissions. 
Among all significant models, the one with the lowest root mean squared error was considered to represent the 
most direct explanatory variables for GHG fluxes. The above statistical analyses were conducted using SPSS 
22.0. Principal component analysis was performed using the “stats” and “factoextra” packages in R to explore the 
influence of water table levels, soil temperature, soil properties, bacterial aerobicity and methanogen types on 
GHG emissions. Structural equation modeling was conducted using the “lavaan” package in R to elucidate the 
pathways and weights of the effects of water table levels, soil temperature, season, proximity to drainage ditches 
and inundation status on GHG emissions. The classification of bacterial aerobic/anaerobic functional groups 
was performed using BugBase (https://bugbase.cs.umn.edu/index.html). OTUs were first normalized based 
on predicted 16 S copy numbers, and then microbial phenotypes were predicted using the pre-calculated files 
provided. The classification of methanogenic functional groups was conducted using the FAPROTAX (1.2.1) 
database, which maps prokaryotic taxa to metabolic or other ecologically relevant functions. The OTU table of 
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the samples was converted into a functional OTU table related to methanogenic functions. The fungal network 
analysis were performed using R (igraph and vegan) and Gephi.

Data availability
The datasets used and/or analyzed during the present study are available from the corresponding author upon 
reasonable request. All data generated or analyzed during this study are included in this published article. The 
raw sequencing reads for this study were submitted to the National Centre for Biotechnology Information 
(NCBI) Sequence Read Archive (SRA) under under the accession number PRJNA1204167.
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