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Abstract
Understanding the mechanisms of how urbanization influences the evolution of na-
tive species is vital for urban wildlife ecology and conservation in the Anthropocene. 
With thousands of years of agriculture-dominated historical urbanization followed 
by 40 years of intensive and rapid urbanization, Shanghai provides an ideal environ-
ment to study how the two-stage urbanization process influences the evolution of 
indigenous wildlife, especially of anuran species. Therefore, in this study, we used 
mitochondrial Cyt-b gene, microsatellite (SSR), and single nucleotide polymorphism 
(SNP) data to evaluate the demographic history and genetic structure of the eastern 
golden frog (Pelophylax plancyi), by sampling 407 individuals from 15 local popula-
tions across Shanghai, China. All local populations experienced bottlenecks during 
historical urbanization, while the local populations in urban areas maintained compa-
rable contemporary effective population sizes (Ne) and genetic diversity with subur-
ban and rural populations. Nevertheless, the rapid modern urbanization has already 
imposed significant negative effects to the integrity of populations. The 15 local 
populations were differentiated into eight genetic clusters, showing a spatial distribu-
tion pattern consistent with the current urbanization gradient and island–mainland 
geography. Although moderate gene flow still occurred from the rural peripheral clus-
ter to urban and suburban clusters, population fragmentation was more serious in 
the urban and suburban populations, where higher urbanization levels within 2-km 
radius areas showed significant negative relationships to the Ne and genetic diversity 
of local populations. Therefore, to protect urban wildlife with limited dispersal abil-
ity, improving conditions in fragmented habitat remnants might be most essential for 
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1  | INTRODUC TION

Urbanization is developing rapidly across the world (Grimm 
et  al.,  2008; Liu et  al.,  2020; Seto et  al.,  2012). Habitat loss, frag-
mentation and isolation, and degradation caused by urbanization 
have become the most severe threats to wildlife (Grimm et al., 2008; 
McKinney,  2002). Amphibians are the most vulnerable taxonomic 
group of terrestrial vertebrates (Stuart et al., 2004), with 40% of spe-
cies on the edge of extinction (IUCN, 2019). Their relatively limited 
dispersal ability (Smith & Green, 2005) and higher sensitivity to en-
vironmental changes (Cushman, 2006; Hamer & McDonnell, 2008) 
result in amphibians being impacted more by urbanization than 
other terrestrial vertebrates (Seto et al., 2012). In turn, the popula-
tion status of amphibian species is frequently used as an indicator to 
evaluate the ecological impacts of urbanization (Guzy et al., 2012). 
Therefore, as reviewed by Lambert and Donihue (2020), knowledge 
about the response of amphibian populations to urbanization is not 
only essential to understand how anthropogenic activities affect the 
ecology and the evolution of amphibian species, but this information 
is also valuable for wildlife conservation in urbanized environments.

Understanding the population genetics of the target species 
and its relationship with environmental contributors is an effec-
tive methodology for studying urbanization impacts on wildlife. 
However, genetic responses to urbanization can be diverse among 
species, from significant population divergence to no obvious dif-
ferentiation associated with urbanization (reviewed by Johnson & 
Munshi-South, 2017; Miles et al., 2019). Even in the same species, 
conclusions from different studies about the urbanization effect 
can be inconsistent, even contradictory. For example, in studies of 
the wood frog (Lithobates sylvaticus) in Canada, Crosby et al. (2009) 
suggested that urban fragmentation in Ontario resulted in greater 
genetic differentiation and diversity loss in urban populations, 
whereas Furman et  al.  (2016) did not find significant genetic dif-
ferentiation in Alberta. In addition to species attributes (Hamer & 
McDonnell, 2008), the mode of urbanization can also influence its 
impacts on the population structure. For example, in Oviedo, Spain, 
a city that is >1,300 years old, long-term urbanization led to severe 
bottlenecks and significant population differentiation in the fire sala-
mander (Salamandra salamandra; Lourenço et al., 2017). By contrast, 
in a rapid and pervasively urbanizing environment, such as New York 
City, fast divergence and significant loss of genetic diversity were 
observed in the northern dusky salamander (Desmognathus fuscus) 

within one century (Munshi-South et  al.,  2013). Urban wildlife is 
usually influenced by temporal and spatial factors associated with 
urbanization simultaneously. Therefore, a specific area with a long 
history of human activity and rapid modern urbanization is an ideal 
research site to study population genetics of urban wildlife species.

According to the United Nations Population Division (2018), 
most of the growth in urbanization over the coming 30 years would 
be concentrated in developing countries. This explains why Hamer 
and McDonnell (2008) emphasized mitigating the geographic bias 
of current urban amphibian studies, which concentrate on relatively 
affluent regions (e.g., developed countries), by carrying out research 
in developing regions. As a typical example, urbanization in China is 
growing rapidly (Kuang et al., 2014; Shen et al., 2005), which pro-
vides ideal research sites to study wildlife adaptation during tempo-
ral and spatial continuums of urbanization development.

Urbanization is a complex process driven by the growth of 
human density, which causes severe landscape conversion from nat-
ural to human-related types (Kinzig & Grove,  2001; McDonnell & 
Pickett, 1993), and it is linked with increased deforestation and agri-
cultural intensification since the Iron Age (Boivin et al., 2016). As the 
third biggest megacity in the world (UNPD, 2018), Shanghai has been 
a major agricultural area in China since the 4th century B.C., and was 
constantly at the low-level of historical urbanization dominated by 
agriculture until the late 19th century (Hu, 1987; Wang et al., 1996), 
when urbanization began to accelerate (Figure  1). Since Chinese 
economic reform started in 1978, Shanghai has been in a rapid and 
intensive modern urbanization period for >40 years, during which 
the resident population increased rapidly from 11 million (1978) to 
24.18 million (2017; SMSB,  2018). Meanwhile, land use and land 
cover have been experiencing rapid and irreversible changes, from 
agricultural type to a range of impervious surface (Shi et al., 2018; 
Yin et al., 2011). The concentric-ring expansion from the city center 
to the periphery (Kuang et al., 2014) established a complete urban-
ization gradient at the cityscape scale. Circular highways were con-
structed during 1993–2015, dividing Shanghai into urban, suburban, 
and rural areas (Figure  2). The urban area (within the outer circle 
highway, covering 664 km2) is most heavily urbanized, with 84.6% 
of the total built-up area (Tao et al., 2018) and a human density of 
23,841/km2 (SMSB, 2018). The suburban area, between the outer 
circle highway and the belt expressway, has been developing quickly 
since the 1990s, while the rural area outside of the belt express-
way, including islands, remains dominated by agriculture ecosystem. 
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Therefore, the long urbanization history and the rapid modern 
expansion of a concentric urbanization gradient render Shanghai as 
an ideal natural laboratory to study the impact of urbanization on 
wildlife in the city.

Synchronized with the modern urbanization, the amphibian bio-
diversity has decreased rapidly in Shanghai over the past 40 years. 
At least 11 anuran species were recorded living in the city until the 
1980s (Huang et al., 1980), decreasing to eight by 2001 (SFB, 2004), 
and only five in 2015 (The Second National Terrestrial Vertebrates 
Survey, Shanghai, unpublished). Among the five anuran species, the 
eastern golden frog (Pelophylax plancyi) is most abundant and widely 
distributed across the city (Huang et al., 2018; Li et al., 2018; Zhang 
et al., 2016). As a typical pond-breeder (Fei et al., 2010), P. plancyi 
may be the most sedentary anuran species in Shanghai, being 
observed mainly in or around water bodies (e.g., ponds, small rivers, 
and drainage ditches; Li et al., 2017; Yue, 2019). Amphibians, espe-
cially anuran species, usually breed in waters and wetlands, and live 
on land during the nonbreeding seasons. Therefore, the landscape 
complementation is required to complete the complex life cycles 
of amphibians (Pope et al., 2000). Meanwhile, urbanization charac-
terized by habitat degradation and fragmentation is usually caused 
by impervious land surface changes like bridges and roads, which 
are highly risky to the survival of amphibians (Carr & Fahrig, 2001; 
McCartney-Melstad et al., 2018). Thus, amphibian species as habitat 
generalists or with low dispersal requirements might survive bet-
ter in urban environments (Hamer & McDonnell,  2008). However, 
with limited dispersal ability, the habitat attributes at the local scale 

can have a significant effect on the local populations. Previous re-
search indicated that urban landscape configuration (Li et al., 2016, 
2018; Zhang et  al.,  2016) and microhabitat characteristics (Huang 
et al., 2018; Yue, 2019) significantly impacted the local population 
sizes of P. plancyi in Shanghai. However, the current genetic variation 
in these local populations is unknown, and this knowledge is import-
ant for understanding the fate of small isolated populations and their 
persistence in these urban habitats. Moreover, given the long-term 
development history of Shanghai City, we are interested in knowing 
how the urbanization process affects population characteristics of 
wildlife species. Such information is essential to understand the evo-
lutionary processes affecting species in cities, to more effectively 
guide wildlife conservation in urban environments.

Therefore, to evaluate the influence of the long-term urbanization 
on P. plancyi in Shanghai, we studied the population genetics of 407 
individuals from 15 local populations across the entire urbanization 
gradient. We used mtDNA Cyt-b gene to test whether the long-term 
development history and natural barriers like big rivers and islands 
have caused subspecies differentiation. To study the genetic structure 
of local populations, microsatellite (SSR) and single nucleotide poly-
morphism (SNP) were the two kinds of most frequently used markers 
(see review by Miles et  al.,  2019). Although microsatellite loci usu-
ally have much higher mutation rates than that of SNP loci (Kruglyak 
et al., 1998; Martínez-Arias et al., 2001), typically only a limited number 
of SSR loci were employed in each study, which may reduce sensitivity 
in detecting genetic diversity at genome-wide levels (Väli et al., 2008). 
Consequently, the whole genome SNP techniques were employed 

F I G U R E  1   A brief history of demographic (dashed line, with a unit of 10,000 individuals) and city development records in Shanghai. 
Shanghai City experienced a period of slow population growth until the late 19th century (Hu, 1987). The growth rate began to increase 
during the 20th century. Particularly, over the past 40 years, the population has been explosively increasing (SMSB, 2018). The cultivation 
of rice already began in Majiabang (ca 6000 B.P.), and agriculture has continued to develop since then. Major agricultural events (Wang 
et al., 1996) related to important crops are indicated in the figure. Given the lack of detailed information from ancient time, the agricultural 
records shown are mainly within the past 1,000 years. Agricultural events are not shown during recent decades, because the conversion of 
land cover to impervious surfaces dominated during the modern rapid urbanization period (Tao et al., 2018)
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F I G U R E  2   Distribution of the 15 Pelophylax plancyi sampling sites in Shanghai City. The boundaries of mainland areas with colors in 
different dark levels of gray represent the two main circular highways, the outer circle highway and the belt expressway. The insets show the 
local landscapes of two sampling sites within a 2-km radius. LX is in the rural area with the lowest urbanization index (UI) of all 15 sampling 
sites, whereas GQ located in the urban area possesses the highest UI (see the details in Table 1). Site abbreviations correspond to those in 
Table 1
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increasingly in recent years (McCartney-Melstad et  al.,  2018; Miles 
et al., 2019). However, SSR and SNP usually have different frequency 
distribution patterns as well as mutation rates and mechanisms (Morin 
et  al.,  2004). Therefore, both SSR and SNP were used in this study 

to give a more comprehensive evaluation of the genetic structure of 
P. plancyi local populations.

We hypothesized that the two-stage urbanization process has 
imposed different effects on the P.  plancyi population in Shanghai 

TA B L E  1   Population genetic statistics from 15 local populations of Pelophylax plancyi using three types of molecular markers

Local Population Type UI

mtDNA (n = 364) SSR (n = 407) SNP (n = 150)

N NH h π N NA HO N PM HO π

Century Park (CP) U 0.577 31 9 0.714 0.004 32 7.769 0.620 10 0.832 0.205 0.248

Shanghai 
Botanical 
Garden (BG)

U 0.800 28 9 0.855 0.005 28 8.000 0.607 10 0.838 0.197 0.239

Gongqing Forest 
Park (GQ)

U 1.000 15 4 0.619 0.003 16 6.077 0.630 10 0.838 0.206 0.236

Chenshan 
Botanical 
Garden (CS)

S 0.669 34 7 0.629 0.002 36 7.769 0.588 10 0.843 0.206 0.230

Songnan Country 
Park (SN)

S 0.299 32 13 0.857 0.004 35 8.462 0.620 10 0.832 0.211 0.251

Pujiang Country 
Park (PJ)

S 0.109 12 6 0.803 0.003 15 7.077 0.605 10 0.837 0.202 0.245

Xiangyang Village 
(XY)

S 0.406 22 6 0.632 0.002 25 7.462 0.588 10 0.830 0.215 0.254

Wuzao Gang 
(WG)

S 0.202 33 7 0.583 0.002 34 8.231 0.559 10 0.821 0.301 0.268

Jiabei Country 
Park (JB)

R 0.072 13 8 0.897 0.004 17 7.692 0.597 10 0.830 0.214 0.254

Qingxi Country 
Park (QX)

R 0.087 30 13 0.874 0.003 33 8.231 0.601 10 0.833 0.210 0.250

Langxia Country 
Park (LX)

R 0.000 27 12 0.826 0.003 39 8.769 0.615 10 0.832 0.212 0.251

Bay Forest Park 
(BF)

R 0.623 11 5 0.618 0.002 11 6.462 0.622 10 0.833 0.213 0.249

Lingang Town 
(LG)

R 0.530 25 5 0.470 0.001 28 7.923 0.580 10 0.832 0.208 0.251

Panshi Town, 
Changxing Island 
(PS)

R 0.319 25 7 0.777 0.004 30 8.769 0.664 10 0.823 0.205 0.262

Chenjia Town, 
Chongming 
Island (CJ)

R 0.376 26 8 0.794 0.005 28 8.308 0.607 10 0.830 0.210 0.248

Local Scale RC — — −4.986 −0.213 0.000 — −1.480 0.014 — 0.009 −0.022 −0.020

R
2

adj
— — 0.207 0.171 0.000 — 0.259 0.000 — 0.174 0.001 0.320

p-value — — 0.050* 0.070 0.962 — 0.031* 0.547 — 0.068 0.333 0.016*

Cityscape Scale RC −0.223 — 0.478 0.017 0.000 — 0.348 0.000 — −0.003 0.001 0.005

R
2

adj
0.321 — 0.000 0.000 0.000 — 0.062 0.000 — 0.084 0.000 0.126

p-value 0.016* — 0.633 0.716 0.367 — 0.189 0.984 — 0.154 0.931 0.106

Note: Type—the relative location of the local population in the city (U – urban; S – Suburban; R – Rural); UI—urbanization index; n—total number of 
individuals genotyped by each type of molecular marker; N—number of samples genotyped in each local population using each type of marker; NH—
the number of haplotypes; h—haplotype diversity; π—nucleotide diversity; NA—the number of mean alleles per loci; HO—observed heterozygosity; 
PM—mean frequency of the most frequent allele at each locus in each local population; the SNP-derived genetic diversity indices were calculated 
based on the variable sites (SNPs themselves); Local scale—linear regression model (LRM) analysis results of genetic diversity versus UI at the local 
scale; Cityscape scale—LRM analysis results of genetic diversity versus urbanization gradient (1, 2, and 3 were assigned to urban, suburban, and rural, 
respectively) at the cityscape scale. RC—regression coefficient (LRM); R2

adj
—adjusted coefficient of determination.

*p < .05. 
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City. We predicted that the P.  plancyi population experienced bot-
tlenecks during the historical urbanization period because of the  
agriculture-dominated interruption, while the explosive growth of 
human population and irreversible land-cover conversion has imposed 
strong isolation effects on local populations in the 40-year modern 
stage. Meanwhile, the genetic diversity of local populations located in 
more fragmented habitats in urban areas is lower than in more con-
nected suburban and rural habitats. We also discussed implications of 
our results to the conservation biology in heavily urbanized megacities.

2  | MATERIAL S AND METHODS

2.1 | Sampling sites and sample collection

Shanghai is located in the alluvial plain of the Yangtze River with a 
total area of 6,340 km2, comprising a mainland section and three 
main islands (Chongming, Changxing, and Hengsha). Huangpu 
River, the largest river in Shanghai, flows through the mainland 
area, dividing it into eastern and western parts. We collected 407 
samples of P. plancyi across 15 sampling sites (Table S1) from May 
to August, 2017 and 2018, covering the urbanization gradient (i.e., 
urban, suburban, and rural; Figure 2). Ten of the 15 sites were parks 
or public woods, which were selected following two criteria: (a) an 
area of >10 ha; (b) built on former nursery gardens or agricultural 
landscape > 40 years ago, where the original water and drainage 
systems were largely retained. The other five sampling sites were 
all located in the remaining agricultural landscape in the subur-
ban or rural areas, including Changxing and Chongming islands 
(Figure 2). Animals were captured by net or by hand. Toe-clipped 
tissues were collected and stored in 75% ethanol. Animal handling 
procedures were approved by the Institutional Animal Care and 
Use Committee of East China Normal University (Protocol Number: 
LQ20190301).

2.2 | Landscape variables

To study the impact of urbanization on P. plancyi population genet-
ics, we collected landscape data at both the cityscape and local 
scales across Shanghai City. At the cityscape scale, using the two 
main circle highways as boundaries (i.e., the outer circle highway 
and the belt expressway), the 15 sampling sites were categorized 
into urban, suburban, and rural groups (Table 1) across the urbaniza-
tion gradient (Figure 2). At the local scale, we followed the methods 
of Zhang et al.  (2016). Landscape data within a 2-km radius of the 
center of each sampling site were collected based on land-cover data 
from satellite images of Formosat-2 (June 2012; 2-m resolution) and 
Google Earth Pro 7.3.2 (Google). Using ArcGIS v10.2 (ESRI), land-use 
types, including woodlands, farmlands, grasslands, buildings, roads, 
and water bodies, were identified. Seven landscape variables were 
calculated by ArcGIS and Fragstats v4.2.1 (McGarigal et al., 2012): 

percentage of impervious surface (PIS), number of patches (NP), 
edge density (ED), landscape shape index (LSI), mean patch area 
(AREA), shape index (SHAPE), and Euclidean nearest-neighbor dis-
tance (ENN).

2.3 | Double-digest RADseq-derived SNP data

Ten samples were randomly selected from each sampling site, so 
a total of 150 individuals were used for SNP data collection by 
double-digest RADseq (ddRAD). Genomic DNA was extracted 
using the hexadecyltrimethylammonium bromide (CTAB) method. 
Double-digest restriction-associated DNA libraries were prepared 
using 500 ng of DNA per sample following the protocol described 
by Peterson et al. (2012) with some modifications. Briefly, genomic 
DNA was digested at 37°C for 5 hr using the restriction enzymes 
EcoRI and MspI, followed by the ligation of Illumina adapter se-
quences and unique 8-bp barcodes that differed by at least three 
bases. Pools of 24 individuals were combined and run on agarose 
gel, where fragments of 300–500 bp were manually excised and 
purified using a Zymoclean Gel DNA recovery kit (Integrated 
Sciences, Chatswood, Australia). Each pool was amplified using 14 
PCR cycles in 25 μl reactions containing Phusion High-fidelity PCR 
reagents, library DNA, and a unique indexing primer for each pool 
following the standard Illumina multiplexed sequencing protocol. 
DNA libraries were quantified using the high-sensitivity DNA anal-
ysis kit in a 2100 Bioanalyser (Agilent Technologies). Pools were 
combined in equimolar concentration and sequenced in Illumina 
HiSeq 2500 2 × 150 bp pair-end sequencing by Personal, Shanghai, 
China.

FastQC v0.11.7 (Andrews, 2010) was used for raw data quality 
control. Adapters and low-quality sequences were removed, and 
reads < 50 bp were filtered out to obtain high-quality reads, which 
had average lengths of ~138  bp. Sequences were all trimmed to 
130 bp and were designed for SNP genotyping using Stacks v1.48 
(Catchen et al., 2013). After several trial runs for parameterization, 
SNPs were genotyped in all 150 individuals by setting the min-
imum depth of coverage (m) to four when creating a stack, and 
setting the maximum distance (in nucleotides) between stacks (M) 
to two in ustacks. The number of mismatches allowed between 
sample loci (n) was 2 when building a catalog in cstacks. In the pop-
ulations module, retained SNP loci had to be present in >75% (r) of 
the 150 individuals, and in at least 12 (p) of the 15 local popula-
tions with a minimum minor allele frequency (min_maf) of 0.05. In 
total, 71,910 SNP loci were obtained using the above parameters. 
An extra parameter (write_single_snp) was added to retain only the 
first SNP locus of each read; thus, a 44,469 SNP loci subset was 
kept to avoid linkage disequilibrium in the population structure 
analyses. To avoid the impacts of missing data and compromise 
with the computation limitation of the program, another subset 
with 1,611 SNP loci without missing alleles was obtained for gene 
flow analyses.
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2.4 | mtDNA amplification

Genomic DNA was extracted using a Genomic DNA Tissue Kit 
(Tiangen Biotech) from all 407 P. plancyi samples in the laboratory. 
The quantity and quality of extracted DNA were verified by electro-
phoresis in 1% agarose gel. All individuals were sequenced at a par-
tial fragment of the Cyt-b gene using the primers (B104F and B829R) 
and the PCR conditions described by Liu et  al.  (2010). PCR prod-
ucts were sequenced in both directions on an ABI3500 analyzer by 
Sangon Biotech, Shanghai, China. Sequences with poor sequencing 
quality were discarded, resulting in 364 individual sequences were 
retained for further analysis.

2.5 | SSR locus selection and amplification

We selected SSR loci from previously published papers on P. plancyi 
(Dai & Zhou, 2009), and the closely related species P. nigromaculatus 
(Du et al., 2012) and P. hubeiensis (Yan et al., 2011). In total, 40 loci 
were selected from the three papers. However, many of them either 
failed to amplify, were nonspecifically amplified, or were monomor-
phic. Only 11 loci were kept for the following analyses. To acquire 
more genetic information from the SSR data, we developed four 
novel SSR loci from the RADseq data (see details in Appendix S1).

All 407 individuals were genotyped at the 15 SSR loci. 
GENEMAPPER v4.0 (Applied Biosystems) was used to perform al-
lele scoring. We randomly selected 10% of all samples to carry 
out a second amplification to confirm the accuracy of genotyping. 
The primer information and thermal cycling details are listed in 
Table  S2. MICRO-CHECKER v2.2.3 (Oosterhout et  al.,  2004) was 
used to check allele dropout and null alleles. Deviations from Hardy–
Weinberg equilibrium (HWE) and linkage equilibrium (LE) were 
tested in Genepop v4.6 (Rousset, 2008). The sequential Bonferroni 
adjustment (Rice, 1989) was used to correct p values from the HWE 
and LE multiple exact test. MICRO-CHECKER showed no consistent 
signs of allele dropout or null alleles among the 15 local populations. 
A few loci deviated from HWE or LE in only one or two local popula-
tions, whereas two (Pn214 and Pla96) showed deviation from HWE 
in more than half of the 15 local populations, and thus, were deleted; 
13 SSR loci were retained for further analysis.

2.6 | Demographic history

The R package VarEff v1.2 (Nikolic & Chevalet, 2014) was employed 
to estimate the effective population size with a coalescent approach 
from the present to ancestral time using 13 SSR loci in each local 
population. We set 5,000 generations to cover a 5,000-year history 
by assuming at least 1 year for P. plancyi to reach sexual maturity. 
Given that no research has been done in the mutation rate calcula-
tion in P. plancyi and its closely related species, we set the mutation 
rate to 0.00127, which was calculated in eastern tiger salamanders 

(Ambystoma tigrinum; Bulut et al., 2009). The two-phased mutation 
model (T) was used with an additional coefficient (C) of 0.22, as rec-
ommended by Peery et al.  (2012). For each local population, three 
replicates of simulations were carried out. To each simulation, we 
used 100,000 batches with a length of 10, thinned every 10 batches 
in the MCMC chain and with a burn-in period of 10,000 batches. 
The other parameter settings were listed in Table S3. The effective 
population size value was output for each generation. The conver-
gence of the simulation results was assessed by the Gelman-Rubin 
test (Gelman & Rubin, 1992) which was conducted using the R pack-
age coda (Plummer et al., 2006). The time of bottleneck beginning 
(Tbot) and of the strongest bottleneck effect (TMG) were evaluated in 
each local population. For Tbot, a bottleneck was considered to start 
once there had been a 5% loss of the initial effective population size. 
TMG was the time when the bottleneck showed the strongest effect 
and caused the fastest declining rate in each local population.

For SNPs, DIYABC v2.1.0 (Cornuet et al., 2014) was used to infer 
the demographic history in each local population using the approx-
imate Bayesian computation method. We referred to three possible 
scenarios described by Low et al. (2018): population expansion, pop-
ulation recovery, and population contraction. A subset of 5,000 SNPs 
was randomly selected for this analysis. We set uniform prior distri-
butions with the following ranges: 10 ≤ Tanc ≤ 5,000; 10 ≤ Tbot ≤ 500; 
1,000 ≤ Nanc ≤ 5,000; and 10 ≤ Nbot ≤ 1,000; contemporary effective 
population size (Ne) was set with default parameters. We gener-
ated 1 × 106 simulations for each scenario. Three single-population 
summary statistics for the 5,000 randomly selected SNP loci were 
chosen to perform simulations: (a) mean and (b) variance of gene di-
versity across polymorphic loci, and (c) mean gene diversity across all 
loci. Using a polychotomous logistic regression, the optimal scenario 
was chosen with the highest posterior probability value calculated 
with 1% of simulated data sets closest to the observed data sets. We 
then selected the 1,000 closest-to-observed pseudo-observed data 
sets (PODs) to evaluate the posterior predictive error rate for the 
optimal scenario. Posterior parameter estimation was performed for 
the optimal scenario on the 1% of closest-to-observed PODs. Using 
the Model Check option, we ran the principal component analysis 
(PCA) to assess the goodness of fit of the optimal scenario from the 
set of 10,000 PODs simulated from the posterior predictive param-
eter distributions. For quantifying confidence of parameter estima-
tions, the bias and precision of parameter estimates were assessed 
with 1% PODs drawn from posterior distributions.

2.7 | Genetic diversity in local populations

For Cyt-b, we used ARLEQUIN v3.5 (Excoffier et al., 2005) to cal-
culate the number of haplotypes (NH), haplotype diversity (h), and 
nucleotide diversity (π) for each local population. For SSRs, GenAlEx 
v6.503 (Peakall & Smouse,  2012) was used to estimate the mean 
number of alleles per marker (NA) and the observed heterozygo-
sity (HO). For SNPs, the populations module in Stacks was used to 
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calculate HO, π, and the mean frequency of the most frequent allele 
at each locus (PM) in each local population concerning only the vari-
ant sites across the reads (i.e., SNPs themselves).

2.8 | Genetic differentiation between local 
populations

For SSRs, we used ARLEQUIN to calculate FST between local 
populations. For SNPs, vcftools v0.1.17 (Danecek et al., 2011) was 
employed for FST estimation. The contribution of isolation by dis-
tance to genetic differentiation was evaluated by the Mantel test 
in GenAlEx.

2.9 | Phylogenetic analysis of mtDNA

The Cyt-b sequences of P.  bergeri and P.  ridibundus were down-
loaded from GenBank as out-groups (accession ID: MF094318 and 
AB980792) and aligned with P.  plancyi sequences using MEGA v7 
(Kumar et al., 2016). DNASP v6.0 (Rozas et al., 2017) was employed 
to identify haplotypes, which were then imported into DAMBE v6 
(Xia, 2017) for nucleotide substitution saturation tests. jModelTest 
v2.1.4 (Darriba et al., 2012) showed that the HKY + G model was the 
optimal substitution model for both maximum-likelihood (ML) and 
Bayesian (BI) phylogenetic analyses. A ML tree was constructed by 
MEGA with 1,000 bootstrap replications. MrBayes v3.2.6 (Ronquist 
et al., 2012) was used to construct BI trees, using MCMC posterior 
probability estimations for 1.8 × 106 generations with a 1,000-gen-
eration sampling interval, discarding the first 25% aging samples 
when summing up. We used FigTree v1.4.3 (http://tree.bio.ed.ac.uk/
softw​are/figtree) to present the best BI tree. TCS v1.21 (Clement 
et al., 2000) was used to draw the haplotype network.

2.10 | Population structure based on SSR and 
SNP data

For SSRs, STRUCTURE v2.3.4 (Pritchard et al., 2000) was used by 
setting 10 replicate runs for a series of clusters (K) from 1 to 15 with 
1 × 106 burn-in and 2 × 106 MCMC iterations for each run. The op-
timal K value was derived by the ΔK statistic (Evanno et al., 2005). 
CLUMPP v1.1.2 (Jakobsson & Rosenberg, 2007) was used to sum-
marize and align the cluster membership coefficients from multiple 
independent runs. The results were visualized using District v1.1 
(Rosenberg, 2004).

The R package Geneland v4.0.8 (Guillot et  al.,  2005) was em-
ployed using the correlated allele frequency model with prior infor-
mation of spatial coordinates of each local population, and 1 × 106 
MCMC iterations were set with 100 as the thinning value for each K 
value. Ten replications were simulated, and the optimal K returned 
by the simulation with the highest average posterior probability 
was chosen for visualization. The discriminant analysis of principal 

components (DAPC; Jombart et al., 2010) in the R package adegenet 
v2.1.1 (Jombart,  2008) was used to reflect the extent of genetic 
differentiation among local populations using a nongenetic-based 
model. The number of principal components (PCs) was determined 
by the α-score cross-validation function to avoid overfitting.

For SNPs, we used the 44,469 loci subset to perform genetic- 
based model tests including STRUCUTRE and Admixture operations, 
and used all 71,910 loci for the DAPC analysis. We set five replicate 
runs in STRUCTURE for each K with a burn-in of 1 × 104 iterations 
and 2  ×  104 MCMC iterations. All the other settings in CLUMPP 
and District were the same as the SSR data analysis. Meanwhile, 
Admixture v1.3.0 (Alexander et al., 2009) was used to perform ML 
estimates using 2  ×  104 bootstraps. The optimal K value was cal-
culated by the cross-validation method (Alexander & Lange, 2011). 
DAPC analysis was also performed on the total 71,910 SNP loci fol-
lowing the same protocol as used for the SSR analysis.

The number of genetic clusters of the 15 local populations was 
determined by the consistent results of optimal K values from both 
SSR and SNP analyses.

2.11 | Gene flow between genetic clusters

The 15 local populations were grouped into eight genetic clus-
ters; eight was the optimal K value for SSR (Geneland) and SNP 
(STRUCTURE) analyses (see details in Results part). Using BayesAss3 
(Wilson & Rannala, 2003), we tested recent migration rates between 
clusters using the 13 SSR loci and the subset of 1,611 SNP loci. All 
three mixing parameters were set to 1.0, with the acceptance rates 
maintained between 20% and 60%. The MCMC iterations were set 
to 1 × 107 with a sampling interval of 100, and the first 1 × 106 it-
erations were discarded as burn-in. We ran three replicate analyses 
with different seed values on each type of marker. Convergence was 
visually assessed by Tracer v1.7 (Rambaut et al., 2018).

2.12 | Urbanization index and statistical analysis

Referring to Zhang et al. (2016), we used PCA to integrate the seven 
landscape variables. The first PC (PC1) accounted for 70.6% of the 
total variance in the data (Table  S4). Thus, the score of PC1 from 
each local population was scaled to a value between 0 and 1 as the 
urbanization index (UI), which was used to measure the urbanization 
level at the local scale. A higher UI represented a higher urbanization 
level of the sampling site habitat area within a 2-km radius. A one-
sample t test was used to evaluate the significance of the UI value 
difference among local populations.

To test whether the local scaled UI showed a consistent trend 
with the cityscape urbanization gradient, we used a linear regression 
model (LRM) to test the relationship between UI and the urbaniza-
tion gradient where the sampling site was located. To do so, we as-
signed values (GA) to the urbanization gradient as 1 for urban, 2 for 
suburban, and 3 for rural.

http://tree.bio.ed.ac.uk/software/figtree
http://tree.bio.ed.ac.uk/software/figtree
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Moreover, LRMs were used to evaluate the relationships be-
tween genetic variation and the urbanization level at both the city-
scape (GA) and local (UI) scales. The genetic variation indices of each 
local population as dependent variables involved in LRMs included 
all genetic diversity indices and contemporary effective population 

sizes (Ne) calculated by SSRs and SNPs, and the urbanization level 
was the independent variable. Given that all the genetic variation 
indices tend to be correlated, and we wanted to test their relative 
priority of reaction to the urbanization, only one index in each LRM 
simulation was tested.

F I G U R E  3   Demographic history of Pelophylax plancyi from the present to 5,000 generations/years ago in the 15 local populations 
calculated by VarEff using the 13 SSR loci. The abbreviation in parentheses represents the relative location of the local population in the city 
(U—Urban; S—Suburban; R—Rural). Red dots on each curve represent time points of the beginning (Tbot) and the strongest effect (TMG) of 
bottleneck in each local population. Site abbreviations correspond to those in Table 1
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All statistical analyses were performed using R v3.5.1 (http://
www.r-proje​ct.org/), and the power of LRMs was evaluated by ad-
justed R2.

3  | RESULTS

3.1 | Demographic history

The analysis using VarEff showed that all 15 local populations had 
experienced bottlenecks since historical urbanization (Figure  3). 
The Gelman-Rubin test showed that the values of the potential 
scale reduction factor (PSRF) for almost all local populations were 
lower than 1.1, with only the value in QX (PSRF  =  1.12) deviat-
ing slightly more, consistent with valid results by VarEff analyses 
(Table  S5). The ancestral maximum effective population sizes 
(Nmax) ranged from 2,067.5 to 5,212.2, while the contemporary ef-
fective population sizes (Ne) decreased to a range from 218.6 to 
569.4 (Table S5). In most sampling sites, bottlenecks had already 
begun to affect local populations from at least 1,512 generations/
years ago (Tbot), except for GQ, where the bottleneck started 588 
generations/years ago (Figure 3 and Table S5). The mean time of 
the strongest bottleneck effects (TMG) of all local populations was 
452  ±  261.3 (mean  ±  SD; range, 198–1,065) generations/years 
ago. The maximum magnitude of bottleneck effect (MG) showed a 
moderate decrease of 7.8 ± 2.8 (2.7–13.8) individuals per genera-
tion/year (Table S5).

Coalescent modeling in DIYABC suggested optimal demography 
models of either population recovery or population expansion in all 
local populations with low posterior predictive error rates ranging 
from 0 to 0.286 (Table S6). Except for PS, the other 14 local pop-
ulations were most likely to be experiencing a population recovery 
process from their big ancestral populations (Nanc; 5,550  ±  894.3; 
4,430–8,320) to the smallest (Nbot; 262.1 ± 164.2; 37–509) through 
bottleneck effects that happened almost 400 years ago, except for 
73.4 years ago in CS (356.4 ± 83.5; 73.4–410) and followed by re-
covering Ne (1,114.6 ± 736.0, 177–2,240; Table S7). For PS, a popula-
tion expansion model was best suited with Nanc = 272, Tanc = 2,960, 
Nbot = 115, Tbot = 441, and Ne = 442 (Table S7). The goodness-of-fit 
test (Figure S1) showed that the observed data points were located 
in the clusters of both prior and posterior predictive distribution, 
indicating good model performances. Bias and error estimates for 
each posterior parameter of the optimal scenarios were generally 
small and were shown in Table S8.

3.2 | Genetic diversity in local populations

In general, the genetic diversity levels in the 15 local populations 
were similar based on the analyses of the three types of molecular 
markers (Table 1). For mtDNA, the number of haplotypes (NH) of local 
populations ranged from 4 to 13. Most of the local populations had 
haplotype diversity (h) that ranged from 0.583 to 0.897, although 

LG showed the lowest value of 0.470 (Table 1). For SSRs, the mean 
number of alleles per locus (NA) ranged from 6.077 to 8.769. The ob-
served heterozygosity (HO) ranged from 0.559 to 0.664 (Table 1). For 
SNPs, the mean frequency of the most frequent allele (PM) ranged 
from 0.821 to 0.843; HO was similar, at ~0.214 (± 0.024) with the 
highest detected in WG (0.301) and the lowest in BG (0.197); and π 
ranged from 0.230 to 0.268 (Table 1).

3.3 | Genetic differentiation between local 
populations

Pairwise FST values of SSRs and SNPs identified that the local popu-
lations within or near to urban areas (CP, BG, GQ and CS) and in the 
two islands (PS and CJ) showed higher differentiation than the other 
local populations (Table S9). The FST values related to these six local 
populations ranged from 0.026 to 0.107 in SNPs and from 0.017 to 
0.078 in SSRs. Local populations in the urban area showed stronger 
differentiation than those on the islands to other local populations. 
For example, FST values between the urban GQ population and other 
local populations were the highest compared with FST values of the 
other 14 local populations (Table S9). Neither the SSR data nor SNP 
data revealed significant signal of isolation by distance by Mantel 
tests (R2 = 0.030, p = .152 for SSRs; R2 = 0.005, p = .345 for SNPs).

3.4 | Phylogenetic analysis of mtDNA

In total, 68 haplotypes of a 656-bp Cyt-b fragment were obtained 
from 364 individuals. Among these haplotypes, H1 and H3 were 
the two main haplotypes, with 53 and 151 individuals, respectively 
(Figure  S2). Both maximum-likelihood (Figure  S3) and Bayesian 
(Figure  S4) trees showed consistent topological relationships be-
tween haplotypes, and genetic distances between haplotypes were 
small, thus indicating no significant divergence among the 15 local 
populations at the mitochondrial DNA level.

3.5 | Population structure based on SSR and 
SNP data

STRUCTURE results for SSR data supported optimal numbers of 
clusters when K = 2 and K = 4 (Figure S5a). In both cases, the two 
island local populations (PS and CJ) and two urban local populations 
(GQ and CP) were grouped into differentiated clusters (Figure 4a). 
Furthermore, results from Geneland supported a more detailed 
eight-cluster structure, including two island clusters (i.e., CJ and PS), 
three urban clusters (i.e., GQ, CP, and BG), two suburban clusters 
(i.e., CS and WG), and one big peripheral cluster containing all the 
other local populations (Figure 4c). Subsequent DAPC analysis re-
tained 39 principal components (PCs; Figure S6), and the first two 
discriminant functions distinguished five clusters, including two 
urban local populations (CP and GQ), two island local populations 

http://www.r-project.org/
http://www.r-project.org/
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F I G U R E  4   Population structure of Pelophylax plancyi analyzed using SSR and SNP data. Bar plots of individual Q-matrices calculated 
by STRUCTURE using (a) the 13 SSR loci and (b) the 44,469 SNP loci with the local populations assigned in order of urban, suburban, and 
rural groups; (c) map of clusters simulated by 13 SSR loci in Geneland with asymmetrical gene flow illustration (bigger arrow—stronger gene 
flow; smaller arrow—weaker gene flow); (d) map of pie charts of population Q-matrix simulated by 44,469 SNP loci in STRUCTURE. Site 
abbreviations correspond to those in Table 1

F I G U R E  5   Scatterplots results from discriminant analysis of principal components (DAPC) for all 15 local Pelophylax plancyi populations 
using (a) the 13 SSR loci and (b) the 71,910 SNP loci. Insets represent the eigenvalues of retained principal components (top left), and the 
eigenvalues of discriminant functions (bottom left). Site abbreviations correspond to those in Table 1
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(PS and CJ) and one big cluster of the remaining 11 local populations 
(Figure 5a).

In terms of the SNPs, STRUCTURE showed that the optimal K 
of genetic clusters was two, five, and eight (Figure  S5b). When K 
was eight, local urban populations CP, BG, and GQ; the same two 
suburban populations CS and WG, and the two island populations 
PS and CJ were independent clusters; and all the other local popu-
lations were grouped into a single peripheral cluster (Figure 4b,d). In 
Admixture analysis, as the cross-validation showed quite limited dif-
ferences from K = 2 to K = 8 (Figure S7), the series of bar plots were 
displayed in Figure S8. Admixture gave the most consistent popula-
tion structure with STRUCTURE results when K = 8 (Figure S8). In 
the DAPC analysis, 23 PCs were retained (Figure S9). Three urban 
local populations (GQ, CP, and BG) and the two island local popula-
tions (PS and CJ) were distinguished from the other local populations 
(Figure 5b), which was generally consistent with the other genetic 
model simulation results presented earlier.

Therefore, according to the analyses of both SSRs (Geneland) and 
SNPs (STRUCTURE), the 15 local populations were categorized into 
eight genetic clusters as follows: CP, BG, GQ, CS, WG, PS, CJ, and a 
peripheral cluster including the local populations of SN, PJ, XY, JB, 
QX, LX, BF, and LG (Figure 4).

3.6 | Gene flow between genetic clusters

In terms of SSRs, all three runs converged in BayesAss (Figure S10). 
Regarding the SNP data, the three replicate runs showed consistent 
results, though did not converge as diagnosed by Tracer. The results 
of the SNP data indicated asymmetrical migrations from the periph-
eral cluster to most of the other genetic clusters (migration rates: 
0.165–0.204), except for lower rates to GQ and CJ (Table S10). By 
contrast, the migration rates between the other seven genetic clus-
ters or to the peripheral cluster were extremely low (0.004–0.052; 
Table S10). Results of the SSR data showed a similar pattern to that 
of the SNPs (Table S11).

3.7 | Urbanization index and statistical analysis

According to the PCA of the seven landscape variables (Table S4), 
the UI values differed significantly among the 15 sampling sites 
(t = 21.816, p <  .001). Linear regression model (LRM) showed that 
UI decreased significantly along the cityscape gradient from urban 
to rural areas (regression coefficient (RC)  =  −0.223, R2

adj
  =  0.321, 

p = .016; Table 1).
Moderate, but significant negative relationships between genetic 

variations and UI were detected at the local scale. NH of mtDNA 
(RC  =  −4.986, R2

adj
  =  0.207, p  =  .050), NA of SSRs (RC  =  −1.480, 

R
2

adj
 = 0.259, p =  .031), and π of SNPs (RC = −0.020, R2

adj
 = 0.320, 

p = .016) showed significant negative relationships with UI (Table 1). 
In terms of Ne, although calculation by SSRs did not show a signifi-
cant relationship with UI, SNP-derived Ne was negatively related to 

UI at the local scale (RC = −1,812.0, R2
adj

 = 0.529, p = .002). Neither 
genetic diversity nor Ne were detected to have significant regression 
relationship with urbanization gradient at the cityscape scale.

4  | DISCUSSION

Urbanization is one of the most important impacts of human devel-
opment in the 21st century. Although populations have been shown 
to adapt to urban environments, urbanization frequently has nega-
tive effects on the movement, demography, and genetic diversity of 
populations (Miles et al., 2019). Therefore, understanding the evolu-
tionary mechanisms by which urbanization and associated fragmen-
tation affect populations can provide valuable knowledge about the 
conservation and management of native and non-native populations 
alike (Lambert & Donihue,  2020). In this study, we presented the 
influence of the long-term urbanizing process in Shanghai City on 
population genetics of P. plancyi. The ongoing population fragmen-
tation of this anuran species with limited dispersal ability provides a 
good example to discuss the conservation biology of native wildlife 
in intensively urbanizing environments.

4.1 | Demographic variation

Examining the demographic processes of species is essential for 
evaluating how urban development affects the historical and con-
temporary effective population sizes (Ne), and consequently, causes 
different intensities of genetic drift between local populations 
in areas with different urbanization levels. In the lower Yangtze 
River areas, agricultural development and urbanization have had 
substantial environmental impacts since 2800–2200 B.P. (Atahan 
et  al.,  2008). During this period, agriculture underwent significant 
development in Shanghai (Wang et  al.,  1996; Figure  1). Both the 
SSR (Figure 3 and Table S5) and SNP (Table S7) data showed that 
bottleneck effects in all 15 local populations occurred during the 
agriculture-dominated historical stage, several hundred years ago. 
Urbanization has been linked to agricultural intensification and the 
translocation of species (e.g., domesticated species and human com-
mensals) since the Iron Age (Boivin et al., 2016). Both agriculture and 
translocated species can not only cause resource or habitat competi-
tion with local wildlife (McClure, 2013; Yeakel et al., 2014), but also 
degrade the suitability of the remaining habitat. In addition, a range 
of predator species, including humans, have constantly exploited 
amphibians for hundreds of years (Wells, 2007). Wildlife consump-
tion is a tradition in many countries, and overexploitation remains 
one of the main threats to 78% of 437 vertebrate species (64% 
for 25 amphibian species studied) in China (Li & Wilcove,  2005). 
Therefore, similar to Harris et  al.  (2016), our data suggested that 
population decline of indigenous wildlife species might have been 
driven by historical agriculture-dominated time periods when there 
was little urbanization, and not the recent fast urbanization typical 
of recent times.
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Moreover, the SNP results further suggested that Ne values of 
all P.  plancyi local populations are recovering from the bottleneck 
effects in recent years (Table S7). According to the recommended 
threshold of Ne  ≥  100 to avoid inbreeding depression (Frankham 
et  al.,  2014), all P.  plancyi local populations still possess enough 
Ne to persist in the city. Lourenço et  al.  (2017) found that habitat 
patch size was the most significant variable positively associated 
with Ne. In this study, all sampling sites were >10  ha and located 
in areas with relatively stable land-use forms over the past few de-
cades. Therefore, although modern urbanization might decrease 
gene flow between urban populations of wildlife species (Hamer & 
McDonnell, 2008; Lambert & Donihue, 2020), protecting the core 
habitat area (Cushman, 2006; Semlitsch, 2008) could be pivotal to 
maintain Ne and genetic diversity of urban populations at suitable 
levels for longer persistence.

4.2 | Modern urbanization and genetic diversity of 
local populations

Higher genetic diversity is usually correlated with larger Ne and higher 
population fitness (Frankham, 2012; Reed & Frankham, 2003), and 
thus, is a fundamental indicator of population health and stability. 
Although genetic diversity of some species increased following urban 
facilitation models, genetic diversity of most studied animal species 
decreased in response to urbanization (e.g., the urban fragmentation 
model; Miles et al., 2019; Schmidt et al., 2020). These types of ge-
netic diversity decline in response to urbanization were detected in 
all classes of vertebrates (Johnson & Munshi-South, 2017). Dispersal 
ability is one of the most significant factors influencing the popula-
tion genetics of wildlife in urban areas (Lambert & Donihue, 2020). 
Vertebrate species that walk tend to be more vulnerable to urbani-
zation because of their obviously easier interrupted gene flow be-
tween populations (Medina et al., 2018; Schmidt et al., 2020).

In amphibians, their aquatic-terrestrial biphasic life cycles and 
limited terrestrial dispersal ability usually cause them to be more 
vulnerable to the severe habitat fragmentation caused by modern 
urbanization (Semlitsch, 2008). Hitchings and Beebee (1997) found 
a positive correlation between genetic diversity and fitness of Rana 
temporaria, which were always the lowest in urbanized areas. In this 
study, the results from all three molecular markers indicated that 
comparable levels of Ne (Tables  S5 and S7) and genetic diversity 
(Table 1) of P. plancyi were maintained in urban and suburban areas 
compared with rural areas. Meanwhile, although the UI within a 2-km 
radius range of the core habitats showed moderate but significant 
impacts on the genetic diversity of P.  plancyi, this impact was not 
significant along the urban-to-rural gradient (Table 1). These results 
implied that urbanization may have already influenced P. plancyi pop-
ulation fitness at the local scale but not yet at the cityscape scale. 
Therefore, providing better local habitats to maintain adequate Ne 
and genetic diversity in local populations will be essential to enable 
wildlife populations to persist in heavily urbanized areas (see "Urban 
amphibian species conservation" section for detailed discussion).

4.3 | Environmental factors shaping the population 
genetic structure

Although the nonsignificant divergence of mtDNA between the 
15 local populations supported a unified P.  plancyi population 
(Figures S3 and S4) in Shanghai City, both SSR and SNP data showed 
a differentiated population structure (Figures 4 and 5, and S8). These 
results confirmed that both urbanization and geographic barriers can 
be significant factors in shaping the population structure of wildlife 
species.

Habitat fragmentation caused by urbanization can reduce gene 
flow, which can result in genetic isolation among local populations. 
The barrier to gene flow caused by impervious surfaces like build-
ings and roads in urban areas was confirmed in many vertebrate 
species, like the isolation effect of impervious surface in New York 
to white-footed mouse (Peromyscus leucopus) populations (Munshi-
South et al., 2016), and the highway 101 to Wrentit (Chamaea fas-
ciata) and side-blotched lizard (Uta stansburiana) populations in Los 
Angeles (Thomassen et al., 2018). Regarding amphibians, fragmen-
tation effects caused by urban infrastructures could be even more 
significant. For example, genetic structures of L. sylvaticus popula-
tions can be quite homogenous when natural or artificial habitats 
are available for adults and juveniles to move between sampling sites 
in urban areas (Furman et  al.,  2016; Homola et  al.,  2019), but the 
existence of impervious surfaces like buildings and roads can sig-
nificantly decrease gene flow and cause genetic subdivision among 
fragmented populations (Crosby et  al.,  2009; Richardson,  2012). 
Similar results were also reported in A. tigrinum populations in New 
York City (McCartney-Melstad et al., 2018). As for P. plancyi in this 
study, among the eight recognized genetic clusters, six occurred in 
the mainland area of the city, and the spatial distribution pattern was 
consistent with the urbanization gradient (Figure 4c,d). Connected 
agricultural lands across the vast rural areas remain the optimal hab-
itat for amphibians in Shanghai City (Li et al., 2019), supported by the 
existence of one big peripheral cluster and the asymmetrical gene 
flow mainly from the peripheral cluster to other mainland clusters 
(Figure 4c). Zhang et al.  (2016) reported a positive influence of ag-
ricultural and forest land coverage on the P. plancyi population size 
at the local scale (i.e., a 2-km radius). Yue (2019) found that P. plancyi 
was sensitive to the existence of paved roads in urban areas. More 
urbanized areas are usually accompanied by less agricultural and 
forest land coverage, and denser paved roads, which supported the 
distribution pattern of the six genetic clusters in mainland Shanghai 
City (Figure 4).

Despite clear historical impacts on P.  plancyi populations, the 
correlation between the distribution of the mainland genetic clusters 
with modern city development (Figure 4c,d) suggests that 40 years of 
rapid modern urbanization has already had a fast and significant im-
pact on the genetic structure of the P. plancyi population in Shanghai 
City. Compared with the S. salamandra data from Oviedo (mean SSR 
pairwise FST: 0.106 ± 0.039; Lourenço et al., 2017) or the Plethodon 
cinereus data from Montreal (0.064 ± 0.038; Noël et al., 2007), the 
degree of differentiation among P. plancyi local populations was still 
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moderate (Table S9). However, given the relatively short period of 
rapid modern urbanization in Shanghai City, the intensity of differ-
entiation was considerable, and even stronger than that caused by 
the island isolation effect (Table S9). A similar situation was reported 
in D. fuscus in New York City (Munshi-South et al., 2013). Therefore, 
both time since isolation and the intensity of urbanization can deter-
mine the speed and degree of genetic differentiation.

Geographical barriers like islands and big rivers are common and 
important factor causing isolation of wildlife populations. The isola-
tion effect caused by islands was obvious, as revealed by two island 
clusters (i.e., CJ and PS). However, we did not observe significant ge-
netic differentiation between the west and east sides of the Huangpu 
River (Figures 4 and 5). Big rivers are often regarded as barriers to 
amphibian species with difficulties to traverse large waterways (Li 
et al., 2009; Moraes et al., 2016). However, in some studies, rivers 
appeared to facilitate gene flow within amphibian species (Mikulíček 
& Pišút, 2012; Spear et al., 2005). For example, Mikulíček and Pišút 
(2012) suggested that the effect of rivers on genetic differentiation 
of amphibian populations is not uniform, but depends on the char-
acteristics of the river and specific traits of the wildlife species stud-
ied. Meanwhile, effects of natural barriers are usually influenced by 
human activities in an urbanizing environment. The Huangpu River 
is the biggest river and the main shipping channel in Shanghai City. 
Most of the riverbank has been lined by a solid up-right concrete wall 
since the 1990s, which is not suitable for P. plancyi to pass through. 
However, given that the Huangpu River is not long, corridors at 
headwaters might still exist. Moreover, the ~30 years of riverbank 
building might not be sufficient to cause divergence of the local pop-
ulations on both sides. Therefore, the effect of the Huangpu River 
on the population genetics of this species in Shanghai City requires 
further population monitoring and landscape genetic studies. Joint 
effects between natural barriers and urbanization to the population 
fragmentation of urban wildlife species should be considered.

4.4 | Urban amphibian species conservation

Protecting wildlife in urbanized areas is important not only for con-
servation, but also for a better and healthier urban ecosystem (Yang 
et al., 2015). Amphibians are good indicators of habitat alterations 
and thus have high conservation values in urban environments. 
Natural or artificial ponds and wetlands with clean water, a high 
coverage of floating leaved vegetation, and traversable aquatic– 
terrestrial interfaces are typical suitable microhabitats for P. plancyi 
(Huang et al., 2018; Yue, 2019). Such kinds of suitable pond and wet-
land microhabitats are widely spread across the city (Li et al., 2017), 
resulting in P. plancyi being the most abundant and widely distrib-
uted anuran in Shanghai (Gu, 2015; Huang et al., 2018; Yue, 2019). 
In this study, although genetic isolation caused by urbanization was 
confirmed, the recovering Ne values of the 15 sampled local popu-
lations (Table  S7) suggest the possibility of population conserva-
tion for long-term persistence in heavily urbanized environments. 
However, as local populations in urban, suburban, and rural areas 

exhibited differentiated genetic structure (Figure 4), strategies for 
amphibian species conservation need to be specific to the different 
areas of the city.

Many studies have suggested the importance of protecting the 
core habitat area based on philopatry and the limited migration abil-
ity of adult amphibians (reviewed by Cushman, 2006), especially for 
anuran pond breeders with complex aquatic–terrestrial habitat use 
patterns (Semlitsch, 2008). Indeed, the five genetic clusters located 
in urban and suburban areas (Figure  4c) are typical isolated local 
populations located in highly fragmented urban habitat remnants 
where the success of juvenile dispersal can be low. Protecting the 
core habitat areas would help preserve the source for these pop-
ulations, which would also be beneficial to the entire urban wild-
life community. Although no direct data of the migration distance 
of P. plancyi adults are available, Smith and Green (2005) reported 
that >60% (33/53) of anuran species worldwide moved  <  500  m. 
Drinnan (2005) suggested that the discrete habitat remnant size 
should be >4 ha for bird and frog species conservation in Australia. 
Therefore, protecting core habitats for amphibians might not require 
large territories in heavily urbanized areas and could reflect a good 
balance between municipal economy/livelihood land-use planning 
and wildlife conservation. Urban green spaces, including parks and 
public woods, are highly valued refugees for birds (Yang et al., 2015; 
Ye, 2016) and amphibians (Li et al., 2018; Zhang et al., 2016). There 
are more than 217 parks in Shanghai City, and the average area 
of each park is 12.23 (± 29.28) ha, with a median value of 3.8  ha 
(Shanghai Landscaping & City Appearance Administrative Bureau, 
unpublished data). In this study, 10 sampling sites were located in 
parks and gardens (Table 1) with an area each > 10 ha. The recov-
ering Ne (Table S7) and comparable genetic diversity (Table 1) of the 
local populations in these sampling sites compared with the other 
five local populations suggest that well-designed artificial habitats 
in urban green spaces would be suitable core habitats for wildlife 
species with limited dispersal ability.

Although core habitat area protection might be effective 
for urban amphibian conservation, a larger scale habitat matrix 
to support larger populations with rich genetic exchange will be 
more precious (Semlitsch, 2008). A notable result of this study was 
the existence of a big peripheral genetic cluster located mainly in 
the rural areas of mainland Shanghai City, which included eight 
local populations (Figure  4). Agricultural lands in rural areas are 
traditionally the most optimal habitats for wildlife conservation 
(SFB, 2004). Lower urbanization levels and larger connected hab-
itat areas compared with urban and suburban habitat patches are 
the main advantages of rural agricultural lands in terms of sup-
porting larger wildlife populations and higher species diversity (Li 
et al., 2019). However, Liu et al. (2020) reported that ~70% of urban 
growth since 1990s occurred at the expense of agricultural lands. 
Therefore, although urbanization will continue to intensify (Kuang 
et al., 2014), as a part of the city development plan facing 2035, 
rural agricultural lands of Shanghai are under protection, which 
provides a good foundation to protect source habitats for the bio-
diversity conservation in the city.
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Maintaining gene flow between populations is important for the 
long-term persistence of populations (Miles et al., 2019). In this study, 
the asymmetrical gene flow from the peripheral cluster to urban and 
suburban clusters (Table S10) suggested that corridors between rural 
and urban local populations exist but are more restricted between 
urban local populations. For P. plancyi and other amphibian species in 
Shanghai City, the importance of environmental factors, such as for-
est and wetland composition (Zhang et  al.,  2016) and configuration 
structures (Li et al., 2018) to promote dispersal and migration between 
breeding sites, has been reported, and all improve gene flow among 
discrete local populations in urban areas. In fact, an ecological corridor 
network project (SMPG, 2018) has been planned and has started to 
encompass the entire city territory to improve wildlife species distribu-
tion and conservation in this area. However, how to keep or establish 
corridors to support gene flow among local populations in both rural 
source habitats and urban habitat remnants can be specific to a par-
ticular species in a specific environment (Jarvis et al., 2019), especially 
for terrestrial locomotive species (Medina et al., 2018). Therefore, to 
develop a well-designed urban wildlife species conservation plan, fun-
damental ecological information of the species is essential.

To the majority of amphibian species including P. plancyi, knowl-
edge of their dispersal behavior is limited (Smith & Green,  2005). 
In addition, given the possibility of delayed biological responses to 
habitat alteration (e.g., Keyghobadi et  al.,  2005) and the ongoing 
rapid urbanization of developing countries, long-term monitoring of 
population genetics is necessary for conservation management. The 
fast development of next-generation sequencing provides powerful 
tools to detect functional genomic adaptations of wildlife to urban-
ization (e.g., Harris & Munshi-South, 2017) and to apply landscape 
genetics analyses to determine how landscape influences this evolu-
tionary process (e.g., McCartney-Melstad et al., 2018; Munshi-South 
et al., 2016). Such information enables us to further understand the 
mechanisms underlying the effects of urbanization on the evolution 
of wildlife populations.

5  | CONCLUSIONS AND IMPLIC ATIONS

In this study, we confirmed that long-term urbanization could influ-
ence the population genetics of native wildlife species in different 
stages during a process of thousands of years, resulting in profound 
evolutionary and conservational consequences to the urban wildlife. 
Population bottlenecks of wildlife species with limited dispersal abil-
ity like P. plancyi could have already begun more than one thousand 
years ago during the historical low-level urbanization dominated by 
agriculture, while the intensive modern urbanization for dozens of 
years more significantly influenced the gene flow among local popu-
lations and caused urban wildlife population differentiation along 
the urban-to-rural gradient. However, urban local populations can 
still keep comparable Ne and genetic diversity with those in rural 
areas, which suggested that protecting core habitat areas would be 
an effective method to maintain local populations of urban wildlife 

species with limited dispersal abilities. Nevertheless, for long-term 
conservation planning and management plan, a corridor network to 
maintain gene flow between local populations in the large rural ag-
ricultural areas and discrete urban local populations is imperative.

ACKNOWLEDG EMENTS
We thank Dr. Zhen Zhang, André Lourenço, and Gabriel Low for 
helpful advice relating to data analyses. We thank the editor and 
two anonymous reviewers for their constructive comments, which 
improved the manuscript a lot. This study was financially sup-
ported by Shanghai Landscaping & City Appearance Administrative 
Bureau, National Natural Science Foundation of China (31470488, 
32071529), and the Ministry Science and Technology of China 
(2015FY110200, 2016YFC0503200). The Funding for International 
Academic Conferences by East China Normal University granted 
an oral presentation of this study at the 9th World Congress of 
Herpetology.

CONFLIC T OF INTERE S T
None declared.

DATA AVAIL ABILIT Y S TATEMENT
Data of Cyt-b haplotypes, SSR genotypes, and SNP loci used in this 
study are accessible on Figshare (https://doi.org/10.6084/m9.figsh​
are.11848374), and ddRAD reads in the study are available on NCBI’s 
Short-read Archive (SRA) with accession number PRJNA606868, to 
be published after a decision has been made on the manuscript.

ORCID
Xu Wei   https://orcid.org/0000-0002-7074-0878 
Zhenghuan Wang   https://orcid.org/0000-0002-3493-136X 

R E FE R E N C E S
Alexander, D. H., & Lange, K. (2011). Enhancements to the ADMIXTURE 

algorithm for individual ancestry estimation. BMC Bioinformatics, 12, 
246. https://doi.org/10.1186/1471-2105-12-246

Alexander, D. H., Novembre, J., & Lange, K. (2009). Fast model-based es-
timation of ancestry in unrelated individuals. Genome Research, 19(9), 
1655–1664. https://doi.org/10.1101/gr.094052.109

Andrews, S. (2010). FastQC: A quality control tool for high throughput se-
quence data. Retrieved from http://www.bioin​forma​tics.babra​ham.
ac.uk/proje​cts/fastq​c/

Atahan, P., Itzstein-Davey, F., Taylor, D., Dodson, J., Qin, J., Zheng, H., & 
Brooks, A. (2008). Holocene-aged sedimentary records of environ-
mental changes and early agriculture in the lower Yangtze, China. 
Quaternary Science Reviews, 27, 556–570. https://doi.org/10.1016/j.
quasc​irev.2007.11.003

Boivin, N. L., Zeder, M. A., Fuller, D. Q., Crowther, A., Larson, G., 
Erlandson, J. M., Denham, T., & Petraglia, M. D. (2016). Ecological 
consequences of human niche construction: Examining long-term 
anthropogenic shaping of global species distributions. Proceedings of 
the National Academy of Sciences, 113(23), 6388–6396. https://doi.
org/10.1073/pnas.15252​00113

Bulut, Z., McCormick, C. R., Gopurenko, D., Williams, R. N., Bos, D. H., & 
DeWoody, J. A. (2009). Microsatellite mutation rates in the eastern 
tiger salamander (Ambystoma tigrinum tigrinum) differ 10-fold across 

https://doi.org/10.6084/m9.figshare.11848374
https://doi.org/10.6084/m9.figshare.11848374
https://orcid.org/0000-0002-7074-0878
https://orcid.org/0000-0002-7074-0878
https://orcid.org/0000-0002-3493-136X
https://orcid.org/0000-0002-3493-136X
https://doi.org/10.1186/1471-2105-12-246
https://doi.org/10.1101/gr.094052.109
http://www.bioinformatics.babraham.ac.uk/projects/fastqc/
http://www.bioinformatics.babraham.ac.uk/projects/fastqc/
https://doi.org/10.1016/j.quascirev.2007.11.003
https://doi.org/10.1016/j.quascirev.2007.11.003
https://doi.org/10.1073/pnas.1525200113
https://doi.org/10.1073/pnas.1525200113


132  |     WEI et al.

loci. Genetica, 136(3), 501–504. https://doi.org/10.1007/s1070​
9-008-9341-z

Carr, L. W., & Fahrig, L. (2001). Effect of road traffic on two amphibian 
species of differing vagility. Conservation Biology, 15(4), 1071–1078. 
https://doi.org/10.1046/j.1523-1739.2001.01500​41071.x

Catchen, J., Hohenlohe, P. A., Bassham, S., Amores, A., & Cresko, W. 
A. (2013). Stacks: An analysis tool set for population genomics. 
Molecular Ecology, 22(11), 3124–3140. https://doi.org/10.1111/
mec.12354

Clement, M., Posada, D., & Crandall, K. A. (2000). TCS: A computer pro-
gram to estimate genealogies. Molecular Ecology, 9(10), 1657–1659.

Cornuet, J., Pudlo, P., Veyssier, J., Dehne-Garcia, A., Gautier, M., Leblois, 
R., & Estoup, A. (2014). DIYABC v2.0: A software to make approx-
imate Bayesian computation inferences about population history 
using single nucleotide polymorphism, DNA sequence and microsat-
ellite data. Bioinformatics, 30(8), 1187–1189.

Crosby, M. K. A., Licht, L. E., & Fu, J. (2009). The effect of habitat frag-
mentation on finescale population structure of wood frogs (Rana 
sylvatica). Conservation Genetics, 10(6), 1707–1718. https://doi.
org/10.1007/s1059​2-008-9772-1

Cushman, S. A. (2006). Effects of habitat loss and fragmentation on am-
phibians: A review and prospectus. Biological Conservation, 128(2), 
231–240. https://doi.org/10.1016/j.biocon.2005.09.031

Dai, J., & Zhou, K. (2009). Development of microsatellite loci for Pelophylax 
plancyi and cross-amplification in other ranid species. Conservation 
Genetics, 10(3), 763–766. https://doi.org/10.1007/s1059​2-008-9657-3

Danecek, P., Auton, A., Abecasis, G., Albers, C. A., Banks, E., DePristo, M. 
A., Handsaker, R. E., Lunter, G., Marth, G. T., Sherry, S. T., McVean, 
G., & Durbin, R. (2011). The variant call format and VCFtools. 
Bioinformatics, 27(15), 2156–2158. https://doi.org/10.1093/bioin​
forma​tics/btr330

Darriba, D., Taboada, G. L., Doallo, R., & Posada, D. (2012). jModelT-
est 2: More models, new heuristics and parallel computing. Nature 
Methods, 9(8), 772. https://doi.org/10.1038/nmeth.2109

Drinnan, I. N. (2005). The search for fragmentation thresholds in a 
Southern Sydney Suburb. Biological Conservation, 124(3), 339–349. 
https://doi.org/10.1016/j.biocon.2005.01.040

Du, J., Yan, J., & Zhou, K. (2012). Isolation of microsatellite markers 
for Pelophylax nigromaculata and a tentative application in detect-
ing interspecific introgression. Gene, 508(1), 130–134. https://doi.
org/10.1016/j.gene.2012.07.046

Evanno, G., Regnaut, S., & Goudet, J. (2005). Detecting the number 
of clusters of individuals using the software structure: A sim-
ulation study. Molecular Ecology, 14(8), 2611–2620. https://doi.
org/10.1111/j.1365-294X.2005.02553.x

Excoffier, L., Laval, G., & Schneider, S. (2005). Arlequin (version 3.0): An 
integrated software package for population genetics data analysis. 
Evolutionary Bioinformatics, 1, 47–50. https://doi.org/10.1177/11769​
34305​00100003

Fei, L., Ye, C., & Jiang, J. (2010). Colored atlas of Chinese amphibians and 
their distributions. Sichuan Science and Technology Press.

Frankham, R. (2012). How closely does genetic diversity in finite pop-
ulations conform to predictions of neutral theory? Large deficits in 
regions of low recombination. Heredity, 108(3), 167–178. https://doi.
org/10.1038/hdy.2011.66

Frankham, R., Bradshaw, C. J. A., & Brook, B. W. (2014). Genetics in 
conservation management: Revised recommendations for the 
50/500 rules, Red List criteria and population viability analyses. 
Biological Conservation, 170, 56–63. https://doi.org/10.1016/j.
biocon.2013.12.036

Furman, B. L. S., Scheffers, B. R., Taylor, M., Davis, C., & Paszkowski, C. 
A. (2016). Limited genetic structure in a wood frog (Lithobates sylvat-
icus) population in an urban landscape inhabiting natural and con-
structed wetlands. Conservation Genetics, 17(1), 19–30. https://doi.
org/10.1007/s1059​2-015-0757-6

Gelman, A., & Rubin, D. B. (1992). Inference from iterative simulation 
using multiple sequences. Statistical Science, 7(4), 457–511. https://
doi.org/10.1214/ss/11770​11136

Grimm, N. B., Faeth, S. H., Golubiewski, N. E., Redman, C. L., Wu, J., Bai, 
X., & Briggs, J. M. (2008). Global change and the ecology of cities. 
Science, 319, 756–760. https://doi.org/10.1126/scien​ce.1150195

Gu, S. (2015). Habitat utilization of anurans in parks of Shanghai City.
Unpublished master dissertation. East China Normal University.

Guillot, G., Mortier, F., & Estoup, A. (2005). GENELAND: A computer 
package for landscape genetics. Molecular Ecology Notes, 5(3), 712–
715. https://doi.org/10.1111/j.1471-8286.2005.01031.x

Guzy, J. C., McCoy, E. D., Deyle, A. C., Gonzalez, S. M., Halstead, 
N., & Mushinsky, H. R. (2012). Urbanization interferes with the 
use of amphibians as indicators of ecological integrity of wet-
lands. Journal of Applied Ecology, 49(4), 941–952. https://doi.
org/10.1111/j.1365-2664.2012.02172.x

Hamer, A. J., & McDonnell, M. J. (2008). Amphibian ecology and con-
servation in the urbanising world: A review. Biological Conservation, 
141(10), 2432–2449. https://doi.org/10.1016/j.biocon.2008.07.020

Harris, S. E., & Munshi-South, J. (2017). Signatures of positive selec-
tion and local adaptation to urbanization in white-footed mice 
(Peromyscus leucopus). Molecular Ecology, 26(22), 6336–6350.

Harris, S. E., Xue, A. T., Alvarado-Serrano, D., Boehm, J. T., Joseph, T., 
Hickerson, M. J., & Munshi-South, J. (2016). Urbanization shapes the 
demographic history of a native rodent (the white-footed mouse, 
Peromyscus leucopus) in New York City. Biology Letters, 12, 20150983.

Hitchings, S. P., & Beebee, T. J. C. (1997). Genetic substructuring as a re-
sult of barriers to gene flow in urban Rana temporaria (common frog) 
populations: Implications for biodiversity conservation. Heredity, 
79(2), 117–127. https://doi.org/10.1038/hdy.1997.134

Homola, J. J., Loftin, C. S., Cammen, K. M., Helbing, C. C., Birol, I., Schultz, 
T. F., & Kinnison, M. T. (2019). Replicated landscape genomics iden-
tifies evidence of local adaptation to urbanization in wood frogs. 
Journal of Heredity, 110(6), 707–719. https://doi.org/10.1093/jhere​
d/esz041

Hu, H. (1987). Demography in China (Shanghai part). China Financial & 
Economic Publishing House.

Huang, K., Mu, Z., Yue, Q., Yu, F., Yuan, X., Bo, S., & Wang, Z. (2018). 
Microhabitat utilization of anuran species in Shanghai Country Parks 
(in Chinese). Sichuan Journal of Zoology, 37(4), 426–434.

Huang, Z., Tang, Z., & Zong, Y. (1980). Amphibian and Reptile species in 
Shanghai (in Chinese). Natural Science, 3, 17–20.

IUCN. (2019). IUCN Red List of Threatened Species. Retrieved from https://
www.iucn.org/

Jakobsson, M., & Rosenberg, N. A. (2007). CLUMPP: A cluster matching 
and permutation program for dealing with label switching and mul-
timodality in analysis of population structure. Bioinformatics, 23(14), 
1801–1806. https://doi.org/10.1093/bioin​forma​tics/btm233

Jarvis, L. E., Hartup, M., & Petrovan, S. O. (2019). Road mitigation using 
tunnels and fences promotes site connectivity and population expan-
sion for a protected amphibian. European Journal of Wildlife Research, 
65(2), https://doi.org/10.1007/s1034​4-019-1263-9

Johnson, M. T. J., & Munshi-South, J. (2017). Evolution of life in urban en-
vironments. Science, 358, eaam8327. https://doi.org/10.1126/scien​
ce.aam8327

Jombart, T. (2008). adegenet: A R package for the multivariate analysis 
of genetic markers. Bioinformatics, 24(11), 1403–1405. https://doi.
org/10.1093/bioin​forma​tics/btn129

Jombart, T., Devillard, S., & Balloux, F. (2010). Discriminant analysis 
of principal components: A new method for the analysis of genet-
ically structured populations. BMC Genetics, 11, 94. https://doi.
org/10.1186/1471-2156-11-94

Keyghobadi, N., Roland, J., Matter, S. F., & Strobeck, C. (2005). Among- 
and within-patch components of genetic diversity respond at dif-
ferent rates to habitat fragmentation: An empirical demonstration. 

https://doi.org/10.1007/s10709-008-9341-z
https://doi.org/10.1007/s10709-008-9341-z
https://doi.org/10.1046/j.1523-1739.2001.0150041071.x
https://doi.org/10.1111/mec.12354
https://doi.org/10.1111/mec.12354
https://doi.org/10.1007/s10592-008-9772-1
https://doi.org/10.1007/s10592-008-9772-1
https://doi.org/10.1016/j.biocon.2005.09.031
https://doi.org/10.1007/s10592-008-9657-3
https://doi.org/10.1093/bioinformatics/btr330
https://doi.org/10.1093/bioinformatics/btr330
https://doi.org/10.1038/nmeth.2109
https://doi.org/10.1016/j.biocon.2005.01.040
https://doi.org/10.1016/j.gene.2012.07.046
https://doi.org/10.1016/j.gene.2012.07.046
https://doi.org/10.1111/j.1365-294X.2005.02553.x
https://doi.org/10.1111/j.1365-294X.2005.02553.x
https://doi.org/10.1177/117693430500100003
https://doi.org/10.1177/117693430500100003
https://doi.org/10.1038/hdy.2011.66
https://doi.org/10.1038/hdy.2011.66
https://doi.org/10.1016/j.biocon.2013.12.036
https://doi.org/10.1016/j.biocon.2013.12.036
https://doi.org/10.1007/s10592-015-0757-6
https://doi.org/10.1007/s10592-015-0757-6
https://doi.org/10.1214/ss/1177011136
https://doi.org/10.1214/ss/1177011136
https://doi.org/10.1126/science.1150195
https://doi.org/10.1111/j.1471-8286.2005.01031.x
https://doi.org/10.1111/j.1365-2664.2012.02172.x
https://doi.org/10.1111/j.1365-2664.2012.02172.x
https://doi.org/10.1016/j.biocon.2008.07.020
https://doi.org/10.1038/hdy.1997.134
https://doi.org/10.1093/jhered/esz041
https://doi.org/10.1093/jhered/esz041
https://www.iucn.org/
https://www.iucn.org/
https://doi.org/10.1093/bioinformatics/btm233
https://doi.org/10.1007/s10344-019-1263-9
https://doi.org/10.1126/science.aam8327
https://doi.org/10.1126/science.aam8327
https://doi.org/10.1093/bioinformatics/btn129
https://doi.org/10.1093/bioinformatics/btn129
https://doi.org/10.1186/1471-2156-11-94
https://doi.org/10.1186/1471-2156-11-94


     |  133WEI et al.

Proceedings of the Royal Society B, 272, 553–560. https://doi.
org/10.1098/rspb.2004.2976

Kinzig, A. P., & Grove, J. M. (2001). Urban-suburban ecology. In S. A. Levin 
(Ed.), Encyclopedia of biodiversity (pp. 733–745). Academic Press.

Kruglyak, S., Durrett, R. T., Schug, M. D., & Aquadro, C. F. (1998). 
Equilibrium distributions of microsatellite repeat length result-
ing from a balance between slippage events and point mutations. 
Proceedings of the National Academy of Sciences, 95(18), 10774–
10778. https://doi.org/10.1073/pnas.95.18.10774

Kuang, W., Chi, W., Lu, D., & Dou, Y. (2014). A comparative analysis of 
megacity expansions in China and the U.S.: Patterns, rates and driv-
ing forces. Landscape and Urban Planning, 132, 121–135. https://doi.
org/10.1016/j.landu​rbplan.2014.08.015

Kumar, S., Stecher, G., & Tamura, K. (2016). MEGA7: Molecular evolutionary 
genetics analysis version 7.0 for bigger datasets. Molecular Biology and 
Evolution, 33(7), 1870–1874. https://doi.org/10.1093/molbe​v/msw054

Lambert, M. R., & Donihue, C. M. (2020). Urban biodiversity manage-
ment using evolutionary tools. Nature Ecology & Evolution, https://doi.
org/10.1038/s4155​9-020-1193-7

Li, B., Zhang, W., Shu, X., Mo, Y., Pei, E., Yuan, X., & Wang, T. (2017). 
Distribution characteristics of amphibian in three typical habitats of 
rural Shanghai (in Chinese). Resources and Environment in the Yangtze 
Basin, 26(6), 824–831.

Li, B., Zhang, W., Shu, X., Pei, E., Yuan, X., Sun, Y., Wang, T. & Wang, Z. 
(2016). The impacts of urbanization on the distribution and body con-
dition of the rice-paddy Frog (Fejervarya multistriata) and gold-striped 
pond frog (Pelophylax plancyi) in Shanghai, China. Asian Herpetological 
Research, 7(3), 200–209.

Li, B., Zhang, W., Shu, X., Pei, E., Yuan, X., Wang, T., & Wang, Z. (2018). 
Influence of breeding habitat characteristics and landscape hetero-
geneity on anuran species richness and abundance in urban parks of 
Shanghai, China. Urban Forestry & Urban Greening, 32, 56–63. https://
doi.org/10.1016/j.ufug.2018.03.017

Li, B., Zhang, W., Wang, T., & Zhou, L. (2019). Breeding habitat influ-
ences abundance and body condition of rice frog (Fejervarya mul-
tistriata) in agricultural landscape of Shanghai, China. Agriculture, 
Ecosystems & Environment, 279, 74–79. https://doi.org/10.1016/j.
agee.2019.04.003

Li, R., Chen, W., Tu, L., & Fu, J. (2009). Rivers as barriers for high elevation 
amphibians: A phylogeographic analysis of the alpine stream frog 
of the Hengduan Mountains. Journal of Zoology, 277(4), 309–316. 
https://doi.org/10.1111/j.1469-7998.2008.00543.x

Li, Y., & Wilcove, D. S. (2005). Threats to Vertebrate Species in China 
and the United States. BioScience, 55(2), 147–153. https://doi.
org/10.1641/0006-3568(2005)055[0147:TTVSI​C]2.0.CO;2

Liu, K., Wang, F., Chen, W., Tu, L., Min, M., Bi, K., & Fu, J. (2010). 
Rampant historical mitochondrial genome introgression be-
tween two species of green pond frogs, Pelophylax nigromaculatus 
and P. plancyi. BMC Evolutionary Biology, 10(1), 201. https://doi.
org/10.1186/1471-2148-10-201

Liu, X., Huang, Y., Xu, X., Li, X., Li, X., Ciais, P., Lin, P., Gong, K., Ziegler, 
A. D., Chen, A., Gong, P., Chen, J., Hu, G., Chen, Y., Wang, S., Wu, 
Q., Huang, K., Estes, L., & Zeng, Z. (2020). High-spatiotemporal-
resolution mapping of global urban change from 1985 to 2015. 
Nature Sustainability, 3(7), 564–570. https://doi.org/10.1038/s4189​
3-020-0521-x

Lourenço, A., Álvarez, D., Wang, I. J., & Velo-Antón, G. (2017). Trapped 
within the city: Integrating demography, time since isolation and 
population-specific traits to assess the genetic effects of urbaniza-
tion. Molecular Ecology, 26(6), 1498–1514. https://doi.org/10.1111/
mec.14019

Low, G. W., Chattopadhyay, B., Garg, K. M., Irestedt, M., Ericson, P., 
Yap, G., Tang, Q., Wu, S., & Rheindt, F. E. (2018). Urban landscape 
genomics identifies fine-scale gene flow patterns in an avian in-
vasive. Heredity, 120(2), 138–153. https://doi.org/10.1038/s4143​
7-017-0026-1

Martínez-Arias, R., Calafell, F., Mateu, E., Comas, D., Andrés, A., & 
Bertranpetit, J. (2001). Sequence variability of a human pseudogene. 
Genome Research, 11, 1071–1085. https://doi.org/10.1101/
gr.GR-1677RR

McCartney-Melstad, E., Vu, J. K., & Shaffer, H. B. (2018). Genomic data 
recover previously undetectable fragmentation effects in an endan-
gered amphibian. Molecular Ecology, 27(22), 4430–4443. https://doi.
org/10.1111/mec.14892

McClure, S. B. (2013). Domesticated animals and biodiversity: Early 
agriculture at the gates of Europe and long-term ecological con-
sequences. Anthropocene, 4, 57–68. https://doi.org/10.1016/j.
ancene.2013.11.001

McDonnell, M. J., & Pickett, S. T. A. (1993). Humans as components of 
ecosystems: Subtle human effects and the ecology of populated areas. 
Springer-Verlag.

McGarigal, K., Cushman, S. A., & Ene, E. (2012). FRAGSTATS v4: Spatial 
pattern analysis program for categorical and continuous maps. 
Retrieved from http://www.umass.edu/lande​co/resea​rch/frags​tats/
frags​tats.html

McKinney, M. L. (2002). Urbanization, biodiversity, and conservation. 
BioScience, 52(10), 883–890. https://doi.org/10.1641/0006-3568 
(2002)052[0883:UBAC]2.0.CO;2

Medina, I., Cooke, G. M., & Ord, T. J. (2018). Walk, swim or fly? Locomotor 
mode predicts genetic differentiation in vertebrates. Ecology Letters, 
21(5), 638–645. https://doi.org/10.1111/ele.12930

Mikulíček, P., & Pišút, P. (2012). Genetic structure of the marsh frog 
(Pelophylax ridibundus) populations in urban landscape. European 
Journal of Wildlife Research, 58(5), 833–845. https://doi.org/10.1007/
s1034​4-012-0631-5

Miles, L. S., Rivkin, L. R., Johnson, M. T. J., Munshi-South, J., & Verrelli, 
B. C. (2019). Gene flow and genetic drift in urban environments. 
Molecular Ecology, 28(18), 4138–4151. https://doi.org/10.1111/
mec.15221

Moraes, L. J. C. L., Pavan, D., Barros, M. C., & Ribas, C. C. (2016). The com-
bined influence of riverine barriers and flooding gradients on biogeo-
graphical patterns for amphibians and squamates in south-eastern 
Amazonia. Journal of Biogeography, 43(11), 2113–2124. https://doi.
org/10.1111/jbi.12756

Morin, P. A., Luikart, G., Wayne, R. K., & the SNP Workshop Group. 
(2004). SNPs in ecology, evolution and conservation. Trends 
in Ecology and Evolution, https://doi.org/10.1016/j.tree.2004. 
01.009

Munshi-South, J., Zak, Y., & Pehek, E. (2013). Conservation genetics of 
extremely isolated urban populations of the northern dusky sala-
mander (Desmognathus fuscus) in New York City. PeerJ, 1, e64.

Munshi-South, J., Zolnik, C. P., & Harris, S. E. (2016). Population ge-
nomics of the Anthropocene: Urbanization is negatively associated 
with genome-wide variation in white-footed mouse populations. 
Evolutionary Applications, 9(4), 546–564. https://doi.org/10.1111/
eva.12357

Nikolic, N., & Chevalet, C. (2014). Detecting past changes of effective 
population size. Evolutionary Applications, 7(6), 663–681. https://doi.
org/10.1111/eva.12170

Noël, S., Ouellet, M., Galois, P., & Lapointe, F. (2007). Impact of urban 
fragmentation on the genetic structure of the eastern red-backed 
salamander. Conservation Genetics, 8, 599–606. https://doi.
org/10.1007/s1059​2-006-9202-1

Oosterhout, C. V., Hutchinson, W. F., Wills, D. P. M., & Shipley, P. (2004). 
MICRO-CHECKER: Software for identifying and correcting genotyp-
ing errors in microsatellite data. Molecular Ecology Notes, 4(3), 535–
538. https://doi.org/10.1111/j.1471-8286.2004.00684.x

Peakall, R., & Smouse, P. E. (2012). GenAlEx 6.5: Genetic analysis in Excel. 
Population genetic software for teaching and research - an update. 
Bioinformatics, 28(19), 2537–2539.

Peery, M. Z., Kirby, R., Reid, B. N., Stoelting, R., Doucet-bëer, E., 
Robinson, S., Vásquez-carrillo, C., Pauli, J. N., & Palsbøll, P. J. (2012). 

https://doi.org/10.1098/rspb.2004.2976
https://doi.org/10.1098/rspb.2004.2976
https://doi.org/10.1073/pnas.95.18.10774
https://doi.org/10.1016/j.landurbplan.2014.08.015
https://doi.org/10.1016/j.landurbplan.2014.08.015
https://doi.org/10.1093/molbev/msw054
https://doi.org/10.1038/s41559-020-1193-7
https://doi.org/10.1038/s41559-020-1193-7
https://doi.org/10.1016/j.ufug.2018.03.017
https://doi.org/10.1016/j.ufug.2018.03.017
https://doi.org/10.1016/j.agee.2019.04.003
https://doi.org/10.1016/j.agee.2019.04.003
https://doi.org/10.1111/j.1469-7998.2008.00543.x
https://doi.org/10.1641/0006-3568(2005)055[0147:TTVSIC]2.0.CO;2
https://doi.org/10.1641/0006-3568(2005)055[0147:TTVSIC]2.0.CO;2
https://doi.org/10.1186/1471-2148-10-201
https://doi.org/10.1186/1471-2148-10-201
https://doi.org/10.1038/s41893-020-0521-x
https://doi.org/10.1038/s41893-020-0521-x
https://doi.org/10.1111/mec.14019
https://doi.org/10.1111/mec.14019
https://doi.org/10.1038/s41437-017-0026-1
https://doi.org/10.1038/s41437-017-0026-1
https://doi.org/10.1101/gr.GR-1677RR
https://doi.org/10.1101/gr.GR-1677RR
https://doi.org/10.1111/mec.14892
https://doi.org/10.1111/mec.14892
https://doi.org/10.1016/j.ancene.2013.11.001
https://doi.org/10.1016/j.ancene.2013.11.001
http://www.umass.edu/landeco/research/fragstats/fragstats.html
http://www.umass.edu/landeco/research/fragstats/fragstats.html
https://doi.org/10.1641/0006-3568(2002)052[0883:UBAC]2.0.CO;2
https://doi.org/10.1641/0006-3568(2002)052[0883:UBAC]2.0.CO;2
https://doi.org/10.1111/ele.12930
https://doi.org/10.1007/s10344-012-0631-5
https://doi.org/10.1007/s10344-012-0631-5
https://doi.org/10.1111/mec.15221
https://doi.org/10.1111/mec.15221
https://doi.org/10.1111/jbi.12756
https://doi.org/10.1111/jbi.12756
https://doi.org/10.1016/j.tree.2004.01.009
https://doi.org/10.1016/j.tree.2004.01.009
https://doi.org/10.1111/eva.12357
https://doi.org/10.1111/eva.12357
https://doi.org/10.1111/eva.12170
https://doi.org/10.1111/eva.12170
https://doi.org/10.1007/s10592-006-9202-1
https://doi.org/10.1007/s10592-006-9202-1
https://doi.org/10.1111/j.1471-8286.2004.00684.x


134  |     WEI et al.

Reliability of genetic bottleneck tests for detecting recent popula-
tion declines. Molecular Ecology, 21(14), 3403–3418. https://doi.
org/10.1111/j.1365-294X.2012.05635.x

Peterson, B. K., Weber, J. N., Kay, E. H., Fisher, H. S., & Hoekstra, 
H. E. (2012). Double digest RADseq: An inexpensive method for 
DeNovo SNP discovery and genotyping in model and non-model 
species. PLoS One, 7(5), e37135. https://doi.org/10.1371/journ​
al.pone.0037135

Plummer, M., Best, N., Cowles, K., & Vines, K. (2006). CODA: Convergence 
diagnosis and output analysis for MCMC. R News, 6, 7–11.

Pope, S. E., Fahrig, L., & Merriam, H. G. (2000). Landscape com-
plementation and metapopulation effects on Leopard 
frog populations. Ecology, 81(9), 2498–2508. https://doi.
org/10.1890/0012-9658(2000)081[2498:LCAME​O]2.0.CO;2

Pritchard, J. K., Stephens, M., & Donnelly, P. (2000). Inference of population 
structure using multilocus genotype data. Genetics, 155, 945–959.

Rambaut, A., Drummond, A. J., Xie, D., Baele, G., & Suchard, M. A. (2018). 
Posterior summarization in Bayesian Phylogenetics Using Tracer 1.7. 
Systematic Biology, 67(5), 901–904. https://doi.org/10.1093/sysbi​o/
syy032

Reed, D. H., & Frankham, R. (2003). Correlation between fitness and 
genetic diversity. Conservation Biology, 17(1), 230–237. https://doi.
org/10.1046/j.1523-1739.2003.01236.x

Rice, W. R. (1989). Analyzing tables of statistical tests. Evolution, 43(1), 
223–225. https://doi.org/10.1111/j.1558-5646.1989.tb042​20.x

Richardson, J. L. (2012). Divergent landscape effects on pop-
ulation connectivity in two co-occurring amphibian spe-
cies. Molecular Ecology, 21(18), 4437–4451. https://doi.
org/10.1111/j.1365-294X.2012.05708.x

Ronquist, F., Teslenko, M., Mark, P. V. D., Ayres, D. L., Darling, A., 
Höhna, S., Larget, B., Liu, L., & Suchard, M. A. & Huelsenbeck, J. 
P. (2012). MrBayes 3.2: Efficient Bayesian phylogenetic inference 
and model choice across a large model space. Systematic Biology, 
61(3), 539–542.

Rosenberg, N. A. (2004). DISTRUCT: A program for the graphical dis-
play of population structure. Molecular Ecology Notes, 4(1), 137–138. 
https://doi.org/10.1046/j.1471-8286.2003.00566.x

Rousset, F. (2008). GENEPOP'007: A complete re-implemen-
tation of the GENEPOP software for Windows and Linux. 
Molecular Ecology Resources, 8(1), 103–106. https://doi.
org/10.1111/j.1471-8286.2007.01931.x

Rozas, J., Ferrer-Mata, A., Sánchez-DelBarrio, J. C., Guirao-Rico, S., 
Librado, P., Ramos-Onsins, S. E., & Sánchez-Gracia, A. (2017). DnaSP 
6: DNA sequence polymorphism analysis of large data sets. Molecular 
Biology and Evolution, 34(12), 3299–3302. https://doi.org/10.1093/
molbe​v/msx248

Schmidt, C., Domaratzki, M., Kinnunen, R. P., Bowman, J., & Garroway, 
C. J. (2020). Continent-wide effects of urbanization on bird and 
mammal genetic diversity. Proceedings of the Royal Society B, 287, 
20192497. https://doi.org/10.1098/rspb.2019.2497

Semlitsch, R. D. (2008). Differentiating migration and dispersal processes 
for pond-breeding amphibians. The Journal of Wildlife Management, 
72(1), 260–267. https://doi.org/10.2193/2007-082

Seto, K. C., Güneralp, B., & Hutyra, L. R. (2012). Global forecasts of 
urban expansion to 2030 and direct impacts on biodiversity and car-
bon pools. Proceedings of the National Academy of Sciences, 109(40), 
16083–16088.

Shanghai Forestry Bureau (SFB). (2004). Terrestrial wildlife resources in 
Shanghai. Shanghai Science and Technology Press.

Shanghai Municipal People’s Government (SMPG). (2018). The general 
planning of Shanghai Municipality (2017–2035). Retrieved from http://
www.shang​hai.gov.cn/

Shanghai Municipal Statistics Bureau (SMSB). (2018). Shanghai statistical 
yearbook 2018. China Statistics Press.

Shen, L., Cheng, S., Gunson, A. J., & Wan, H. (2005). Urbanization, sus-
tainability and the utilization of energy and mineral resources in 
China. Cities, 22(4), 287–302.

Shi, G., Jiang, N., & Yao, L. (2018). Land use and cover change during the 
rapid economic growth period from 1990 to 2010: A case study of 
Shanghai. Sustainability, 10(2), 426.

Smith, M. A., & Green, D. M. (2005). Dispersal and the metapopulation 
paradigm in amphibian ecology and conservation: Are all amphibian 
populations metapopulations? Ecography, 28(1), 110–128.

Spear, S. F., Peterson, C. R., Matocq, M. D., & Storfer, A. (2005). Landscape 
genetics of the blotched tiger salamander (Ambystoma tigrinum mela-
nostictum). Molecular Ecology, 14(8), 2553–2564.

Stuart, S. N., Chanson, J. S., Cox, N. A., Young, B. E., Rodrigues, A. S. 
L., Fischman, D. L., & Waller, R. W. (2004). Status and trends of 
Amphibian declines and extinctions worldwide. Science, 306, 
1783–1786.

Tao, Y., Wang, H., Ou, W., & Guo, J. (2018). A land-cover-based approach 
to assessing ecosystem services supply and demand dynamics in the 
rapidly urbanizing Yangtze River Delta region. Land Use Policy, 72, 
250–258.

Thomassen, H. A., Harrigan, R. J., Semple Delaney, K., Riley, S. P. D., 
Serieys, L. E. K., Pease, K., Wayne, R. K., & Smith, T. B. (2018). 
Determining the drivers of population structure in a highly urban-
ized landscape to inform conservation planning. Conservation Biology, 
32(1), 148–158. https://doi.org/10.1111/cobi.12969

United Nations Population Division (UNPD). (2018). World urbanization 
prospects: The 2018 revision, online edition. Retrieved from https://
popul​ation.un.org/wup/Publi​catio​ns/

Väli, Ü., Einarsson, A., Waits, L., & Ellegren, H. (2008). To what extent 
do microsatellite markers reflect genome-wide genetic diversity in 
natural populations? Molecular Ecology, 17, 3808–3817. https://doi.
org/10.1111/j.1365-294X.2008.03876.x

Wang, Z., Chen, Z., & Wang, B. (1996). Agricultural record of Shanghai. 
Shanghai Academy of Social Sciences Press.

Wells, K. D. Eds. (2007). Chp 14 amphibians and their predators. In The 
ecology and behavior of amphibians (pp. 645–728). The University of 
Chicago Press.

Wilson, G. A., & Rannala, B. (2003). Bayesian inference of recent migra-
tion rates using multilocus genotypes. Genetics, 163(3), 1177–1191.

Xia, X. (2017). DAMBE6: New tools for microbial genomics, phylogenet-
ics, and molecular evolution. Journal of Heredity, 108(4), 431–437. 
https://doi.org/10.1093/jhere​d/esx033

Yan, J., Zhu, F., & Wu, H. (2011). Isolation and characterization of 12 poly-
morphic microsatellite markers for the frog Pelophylax hubeiensis. 
Genetics and Molecular Research, 10(1), 268–272.

Yang, G., Xu, J., Wang, Y., Wang, X., Pei, E., Yuan, X., Li, H., Ding, Y., & 
Wang, Z. (2015). Evaluation of microhabitats for wild birds in a 
Shanghai urban area park. Urban Forestry & Urban Greening, 14(2), 
246–254. https://doi.org/10.1016/j.ufug.2015.02.005

Ye, X. (2016). The effects of urban landscape pattern on bird community struc-
ture. Unpublished master dissertation, East China Normal University.

Yeakel, J. D., Pires, M. M., Rudolf, L., Dominy, N. J., Koch, P. L., 
Guimarães, P. R., & Gross, T. (2014). Collapse of an ecological 
network in Ancient Egypt. Proceedings of the National Academy 
of Sciences, 111(40), 14472–14477. https://doi.org/10.1073/
pnas.14084​71111

Yin, J., Yin, Z., Zhong, H., Xu, S., Hu, X., Wang, J., & Wu, J. (2011). 
Monitoring urban expansion and land use/land-cover changes of 
Shanghai metropolitan area during the transitional economy (1979–
2009) in China. Environmental Monitoring and Assessment, 177, 609–
621. https://doi.org/10.1007/s1066​1-010-1660-8

Yue, Q. (2019). Researches on ecological status and breeding habitats of the 
anuran community in parks of Shanghai. Unpublished master disserta-
tion, East China Normal University.

https://doi.org/10.1111/j.1365-294X.2012.05635.x
https://doi.org/10.1111/j.1365-294X.2012.05635.x
https://doi.org/10.1371/journal.pone.0037135
https://doi.org/10.1371/journal.pone.0037135
https://doi.org/10.1890/0012-9658(2000)081[2498:LCAMEO]2.0.CO;2
https://doi.org/10.1890/0012-9658(2000)081[2498:LCAMEO]2.0.CO;2
https://doi.org/10.1093/sysbio/syy032
https://doi.org/10.1093/sysbio/syy032
https://doi.org/10.1046/j.1523-1739.2003.01236.x
https://doi.org/10.1046/j.1523-1739.2003.01236.x
https://doi.org/10.1111/j.1558-5646.1989.tb04220.x
https://doi.org/10.1111/j.1365-294X.2012.05708.x
https://doi.org/10.1111/j.1365-294X.2012.05708.x
https://doi.org/10.1046/j.1471-8286.2003.00566.x
https://doi.org/10.1111/j.1471-8286.2007.01931.x
https://doi.org/10.1111/j.1471-8286.2007.01931.x
https://doi.org/10.1093/molbev/msx248
https://doi.org/10.1093/molbev/msx248
https://doi.org/10.1098/rspb.2019.2497
https://doi.org/10.2193/2007-082
http://www.shanghai.gov.cn/
http://www.shanghai.gov.cn/
https://doi.org/10.1111/cobi.12969
https://population.un.org/wup/Publications/
https://population.un.org/wup/Publications/
https://doi.org/10.1111/j.1365-294X.2008.03876.x
https://doi.org/10.1111/j.1365-294X.2008.03876.x
https://doi.org/10.1093/jhered/esx033
https://doi.org/10.1016/j.ufug.2015.02.005
https://doi.org/10.1073/pnas.1408471111
https://doi.org/10.1073/pnas.1408471111
https://doi.org/10.1007/s10661-010-1660-8


     |  135WEI et al.

Zhang, W., Li, B., Shu, X., Pei, E., Yuan, X., Sun, Y., Wang, T., & Wang, 
Z. (2016). Responses of anuran communities to rapid urban growth 
in Shanghai, China. Urban Forestry & Urban Greening, 20, 365–374. 
https://doi.org/10.1016/j.ufug.2016.10.005

SUPPORTING INFORMATION
Additional supporting information may be found online in the 
Supporting Information section.

How to cite this article: Wei X, Huang M, Yue Q, et al. 
Long-term urbanization impacts the eastern golden frog 
(Pelophylax plancyi) in Shanghai City: Demographic history, 
genetic structure, and implications for amphibian 
conservation in intensively urbanizing environments. Evol 
Appl. 2021;14:117–135. https://doi.org/10.1111/eva.13156

https://doi.org/10.1016/j.ufug.2016.10.005
https://doi.org/10.1111/eva.13156

