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Abstract
The vulnerability of public supply wells to chlorinated ethene (CE) contamination in part depends on the availability of

naturally occurring organic carbon to consume dissolved oxygen (DO) and initiate reductive dechlorination. This was quantified by
building a mass balance model of the Kirkwood-Cohansey aquifer, which is widely used for public water supply in New Jersey.
This model was built by telescoping a calibrated regional three-dimensional (3D) MODFLOW model to the approximate capture
zone of a single public supply well that has a history of CE contamination. This local model was then used to compute a mass
balance between dissolved organic carbon (DOC), particulate organic carbon (POC), and adsorbed organic carbon (AOC) that act as
electron donors and DO, CEs, ferric iron, and sulfate that act as electron acceptors (EAs) using the Sequential Electron Acceptor
Model in three dimensions (SEAM3D) code. SEAM3D was constrained by varying concentrations of DO and DOC entering the
aquifer via recharge, varying the bioavailable fraction of POC in aquifer sediments, and comparing observed and simulated vertical
concentration profiles of DO and DOC. This procedure suggests that approximately 15% of the POC present in aquifer materials is
readily bioavailable. Model simulations indicate that transport of perchloroethene (PCE) and its daughter products trichloroethene
(TCE), cis-dichloroethene (cis-DCE), and vinyl chloride (VC) to the public supply well is highly sensitive to the assumed bioavailable
fraction of POC, concentrations of DO entering the aquifer with recharge, and the position of simulated PCE source areas in the
flow field. The results are less sensitive to assumed concentrations of DOC in aquifer recharge. The mass balance approach used in
this study also indicates that hydrodynamic processes such as advective mixing, dispersion, and sorption account for a significant
amount of the observed natural attenuation in this system.

Introduction
Chlorinated ethenes (CEs) are among the most

common volatile organic compounds (VOCs) observed
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to contaminate public supply wells in the United States
(Zogorski et al. 2006). The vulnerability (V ) of public
supply wells to CE contamination is a complex function of
the intrinsic susceptibility (IS) of a given aquifer, chemical
mobility and persistence (CMP), and chemical inputs (CI)
to a system as illustrated by the generalized equation
(Focazio et al. 2002):

V = f (IS, CMP, CI) . (1)

IS refers to the physical properties of an aquifer such
as the distribution of hydraulic conductivity and the dis-
tribution and amounts of recharge. Contaminant mobility
and persistence depends partly on the chemical properties
of individual contaminants, and also on the geochemi-
cal conditions encountered in different aquifers (Feinstein
and Thomas 2008). This is particularly important for CEs
that are subject to microbial reductive dechlorination pro-
cesses that can be driven by naturally occurring sources of
dissolved organic carbon (DOC) and particulate organic
carbon (POC) (U.S. EPA 1998; Bradley 2003; Rectanus
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et al. 2007). It has long been observed that aquifers con-
taining little natural organic carbon tend to have oxic
conditions that inhibit reductive dechlorination, whereas
aquifers containing more abundant natural organic carbon
tend to be anoxic and support efficient reductive dechlo-
rination (Wiedemeier et al. 1999; Chapelle et al. 2012).
Building quantitative models that are based on a mass bal-
ance between electron donors such as organic carbon and
electron acceptors (EAs) such as dissolved oxygen (DO),
and CEs, however, is challenging (Feinstein and Thomas
2008). The purpose of this paper was to use a numerical
mass balance modeling approach designed specifically to
couple the interactions of organic carbon, DO, and CEs in
order to more realistically simulate the fate and transport
of CEs in groundwater systems.

The mass balance approach used in this paper is
explicitly based on the definition of well vulnerability
given in Equation 1. The first step is to accurately
describe the IS of the aquifer, which is broadly interpreted
as understanding the hydraulic conductivity distribution,
sources of aquifer recharge and discharge, and the
resulting directions and rates of groundwater flow. The
second step is to couple the mobility and persistence
of the concerned contaminant, which in this case is
perchloroethene (PCE), with ambient reduction/oxidation
(redox) conditions in the aquifer. PCE is subject to
reductive dechlorination when concentrations of DO
decrease below approximately 0.5 mg/L (Chapelle et al.
2012). Thus, in order to realistically simulate PCE
transformation, it is necessary to consider the delivery,
transport, and biological uptake of DO in the aquifer. The
biological uptake of DO, in turn, is affected by the amount
and bioavailability of organic carbon present in or being
delivered to the aquifer. The third step is to describe
the effects of CI of PCE on the aquifer. The efficiency
of PCE transformation will depend on the length of
individual flowpaths carrying PCE contaminants and the
redox conditions encountered along these flowpaths. The
length and redox conditions encountered, in turn, will be
determined by the location of PCE sources within the
three-dimensional (3D) flow field and the concentrations
of those sources. Only when each term of Equation 1 is
quantified, it is possible to construct a true mass balance
for assessing the vulnerability of individual public water
supply wells to PCE contamination.

Interactions of Organic Carbon, DO, and CEs
There are at least three distinct compartments in

groundwater systems that store natural organic carbon,
capable of reacting with DO, CEs, and other EAs. DOC
is present at varying concentrations in all groundwater
systems (Leenheer 1974; Thurman 1985; Aiken 1989),
and this dissolved compartment can store significant
amounts of organic carbon. In addition, many groundwater
systems contain POC in various stages of diagenesis
(Aiken 1989, Thurman 1985; McMahon et al. 1990;
Lilienfein et al. 2004). Microbial degradation of POC
can be an additional source of DOC to soil interstitial
water (Kalbitz et al. 2000) and groundwater (McMahon

and Chapelle 1991). Finally, silicate, iron oxyhydroxide,
and other minerals present in aquifer solids have a
significant capacity to adsorb DOC (Kahle et al. 2004),
removing it from the dissolved phase (Davis 1982;
Findlay and Sobczak 1996; Lilienfein et al. 2004; Jardine
et al. 2004). These adsorption processes are partially
reversible, so that desorption of organic carbon from
aquifer materials is also a potential source of DOC
(Gu et al. 1995). In addition to acting as sinks and
sources of DOC, sorption processes can also fractionate
DOC, irreversibly sorbing hydrophobic humic compounds
while allowing subsequent desorption of more hydrophilic
compounds (Oren and Chefetz 2012). A mass balance
model of organic carbon dynamics in groundwater
systems, therefore, will need to address each of these
carbon-storing compartments and their interactions.

In contrast to the complexity inherent in the multi-
ple sources, sinks, and composition of DOC, atmospheric
oxygen carried through the unsaturated zone by infiltrating
precipitation is the sole source of DO to groundwater sys-
tems, which lack active photosynthesis. In addition, DO’s
relatively limited solubility in fresh water (10.1 mg/L at
15 ◦C) provides a convenient upper limit to concentra-
tions of DO that can be delivered to the water table. These
characteristics will be useful in constraining a quantitative
mass balance between DOC and DO.

The interaction of DO with the three compartments
of organic carbon present in groundwater systems deter-
mines the transformation or lack of transformation of CEs.
The usual ecological succession of EA use in ground-
water systems (oxygen > CEs > Fe(III) > sulfate > carbon
dioxide; McMahon and Chapelle 2008) implies that once
concentrations of DO drop below approximately 0.5 mg/L,
reduction of CEs will occur under any of the succeeding
predominant terminal electron-accepting processes. Con-
struction of a mass balance between the sources and
bioavailability of DOC and DO, therefore, is central to
assessing well vulnerability to CE contamination.

Methods

Study Area
The hydrologic system used to illustrate the inter-

actions of natural organic carbon, DO, and CE contam-
inants is the Kirkwood-Cohansey aquifer in the vicinity
of Glassboro, New Jersey. This aquifer is an important
source of public water supply in southern New Jersey.
Because much of this aquifer system is unconfined, it
is relatively vulnerable to contaminants such as nitrate
(Kauffman et al. 2001) and CEs (Zogorski et al. 2006).
The study area (Figure 1) is underlain by coastal plain sed-
iments of the Cohansey and Kirkwood Formations of the
middle and early Miocene age, respectively (Owens and
Minard 1979). The shallower Cohansey Formation sedi-
ments consist of white, yellow, or gray medium sands that
contain discontinuous interbedded clays. The deeper Kirk-
wood Formation consists of fine-to-medium, white-to-pale
gray sand. Its deepest sediments consist of dark lignitic
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Figure 1. Map showing the boundaries of the Glassboro MODFLOW model and the location of the telescoped SEAM3D
within the MODFLOW model.

Figure 2. Location of the approximate capture zone of the public supply well, locations of the well clusters used for geologic
and water chemistry control, and location of the two simulated contaminant source areas.

clays and silts. The locations of multilevel observation
wells drilled for geologic, hydrologic, and geochemical
control are shown in Figure 2. The approximate capture
zone of the public supply well considered in this study is
also shown in the figure. Note that the observation wells
are approximately oriented along a flowpath leading to
the public supply well. All water chemistry data used in
this paper were collected by the National Water Quality
Assessment (NAWQA) program of the U.S. Geological
Survey (Zogorski et al. 2006).

The generalized lithology of the Kirkwood-Cohansey
aquifer, as determined by drilling and electrical logs of the
monitoring wells, is shown in cross section in Figure 3.
The white or yellow sandy sediments contain relatively
low amounts of organic carbon, with measured amounts
of particulate and adsorbed organic sediments ranging
from 0.1 to 0.3 weight percent (wt/%) (Table 1). By
contrast, the discontinuous interbedded clays and silts
contain more organic carbon, with measured amounts
ranging up to 2.85 wt/% (Table 1). The sands of the
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Figure 3. Geologic cross section illustrating the distribution
of sands and clays along the flowpath leading to the public
supply well and measured concentrations of DO (mg/L) with
depth.

Table 1
Organic Carbon Content Measured in Cores of

Aquifer Sediments

Well
Number1

(Figure 3)

Sample Depth
(Meters Below
Land Surface)

Sediment
Texture

Organic
Carbon

Content (wt/%)

FSS1-3 27 Gray clay 2.06
FSS1-4 40 White sand 0.33
FSS2-2 30 White sand 0.15
FSS3-4 95 Yellow sand 0.28
FSS4-4 43 Black clay 2.85

1Well cluster locations shown in Figures 2 and 3.

Cohansey Formation were deposited unconformably on
top of the Kirkwood sands, and the two geologic units
function as a single aquifer system (Kauffman et al. 2001;
Cauller and Carleton 2005).

The water chemistry of Kirkwood-Cohansey aquifer,
as delineated by the multilevel monitoring wells
(Figure 3), is strongly affected by the distribution of
organic carbon in aquifer sediments and by pumping from
the public supply well (Table 2). Concentrations of DO
are highest at and near the public supply well (Figure 3),
which reflects rapid transport of oxygen-bearing water
from the top of the water table due to pumping. Concen-
trations of DO are lowest at the FSS4 well cluster, which
penetrated relative organic-rich sediments (Figure 3)
and is less affected by pumping from the supply well.
Concentrations of dissolved iron were the highest whereas
concentrations of DO were the lowest (Table 2), indi-
cating an active Fe(III) reduction in parts of the aquifer.
Similarly, concentrations of sulfate were lowest where
DO concentrations were the lowest, indicating an active
sulfate reduction in parts of the aquifer as well. DOC con-
centrations were generally lower than 1 mg/L. The highest
concentrations of CE were found in water produced from
the public supply well. PCE was present at the highest

concentrations (∼53 μg/L), and trichloroethene (TCE)
and cis-dichloroethene (cis-DCE) were present at low
but measurable concentrations (∼1 μg/L). Vinyl chloride
(VC) concentrations were below measurable concentra-
tions in groundwater produced from all the wells. The
observed concentrations of DO, DOC, and CEs provide
a baseline for constraining the mass balance model.

MODFLOW Model of the Kirkwood-Cohansey Aquifer
The numerical model developed in this study is

based on a model originally developed to investigate the
effects of land use and groundwater travel times on nitrate
concentrations in the study area (Kauffman et al. 2001).
The USGS 3D finite-difference code MODFLOW-96
(Harbaugh and McDonald 1996) was used to simulate
groundwater flow and water-level distributions across the
study area (Figure 1). This regional model was constructed
using a 3D grid consisting of 343 columns, 214 rows,
and 12 layers. The 150 m × 150 m cells were uniform in
dimension, and model layers varied from 6.1 m to 24 m
in thickness. Locally, several hydrostratigraphic units
(Kirkwood Formation, Cohansey Sand and Bridgeton
Formation) function together as an unconfined aquifer
system. Recharge is the primary input to the aquifer sys-
tem with groundwater discharge primarily to streams and
pumping wells. No-flow boundaries surround the external
boundary of the regional model. Details of the model,
including input parameters, calibration, flow budget, and
travel times are described in Kauffman et al. (2001).

The regional flow model was calibrated by adjusting
horizontal, vertical, and streambed hydraulic conductivi-
ties to achieve a match to observed groundwater levels. In
addition, simulated base flows of streams in the study area
were compared to measured base flows to further constrain
the model. This model (Kauffman et al. 2001) was then
updated using MODFLOW-2005 (Harbaugh 2005) and
the hydraulic conductivity distribution was further refined
by comparing observed and simulated groundwater age
distributions.

The Sequential Electron Acceptor Model in 3D
The Sequential Electron Acceptor Model in 3D

(SEAM3D) was used to construct a quantitative mass bal-
ance between electron donors and acceptors in this study
(Waddill and Widdowson 1998). The code is designed to
simulate the transport of reactive constituents including
a range of redox-based biodegradation problems involv-
ing hydrocarbon and chlorinated compounds (Waddill
and Widdowson 2000). SEAM3D consists of a base
code (MT3DMS) for physical transport and a number
of modules for aerobic and anaerobic biodegradation,
NAPL dissolution, and reductive dechlorination of chlo-
rinated VOCs. Both MODFLOW and SEAM3D were
implemented using the Groundwater Modeling System
(AQUAVEO™, Provo, Utah).

Because of the computational complexity of this mass
balance, it was not feasible to model the entire area
of the Kirkwood-Cohansey aquifer (Figure 1). Rather,
a small-scale model (3 square miles; Figure 2) was
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constructed that roughly encompasses the contributing
area of a single public supply well. This public supply
well has a history of contamination by CEs (Table 2).
Because of the value of groundwater in southern New
Jersey, however, the well remains active for use and the
water is treated to remove CEs prior to distribution. The
locations of multilevel monitoring wells approximately
located along the flowpath of groundwater moving to the
public supply wells that were used to collect geologic
and geochemical data used to constrain SEAM3D are also
shown in Figure 2.

The local model domain (Figure 1) consisted of 28
columns, 48 rows, and 9 model layers that used an
identical model-layering system as the regional model,
but a finer uniform numerical mesh (75 m × 75 m) was
selected for the flow and simulation of transportation.
The lateral boundaries were primarily specified head cells
upgradient and downgradient of the pumping well, and
where applicable, no-flow boundary conditions along the
edge of the model domain corresponding with the regional
horizontal groundwater flow. Both the regional and the
local groundwater flow models were simulated under
steady-state conditions using the average annual pumping
rate for the public supply well. Simulated water levels in
the local groundwater flow model were compared to the
results of the calibrated regional model and verified to
match the results of the larger model.

The use of the SEAM3D code requires specification
of a large number of hydrodynamic, microbiologi-
cal, Monod kinetic parameters and CE transformation
parameters. The parameters used to simulate the
Cohansey-Kirkwood model described in this paper were
derived from an earlier application of the SEAM3D code
to simulate a CE plume in a coastal plain aquifer in
Georgia (Chapelle et al. 2007). The hydrologic condi-
tions of the two aquifers—unconfined sandy water table
aquifers underlain by organic-rich confining beds—are
similar and PCE is the source contaminant in both
systems. Chapelle et al. 2007 includes a detailed list of
the hydrodynamic, microbiological, and Monod kinetic
parameters used in the model described in this paper.
The hydrologic and dispersion parameters used in the
SEAM3D are summarized in Table 3.

Equations for the mass balance of bioavailable
organic carbon and EAs assume that DOC serves as

Table 3
Hydrologic and Dispersion Parameters Used in

SEAM3D

Model Parameter Model Input

Hydraulic conductivity (m/d) 0.073 to 155
Porosity (dimensionless) 0.3
Longitudinal dispersivity (m) 5.0
Transverse horizontal dispersivity (m) 0.5
Transverse vertical dispersivity (m) 0.04
Molecular diffusion coefficient (m2/d) 5.0 × 10−5

the primary electron donor (carbon/energy source) for
a heterotrophic microbial population in the aquifer sys-
tem. Physical and biogeochemical processes incorporated
in equations of transport include advection, dispersion,
microbially mediated biotransformation, rate-limited sorp-
tion, and desorption. For example, the mass balance
equation for bioavailable DOC is given as

− ∂

∂xi

(viCDOC) + ∂

∂xi

(
Dij

∂CDOC

∂xj

)
+ qs

θ
C∗

DOC

− Rbio
sin k,DOC − ρb

∂CDOC

∂t
= ∂CDOC

∂t
,

(2)

where CDOC is the concentration of bioavailable DOC
in the solid phase [M/L3]; C DOC is the concentration of
bioavailable DOC in the aqueous phase [M/M3]; ρb is
the bulk density of the subsurface material [M/L3]; v i is
the average pore water velocity [L/T]; Dij is the tensor for
the hydrodynamic dispersion coefficient [L2/T]; Rbio

sin k,DOC
is a biodegradation sink term dependent on the mode of
respiration [M/L3/T]; C∗

DOC is the DOC concentration of
the source or sink flux [M/L3]; θ is aquifer porosity [–];
x ij is distance along the respective Cartesian coordinate
axis [L]; t is time [T]; and qs is the volume flow rate per
unit volume of aquifer representing fluid sources (positive)
and sinks (negative) [1/T].

Mass balance equations of the aqueous phase EAs
(DO and sulfate, respectively) are

− ∂

∂xi

(
viEO2

) + ∂

∂xi

(
Dij

∂EO2

∂xj

)
+ qs

θ
E∗

O2

− Rbio
sin k,O2

= ∂EO2

∂t
, (3A)

− ∂

∂xi

(
viESO4

) + ∂

∂xi

(
Dij

∂ESO4

∂xj

)
+ qs

θ
E∗

SO4

− Rbio
sin k,SO4

= ∂ESO4

∂t
, (3B)

where EO2 and ESO4 are the aqueous phase concentrations
[M/L3] of DO and sulfate, respectively; E∗

O2
and E∗

SO4

are the DO and sulfate concentrations [M/L3] of source
or sink fluxes, respectively; and Rbio

sin k,O2
and Rbio

sin k,SO4
are

the EA biodegradation sink terms [M/L3/T1], respectively.
The consumption of the bioavailable Fe(III) concentration
[M/M3] in the solid phase, EFe, is expressed as

−Rbio
sin k,Fe = dEFe

dt
. (4)

Biodegradation of DOC is a function of EA avail-
ability and is described using modified Monod kinetics
(Waddill and Widdowson 1998). In summary, the overall
approach is to write an equation of mass balance for each
individual solute and solid-phase constituent considered
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and then to solve these equations simultaneously in order
to compute a true mass balance as a function of time and
space.

Modeling Organic Carbon Dynamics in Groundwater
Systems

The soil science literature has extensively studied the
dynamics of DOC formation and transport in soils (review
by Kalbitz et al. 2000), and this literature is a useful start-
ing point for considering DOC dynamics in groundwater
systems. The standard conceptual model of DOC dynam-
ics in soils (Kalbitz et al. 2000) considers that the total
amount of carbon present at any given time and place
reflects DOC and POC delivery from surface sources, pro-
duction of DOC from bioavailable POC, biodegradation
of DOC and POC, and the adsorption/desorption of DOC
on soil particles.

DOC mobilized from surface soils or sediments are
one source of bioavailable DOC to groundwater, but
DOC can also be generated from POC present in aquifer
material as well (Feinstein and Thomas 2008). Of the total
POC (POCtot) present in an aquifer, only some fraction of
it (POCbio) is available to support microbial metabolism:

POCbio = f POCtot, (5)

where f is the fraction of bioavailable POC. Microbial
metabolism of POCbio can generate additional DOC, and
this process can be conceived of as a mass transfer from
the particulate to the dissolved phase according to the
equation:

ρb
∂CDOC

∂t
= −kDOC

(
C

eq
DOC − CDOC

)
, (6)

where kDOC is the rate constant for DOC production [1/T]
and C

eq
DOC is the aqueous concentration of DOC in equi-

librium with POC at any point in the system [M/L3]. The
sorption-desorption of DOC onto aquifer materials such
as silicate minerals, ferric oxyhydroxides, and POC has
been observed to be quasi-linear (Oren and Chefetz 2012)
and can be approximated using a simple linear isotherm:

CDOC = KdC
eq
DOC, (7)

where CDOC is the concentration of DOC adsorbed to
aquifer material and K d is the distribution coefficient
[L3/M]. It is recognized, however, that this approximation
is a simplification of sorption-desorption dynamics in
sediments. Once the fraction (f ) of bioavailable POCtot

is specified, the numerical model used in this paper uses
Equations 2. through 7 to iteratively calculate concentra-
tions of bioavailable DOC and POC in the system as a
function of time and space. This bioavailable DOC then
drives the sequential use of EAs such as DO, CEs, Fe(III),
sulfate, and carbon dioxide. Note that this approach yields
a closed mass balance, as envisioned by the model of

Kalbitz et al. (2000), for the total amount of organic car-
bon stored in all three compartments as a function of time.

Mass Balance of CEs
Equations of mass balance for chlorinated ethenes

(CEs) in the aqueous phase are developed assuming
microbially mediated reductive dechlorination is the
primary mechanisms for the reduction of higher molecular
weight CEs to lower molecular weight CEs. In this case,
tetrachloroethene (PCE) is the source of chloroethene
contamination. The fate and transport of chlorinated
ethenes are described by equations for PCE (i = 1), TCE
(i = 2), DCE, (i = 3), and VC (i = 4), respectively:

− ∂

∂xi

(
viCCE1

) + ∂

∂xi

(
Dij

∂CCE1

∂xj

)
+ qs

θ
C∗

CE1

− Rbio
sin k,CE1

= RCE1

∂CCE1

∂t
, (8A)

− ∂

∂xi

(
viCCE2

) + ∂

∂xi

(
Dij

∂CCE2

∂xj

)
+ qs

θ
C∗

CE2

− Rbio
sin k,CE2

+ Rbio
source,CE2

= RCE2

∂CCE2

∂t
, (8B)

− ∂

∂xi

(
viCCE3

) + ∂

∂xi

(
Dij

∂CCE3

∂xj

)
+ qs

θ
C∗

CE3

− Rbio
sin k,CE3

+ Rbio
source,CE3

= RCE3

∂CCE3

∂t
, (8C)

− ∂

∂xi

(
viCCE4

) + ∂

∂xi

(
Dij

∂CCE4

∂xj

)
+ qs

θ
C∗

CE4

− Rbio
sin k,CE4

+ Rbio
source,CE4

= RCE4

∂CCE4

∂t
, (8D)

where CCEi
is the chlorinated ethene concentration

[M/L3]; C∗
CEi

is the chlorinated ethene concentration
[M/L3] of source or sink fluxes; RCEi

is a retardation fac-
tor [–] to account for equilibrium sorption of chlorinated
ethenes i = 1 to 4; Rbio

sin k,CEi
is a sink term [M/L3/T] to

account for the microbially mediated reduction of chlo-
rinated ethenes i = 1 to 4; and Rbio

source,CEi
is a source

term [M/L3/T] to account for the production of reduc-
tive dechlorination daughter products, chlorinated ethenes
i = 2 to 4. The rates of reduction in chlorinated ethene and
production of reductive dechlorination daughter product
are coupled to the EA concentrations. These expressions
are described in detail in Widdowson (2004).

Simulation of CE Source Areas
A large component of the vulnerability of public

supply wells to CE contamination depends on the location
and concentration of contaminant source areas located
within the well capture zone (Focazio et al. 2002; Frind
et al. 2006). In 1950, the Glassboro area of southern
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New Jersey was largely rural, with less than 10% of the
land use being classified as urban. By the year 2000,
however, urban land uses had increased to more than
25% of the landscape. The increasingly urban nature
of the study area resulted in increasing exposure to a
variety of VOCs including petroleum hydrocarbons and
CEs. This has resulted in increasing detections of VOCs
measured in public supply and monitoring wells. In
the Long Island-New Jersey study unit of the National
Water Quality Assessment (NAWQA) program of the U.S.
Geological Survey, which includes the Glassboro study
area, as many as 60% of the wells sampled had detections
of VOCs above the 0.2 μg/L reporting limit (Zogorski
et al. 2006).

In the Glassboro study area, however, the locations
and concentrations of VOC source areas are unknown.
In view of this, the approach taken in this study was
to simulate two hypothetical source areas (Figure 2).
The more proximal simulated source area is located
near well cluster FSS3 (Figures 2 and 3) and assumes
a constant PCE concentration of 25 mg/L. The location
of the proximal source area was chosen because it
simulates contaminants moving toward the public supply
well under largely oxic conditions (Figure 3). The more
distal simulated source area, which also assumes an
initial PCE concentration of 25 mg/L, is located near well
cluster FSS4 (Figures 2 and 3). This distal source area
simulates contaminants moving toward the public supply
well first under initially anoxic conditions that shift to oxic
conditions as the flowpath converges on the public supply
well (Figure 3).

Results
Previous studies have clearly demonstrated the impor-

tance of naturally occurring organic carbon driving the
reductive dechlorination and natural attenuation of CEs
in groundwater systems (U.S. EPA 1998; Bradley 2003;
Chapelle et al. 2012). However, it has not previously been
feasible to couple the oxidation of naturally occurring
DOC and POC coupled to CE reduction in order to model
the vulnerability of public supply wells to contamination
(Focazio et al. 2002; Frind et al. 2006). Formulating this
problem as a mass balance between organic carbon and
available EAs, and by considering the bioavailability of
POC, provides a framework for accomplishing this. With
this formulation, it is possible to investigate the sensitiv-
ity of CE transformation to (1) the bioavailability of POC
in the aquifer, (2) the amount of DOC and DO entering
the aquifer with recharge, (3) the location of simulated
contaminant source areas, and (4) the redox conditions
encountered along the flowpath to the public supply well
from each source.

Simulation of DO Concentrations
The principal controls on concentrations of DO in

the Kirkwood-Cohansey aquifer and other unconfined
aquifers are the volume of recharge reaching the water
table, concentrations of DOC and DO in aquifer recharge,

and the amount and bioavailability of POC in the aquifer.
The maximum amount of DO present in recharge water
is limited to about 10 mg/L due to solubility constraints.
Observed concentrations of DOC in the aquifer (Table 2)
suggest that less than 1 mg/L of DOC is present in
aquifer recharge. The amount of POC present in the
system varies systematically with lithology, with low
concentrations of POC present in sandy aquifer sediments
(∼0.2 wt/%) and higher concentrations in clayey confining
bed sediments (∼2.0 wt/%; Figure 3; Table 1). The
most unknown, therefore, is the fraction of POC that
is readily bioavailable. By varying the assumed fraction
of bioavailable POC, it was found that the closest
match to observed DO concentrations (Figure 3) was
obtained by assigning a fraction of bioavailable POC to
be 0.15. That value is consistent with previous studies
on POC bioavailability (Chapelle et al. 2012; Thomas
et al. 2013).

The simulated steady-state distribution of DO accord-
ing to that assumption is shown in Figure 4A. The
observed match between measured and simulated DO con-
centrations is shown in Figure 4B. The observed higher
DO concentrations in the vicinity of the pumping pub-
lic supply well (Figure 3) is reproduced by the model
(Figure 4A) and reflects induced recharge of high-DO
water near the public supply due to pumping.

Model Sensitivity to POC Bioavailability
The sensitivity of PCE, TCE, DCE, and VC trans-

formation to the bioavailability of POC is illustrated
in Figure 5. The simulated location of the contaminant
source area was the proximal source near the Academy
Street well cluster (Figure 2). If zero percent of the organic
carbon present in the aquifer is assumed to be bioavail-
able (as might be the case with anthracite coal), DO
concentrations remain high and the PCE remains untrans-
formed along flowpaths between the contaminant source
area to the public supply well (Figure 5A). Under these
simulated oxic conditions, PCE moves from the simu-
lated contaminant source areas and begins to arrive at
the supply well after about 10 years. PCE concentrations
continue to increase until plateauing at a concentration
of about 80 μg/L. By contrast, concentrations of TCE
(Figure 5B), cis-DCE (Figure 5C), and VC (Figure 5D)
do not increase due to the lack of organic carbon-driven
biotransformation. As the simulated bioavailable fraction
of the POC increases to 0.1, DO is consumed with depth
in the aquifer, more PCE is transformed, less PCE reaches
the public supply well, and progressively more TCE, cis-
DCE, and VC reaches the well. When the fraction of
bioavailable POC is increased to 0.15, progressively more
transformation of PCE occurs.

Model Sensitivity to DO and DOC Concentrations
in Recharge

The model can also be used to show the sensitivity
of contaminant transport to the amount of DO being
delivered to the aquifer via recharge. Figure 6 shows
the sensitivity CEs reaching the supply well assuming
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A

B

Figure 4. (A) Simulated concentrations of DO in a cross section ending at the public supply well assuming 15% bioavailable
POC and (B) the match between measured and simulated concentrations of DO at steady state. The line shown is a 1:1 line.
The least squares best fit line had a slope of 0.83 and an r2 of 0.84.

that aquifer recharge has uniform DO concentrations of
10, 2, or 1 mg/L. The highest simulated concentration of
PCE reaching the supply well occurs with the highest
DO concentration (10 mg/L) in recharge (Figure 6A).
Similarly, the lowest concentration of PCE reaching
the supply well occurs with the lowest concentration
of DO (1 mg/L) in recharge. Interestingly, however,
the highest simulated TCE concentrations occur at the
intermediate DO concentration (2.0 mg/L) (Figure 6B).
This probably reflects interactions between the biological
uptake of DO and the initiation of chlororespiration. The
simulated behavior of cis-DCE mirrors the behavior of
PCE (Figure 6C), with the highest cis-DCE concentrations
reaching the supply well at the highest DO concentrations
in recharge (Figure 6C). Concentrations of VC are
extremely sensitive to DO concentrations in recharge
(Figure 6D), with significant VC reaching the supply well
only when assumed concentrations of DO in recharge are
low (1 mg/L; Figure 6D).

While the simulation results are highly sensitive to
concentrations of DO in recharge water, they are less

sensitive to concentrations of DOC entering the aquifer
in recharge water (Figure 7). Holding DO concentrations
in recharge constant at 6 mg/L, and varying DOC
concentrations in recharge water between 0.05, 0.2, and
1.5 mg/L, shows some difference in PCE concentrations
reaching the supply well (Figure 7A). As expected, higher
concentrations of DOC entering with recharge decreases
concentrations of PCE reaching the public supply well.
However, there was no observed difference in TCE
concentrations reaching the supply well (Figure 7B).
This lower sensitivity to DOC concentrations entering
the aquifer with recharge reflects the interactions of the
three different compartments that store organic carbon.
As DOC enters the aquifer, it can be adsorbed if
concentrations are higher than equilibrium with adsorbed
DOC, or desorbed if DOC concentrations are lower than
equilibrium. In addition, DOC can be generated from
biodegradation of POC as well. The interaction of these
carbon compartments has the effect of buffering the
response of CE transformation to concentrations of DOC
in recharge water.
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Figure 5. Simulated concentration changes of (A) PCE, (B) TCE, (C) cis-DCE, and (D) VC arriving at the public supply well
as a function of time and the fraction of bioavailable POC present in the aquifer.

Model Sensitivity to Contaminant Source Area Location
The final variable in the generalized well vulnerabil-

ity equation (Equation 1) is the location of contaminant
source areas in relation to the flow system and the pump-
ing well. The arrival of CE species from the proximal
simulated source area located near well cluster FSS3 is
shown in Figure 5. These simulations show CEs arriving
at the supply well about 10 years following the release
of contaminants to the aquifer. Assuming a bioavailable
fraction of POC to be 0.15, the case that best repro-
duces the observed DO profile (Figure 4), PCE concen-
trations plateau at a concentration of about 60 μg/L, TCE
concentrations plateau at about 8 μg/L, cis-DCE concen-
trations at 1.5 μg/L, and VC concentrations at 0.5 μg/L.
These simulated concentrations of CEs are not dissimi-
lar to the observed concentrations (Table 2). Especially
notable is the lack of measurable VC concentrations at
the supply well (Table 2), which is consistent with the
simulated low concentrations of VC (Figure 5D). Thus,
observed concentrations of CEs are also consistent with
the bioavailable fraction of organic carbon (0.15) indi-
cated from the observed and simulated DO concentrations
(Figure 5).

The effects of placing a simulated source area in a
more distal location near well cluster FSS4 (Figure 3)
are shown in Figure 8. The second simulated source

area is located further from the public supply well, and
the flowpath initially is more anoxic than for the first
simulated source area. It would be expected, therefore,
that simulated CE concentrations for the second source
area would arrive later and at lower concentrations than
for the first source area. Inspection of Figure 8 indicates
that the CEs arrive at the supply well after about 20 years,
10 years later than for the more proximal simulated
source area. Significantly, however, the simulated CE
concentrations are not lower. Rather, they are about
a factor of 5 higher. The reasons for the discrepancy
between the expected and simulated behavior, which
will be discussed subsequently, have to do more with
hydrologic rather than biochemical factors.

Discussion
The chief utility of the mass balance modeling

approach used in this paper is that it makes it possible
to quantify how different characteristics of a hydrologic
system (Equation 1) affect the vulnerability of public
supply wells to CE contamination. It has long been known
that the amount and bioavailability of naturally occurring
organic carbon is a critical factor controlling the extent
of reductive dechlorination, and thus the potential for
contaminant transport to wells (Wiedemeier et al. 1999).
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Figure 6. Simulated concentration changes of (A) PCE, (B) TCE, (C) cis-DCE, and (D) VC arriving at the public supply well
as a function of DO concentrations in aquifer recharge.

It has not, however, previously been possible to examine
those effects quantitatively. By directly coupling the
availability of electron donors (DOC, POC, and adsorbed
organic carbon [AOC]) and EAs (oxygen, CEs, and
Fe(III)) in the SEAM3D code, it is possible to examine
how they interact and how those interactions affect CE
transport to an actual public supply well. In addition,
it is possible to examine how variability in aquifer and
confining bed properties, recharge rates, and locations of
contaminant source areas affect the vulnerability of that
public supply well.

The model was initially constrained by comparing
observed (Figure 3) and simulated (Figure 4) concentra-
tions of DO in observation wells and the supply well.
This procedure suggested that a relatively small fraction
(∼0.15) of the POC present in the aquifer is actually avail-
able to support microbial metabolism. This result, based
solely on observed concentrations of DO, is consistent
with the observed presence of PCE, TCE, and cis-DCE
and the observed lack of measurable VC at the supply
well (Table 2). Any assumed bioavailable fraction of POC
exceeding 0.15 resulted in measurable VC concentrations
arriving at the well (Figure 5). Thus, two independent lines
of evidence are consistent with a relatively low bioavail-
able fraction of POC. Considering that the sediments
of the Kirkwood-Cohansey aquifer are approximately 20

million years old and that they have functioned as a fresh
water aquifer for part of that time, the relatively low frac-
tion of bioavailable organic carbon is unsurprising.

The results of varying the bioavailable fraction
of POC from zero to 0.15 suggests that reductive
dechlorination has a relatively small effect on the transport
of PCE to the public supply well from the first simulated
source area (Figure 5). Assuming zero bioavailable POC,
simulated PCE concentrations plateau at approximately
80 μg/L. Assuming 0.15 bioavailable POC, however,
decreases simulated PCE concentrations to about 60 μg/L.
This, in turn, suggests a relatively low impact of reductive
dechlorination on concentrations of PCE arriving at the
public supply well in this system. This suggestion is
consistent with the observed high concentrations of PCE
at the public supply well relative to the daughter products
TCE and cis-DCE (Table 2).

Another potentially important variable affecting CE
transport in groundwater systems is the delivery of DO
to the aquifer in recharge. The results show that the
simulated delivery of CEs to the supply well is highly
sensitive to assumed concentrations of DO in recharge
water (Figure 6). When recharge is assumed to contain
10 mg/L DO, PCE is delivered to the supply well at
relatively high concentrations (Figure 6A). When recharge
is assumed to contain only 1 mg/L DO, however, the
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Figure 7. Simulated concentration changes of (A) PCE, (B) TCE, (C) cis-DCE, and (D) VC arriving at the public supply well
as a function of the concentration of DOC in aquifer recharge.

amount of PCE reaching the supply well declined by about
80% (Figure 6A) with concomitant increases in daughter
products (Figure 6B to D). The amount of DO present
in aquifer recharge depends on the amount of organic
carbon present in soil, the thickness of the unsaturated
zone, and rates of recharge and can be expected to vary
from system to system. These results suggest that DO
concentrations in recharge is an important, and probably
underappreciated, factor affecting the vulnerability of
wells to CE contamination.

This mass balance approach suggests less sensitivity
of CE transport to concentrations of DOC present in
recharge (Figure 7). When aquifer recharge assumed to
have 0.05 mg/L DOC, which is probably a low value,
simulated PCE concentrations plateau at approximately
60 μg/L. Increasing DOC concentrations in recharge to
1.5 mg/L, which is probably a high value for this system
(Table 2), only lowers the PCE plateau to about 40 μg/L.
One reason for this lack of sensitivity is the interactions
of the dissolved, particulate, and adsorbed compartments
that store organic carbon. The sequestration of DOC
in adsorbed phase acts to buffer DOC concentrations
to a narrower range (0.8 to 1.2 mg/L) than is possible
for DO (0 to 10 mg/L). This buffering, in turn, can
lower the sensitivity of CE transformation to assumed
concentrations of DOC in recharge.

The location of potential contaminant source areas
relative to public supply wells is an obvious factor in
determining vulnerability to contamination. In this partic-
ular system, locating a simulated contaminant source area
(Figure 2) approximately 700 m upgradient of the sup-
ply well leads to breakthrough of PCE in approximately
10 years after release (Figure 5). Locating the simulated
source in a more distal area approximately 1000 m from
the supply well (Figure 2) increases the time for con-
taminant breakthrough to about 20 years (Figure 8). Inter-
estingly, however, even though the PCE concentration at
both simulated source areas was held constant at 25 mg/L,
simulated contaminant concentrations were higher for the
more distal source area (Figure 8) than for the more prox-
imal source area (Figure 5). The reason for this is that
the flux of recharge from the second source area was sig-
nificantly higher (39 m3/d) than for the first source area
(14 m3/d). In addition, the distal source area overlies a
low-permeability zone that directs groundwater flowpaths
laterally rather than vertically downward (Figure 3). This,
in turn, reduces the amount of recharge water entering
the anoxic part of the aquifer, which limits CE transfor-
mation. This is an illustration of how IS (Equation 1),
which includes hydrologic factors such as recharge rates
and locations of confining beds, can affect contaminant
behavior as much as biogeochemical factors. These model
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Figure 8. Simulated concentration changes of CEs arriving at the public supply well from a source area overlying the
predominantly anoxic portion of the flow system (Figure 3).

simulations also illustrate how IS varies depending on the
location of contaminant source areas.

The natural attenuation of CEs in groundwater
systems is the result of the sum of advective mixing,
hydrodynamic dispersion, sorption, and biodegradation
processes. The mass balance approach discussed in
this paper makes it possible to quantify the relative
effects of hydrodynamic and biodegradation processes.
For example, simulated PCE concentrations at the supply
well assuming zero percent bioavailable POC plateau at
about 80 μg/L for the proximal simulated contaminant
source area (Figure 5). Because the simulated source
area contributed 25 mg/L PCE, the combined effects of
strictly hydrodynamic and sorptive natural attenuation
lowered simulated concentrations by a factor of 0.32%.
When biological attenuation is added to the hydrodynamic
attenuation by assuming 0.15 fraction of bioavailable POC
(Figure 5), PCE concentrations plateau at 60 μg/L, or
an overall attenuation factor of 0.24%. Clearly in this
system, much of the overall simulated natural attenuation
results from advective mixing, hydrodynamic dispersion,
and sorption rather than biodegradation processes.

Conclusions
The mass balance modeling approach used in this

study makes it possible to illustrate the effects that
hydrodynamic and biodegradation processes have on the
vulnerability of a public supply well to CE contamina-
tion. The transport of contaminants to the supply well

is highly sensitive to the bioavailability of POC, AOC,
and DOC. Similarly, contaminant transport is also highly
sensitive to concentrations of DO entering the aquifer
with recharge. The modeling results are less sensitive to
concentrations of DOC entering the aquifer via recharge.
This probably reflects the sequestration of DOC by
adsorption processes that serves to buffer DOC concen-
trations within a relatively small range. Finally, while
biodegradation processes are often used synonymously
with the term “natural attenuation,” the mass balance
approach in this study suggests that hydrodynamic pro-
cesses such as advective mixing and dispersion account
for a much greater percentage of overall attenuation than
biodegradation processes in this aquifer system.
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